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Abstract

I examined the development of effects from an experimental rainbow trout farm on

sediment nutrients; metals; pore-water ammonia; sulfide; and zoobenthic density, richness,

and biomass across the spatial gradient in organic loading created with distance from the

farm. Pore-water total ammonia was the first variable to respond. Beneath the farm it

reached 481.6 times the concentration in reference sediment (77 mgl-') by September

2004. At this time sediment organic carbon, nitrogen, and phosphonts were 3.2,4.5, and

18.6 times the reference sediment concentration, respectively. Invertebrate density was

significantly reduced under the cage, reaching 442 individuals m-2 in October 2003 vs.

11089 individuals m-2 atreference stations. Thereafter, density remained below 600

individuals m-' . Taxarichness was also depressed, but biomass was variable. Variables

with the most potential for incorporation into monitoring schemes included total ammonia

and invertebrate density. The effects of farming were localized, extending only 5 m

beyond the cage edge.
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Chapter I: Aquaculture and the Receiving Environment

Context of the Industry

The State of Capture Fisheries

World capture fishery production has stagnated since peaking at approximately 90

million tonnes in the 1990s (FAO 2004). Approximately 70Yo of production is used as

food-fish for humans (Yan 2005). The human population relies on fish to meet

approximately 16% of its total protein needs (FAO 2004). With no expected increase in

capture f,rshery yield, we will need to rely increasingly on aquaculture to satisfy the fish-

based protein needs of our growing global population (Tidwell and Allan 2002).

Aquaculture : an Alternative

Aquaculture provides an alternative source of food-fish. In2004, Canadian

aquaculture generated $527 million, of which $455 million came from finf,tsh production

(StatsCan 2005). However, only approximately 4.9o/o of these revenues came from the

freshwater industry (StatsCan 2005). Freshwater aquaculture was a growth industry in

Canada during the 1980s and 1990s, but has been stagnant since (Walker et al. 2003), and

freshwater trout production has been in decline since 2002 (StatsCan 2005). The failure of

the industry to grow, despite demand for its product, is partially the result of a

precautionary regulatory and legislative environment (Gauthier et a\.2002). This has

largely resulted from an inadequate scientific understanding of freshwater aquaculture's

environmental impacts on receiving waters (Yan 2005).

Although the Canadian freshwater aquaculture industry is stagnant, globally,

freshwater fish farming is a growth sector (FAO 2004). Worldwide, freshwater aquaculture



production grew from 18.5 million tonnes in 1998 to 25.2 million tonnes in 2003 (FAO

2004). Unlike in Canada, where the marine finfish industry dominates, globally the

freshwater industry is dominant, producing 57 .7% of the total aquaculture yield, with

90.7% of this coming from the production of herbivorous or omnivorous filter-feeding

species (FAO 2004). Globally, aquaculture has grown at an average rate of 8.9%o annually

since 1970 (FAO 2004). Aquaculture production in China was largely responsible for this

increase, however excluding China, aquaculture production grew still by 5.4% annually

from 1990 to 2000 (FAO 2004). Over the same period, capture fisheries have grown only

LTo/o and terrestrial farmed meat-production only 2.8o/o pet annum (FAO 2004)'

Commercial food-fish aquaculture will continue to grow to keep pace with human protein

needs, and it may thereby significantly affect freshwater ecosystems around the world

(Kelly and Elberizon 2001).

History of Aquaculture

Aquaculture originated over 2000 years ago as a means of subsistence farming in

southeast Asia. The practice quickly spread from its Chinese roots to Cambodia and

Indonesia (Beveridge and Stewart 1998). Aquaculture has since developed into an

important commercial industry in this region, one that continues to grow and intensify

(Walker et at.2003). Chinese aquaculture alone contributes approximately 70o/o of the

world's freshwater aquaculture production (FAO 2004) and more than33o/o of the total

freshwater fishery production, capture and aquaculture combined (Guo and Li 2003).



Three Forms of Freshwater Aquaculture

There are three categories of freshwater fish farms: pond-based, land-based, and

cage-based farms. These three types have differing advantages and disadvantages, and

each type is better suited for rearing particular species of fish. They require different levels

of capital investment, technological expertise, and freshwater access. They also have

differing degrees of impact on the environment.

Pond Farming

Pond farming involves using an existing pond or digging an artifi,cial pond (Choo

2001). The closed nature of these systems results in low flow rates and the retention of

metabolic wastes. Pond-based aquaculture is not suitable for rearing salmonids, as

dissolved oxygen is depleted due to oxygen consumption from the decomposition of farm

waste and by respiration of the cultured fish (Jamu and Piedrahita 2001). Pond farming is

thus restricted to the production of herbivorous and omnivorous finfish including carps,

tilapia, and catfish (Choo 2001). Catfish farming dominates freshwater aquaculture in the

United States, with 280 000 metric tons of American catfish produced by approximately

1300 farmers, and sales yielding $700 million in the year 2000 (EIFAC 2001). Outside

North America, the low start-up cost of pond-based aquaculture has contributed to its

dominance in the tropics and sub-tropics (Beveridge and Phillips 1993;Lin and Yi 2003).

Land-based Farming

Land-based installations, conversely, are flow-through systems where fish are

reared in round or square tanks or in linear raceways. These tanks and raceways are similar

to artificial ponds, but require a continuous flow of water and are therefore usually situated



on land adjacent to a water source (Waller 2001). The abstracted water may flow directly

through the farm and back to the water source, or it may be re-circulated within the farm.

With continuous water flow through the tanks and raceways, there is little risk of oxygen

limitation, although farmers often supplement their tanks with liquid oxygen or mechanical

aeration (Loch et al. 1996). Because conditions such as temperature, photoperiod, and

water velocity can be controlled by the farmers, fish growth can be optimized (Waller

2001). Land-based facilities can therefore produce a greater diversity of species and can

supply the market even during the 'off-season' for pond- and cage-based facilities. A

major market for land-based aquaculture in North America is the production of salmonid

fingerlings to be grown-out in marine or freshwater cage farms (Waller 2001).

Both the recirculating and non-recirculating methods permit effluent treatment, and

therefore environmental impact mitigation is possible (Loch et ø1. 1996;}i4.ac}l4lllan et al.

2003). Non-recirculating farms can pose over-abstraction problems. For example,

Doughty and McPhail (1995) describe an occasion where over-abstraction left a 100 m

stretch of a farm's source stream completely dried. Recirculating farms are preferable

because they use less water (Lin et al.2005). The major disadvantage of land-based farms

is their comparatively high start-up and maintenance costs; the capital investment required

to make these systems profitable is prohibitive to many would-be farmers (Waller 2001).

Land-based facilities also require specialized technical knowledge for effective operation of

filtration systems, etc. (Waller 2001).

Cage Farming

Freshwater cage farming is an open-system where fish are reared in lakes and held

captive in a net pen or cage thatpermits the free flow of water. The cages may be fixed in

4



location by posts or may float secured to a buoyant collar (Beveridge and Stewart 1998).

Commonly, commercial cages rangein size from 100 to 300 ^' insurface area and each

farm may consist of multiple cage structures (Beveridge and Stewart 1998). Each cage can

contain 25,000 to 35,000 market size fish (Meeker 2005 pers. comm.). Cages require a

larger capital investment than pond-based facilities, though not so much as land-based

systems. Consequently, they are generally restricted to the production of higher value

piscivorous fish such as rainbow trout Oncorhynchus mykiss (Walbaum) (Kelly and

Elberizon 2001).

Although the free flow of water through the cage provides the advantage of

replenishing resources such as oxygen while carrying away wastes, it means that farm

waste is released directly into the open environment. Solid and soluble wastes produced by

these facilities are subsequently released untreated into the surrounding water body (IJC

1999). Unlike pond- and land-based aquaculture, feed that is not consumed immediately

will sink out of the reach of cultivated organisms, making these systems less efficient at

converting feed into yield (IOA 1990). Cage systems, therefore, have a greater capacity to

damage freshwater environments than pond- and land-based facilities.

Due to their potential environmental impact, cage farms require more intense

regulation and monitoring than other farming systems. As the lakes in which cages are

situated are usually communal property, they may be subject to the phenomenon known as

the "tragedy of the commons" with every farmer tryrng to maximize their usage of the

communal resource (Beveridge and Stewart 1998). Additionally, confrontations may arise

among stakeholders desiring to put the water body to competing uses, including sport

fishing, hydroelectric power generation, irrigation, recreation, nature conservation, and as a

drinking water source (Axler et al. 1996; Yokom et al. 1997; Axler et al. 1998; Westers



2000). A sound scientific understanding of the effects of cage farms on the receiving

environment is required to address such conflicts and for effective industry regulation.

Aquaculture in Canada

History

In Canada, freshwater aquaculture began in Quebec, where government-operated

salmonid farms were established in the 1850s for the purposes of fishery enhancement. By

1870 the practice was adopted in Ontario, and by I876 more than i4 million salmonid eggs

were being raised to restock sport fisheries (Cornel and Whoriskey 1993). In the 1940s,

Quebec againproved itself a leader in Canadian freshwater aquaculture with Canada's first

commercial facilities (Gauthier et al. 2002). By the 1960s, the practice of rearing trout for

sale was widespread across the country (Beveridge and Stewart 1998).

Canødiøn Freshwater Aquaculture Markets

Aquaculture today is used to meet a variety of objectives: harvest fishery

enhancement, propagation of rare or endangered species, and private commercial enterprise

targeting production for human consumption. ln Canada, commercial facilities producing

food dominate the industry. In2004,less than 0.6%by weight of Canada's total

aquaculture production went towards restocking (StatsCan 2005).

Freshwater aquaculture can produce baitfish, crayfish, eel, and plants, but the

Canadian industry is dominated by finfish production (IJC 1999). Trout production

dominates from Alberta to Quebec, although Arctic char Salvelinus alpinus (Linnaeus) and

various Oreochromis spp. are also important species (Swann 2005). ln Ontario, 42 species

of fish are sanctioned for production; however, 95% ol Ontario's aquaculture ouþut is O.



mykiss (StatsCan 2005). The use of other species is limited by economic viability,

technology, husbandry information, and domestication (IJC 1999).

In addition to producing fish for direct human consumption, freshwater aquaculture

supports the marine aquaculture industry. The majority of species reared in marine

environments, such as Atlantic salmon (Salmo salarLinnaeus, 1758) and steelhead trout

(anadromous O. mykiss), a¡e diadromous and must spend a portion of their juvenile stage,

usually 12-18 months, in freshwater (Gauthier et ø1.2002).

The Canadian commercial freshwater aquaculture industry is small relative to the

marine industry, but it is nonetheless significant. In 1999, the Canadian freshwater

aquaculture industry provided 1,300 full-time jobs, and approximately 70o/o of the 6,623

metric tons of freshwater f,rsh produced by the industry was sold for direct human

consumption (Gauthier et al.2002). The commercial food-fish industry is the largest

component of the aquaculture industry in Canada, and is therefore of most interest to

government regulators, scientists, and community groups.

The intensive, open-system, food-fish farms that are most common in temperate

regions have the greatest potential to affect the receiving environment. Although there are

currently more land-based facilities than there aÍe cage farms operating in Canada, cage

farming dominates in terms of biomass produced (Walker et a|.2003). It is also the

industry component with the most growth potential (Gauthier et al. 2002; Yan 2005). In

closed systems such as pond-based farms, wastes can be removed and recycled. ln land-

based, flow-through systems, wastes can be treated prior to effluent release. In open

systems such as cage farms, however, farm wastes enter the surrounding water body

directly where they can adversely affect the receiving environment (Elberizon and Kelly

1998; IJC 1999; Veenstra et al.2003). For regulators to set tenable and meaningful limits



on the industry, the impact of farm waste on the receiving environment must be understood

(Yan 2005). Intensive cage farms rearing food-fish are, therefore, the subject of

environmental concern and the focus of this thesis.

Environmental Impacts of Cage Aquaculture

The environmental impacts of cage aquaculture are primarily associated with the

release of waste products (IOA 1990; EIFAC 200I; Kelly and Elberizon 2001; Canoll et

aL.2003) and the accidental release of cultivated stock (Carss 1990; IOA 1990; Beveridge

et al. 1994). In Canada, cage aquaculture is limited to the production of species already

extant in the water body, thus impacts of escapees are not a primary concern. This

discussion will therefore be limited to a consideration of the impacts of waste release.

Aquaculture wastes can be defined as the materials used in farming that are not removed by

harvesting (Walker et aL.2003). This waste consists of soluble and solid components.

Soluble Waste

The soluble fraction of aquaculture waste includes materials that are excreted by the

fish, (e.g. urine), and compounds that are leached from the solid component of the waste as

it settles (IOA 1990). Soluble waste may also include chemical therapeutants used to treat

or prevent disease. The chemicals used to treat fish disease include antibiotics such as

oxytetracycline, which in Canada must be prescribed by a veterinarian. Such chemicals are

used only in the most intensive forms of aquaculture, and therefore generally only on

higher value piscivorous fish (Walker et al.2003). Farmers may also use non-prescription

treatments to eradicate fungal or bacterial infections (IOA 1990; Thorburn and Moccia

1993). Malachite green is used in pond-based aquaculture in the tropics but is not legal for



use in North America (FSNET 2005). Formaldehyde and quatemary ammonia compounds

such as chloramine T are legal treatment options in Canada (Thorburn and Moccia 1993).

In the early 1990s, preventative treatment with these chemicals was common. For

example, chloramine T and formalin were used at approximately 660/o and 53o/o of Ontario

trout farms, respectively (Thorburn and Moccia 1993). However, regular pro-active

treatments with therapeutants to maintain fish health are counterproductive as they have

been related to deformities, growth repression, and hatching delays in fish (IOA 1990).

Chemical therapeutants are now used only sparingly in Canadian freshwater aquaculture

(Scott 2004).

Many therapeutant chemicals are toxic to fish, macroinvertebrates, and

zooplankton; however, this subject has been little-studied, and there is no published

scientific evidence of toxic impacts from such treatments occurring at any distance from

cages or downstream of land-based effluent discharges (Yan 2005). More information is

required regarding the quantities of therapeutant chemicals used and their breakdown

pathways in the natural environment before any assessment of the risk to receiving waters

can be made.

Solid Waste

The solid fraction of aquaculture waste is composed mainly of faeces and uneaten

feed, but also includes fish scales, mucus, and material cleaned from farm nets (Elberizon

and Kelly 1998). Feed may go uneaten due to overfeeding, unpalatability, or because it has

crumbled to a size too small for the fish to consume (Ackefors and Enell 1994). The

proportion of feed lost to the environment is greater in cage systems than in ponds or tanks,

and is estimated to be approximately 5o/o in efficiently run modern farms (Bureau et al.



2003). Approximately 20o/o by weight of the feed ingested is voided as faeces (Chen et al.

1999; Bureau et a|.2003). Fecal matter originates largely from plant-derived starch and

fibre with relatively low digestibility (Cho and Bureau 2001). Stock development stage,

environmental conditions such as temperature, and management practices including feeding

time and feeding rate also influence the amount of feed that is ingested and digested

(Bureau et a\.2003). Waste loading therefore varies seasonally and diurnally (Gavine et al.

1995). In cage farms, the peak in solid waste loading tends to coincide with the heightened

feeding rates of late summer (IOA 1990).

Solid fish farm waste is rich in nutrients. Naylor et al. (T999) analysed the

chemical composition of solid waste collected from the settling zones at 12 Ontario O.

mykiss raceway farms. It was similar to other livestock manure, containing more

phosphorus than cattle manure, but less than poultry and swine manure. On average, the

manure consisted on a dry-weight basis of 2.83o/o nitrogen, 2.54% phosphorus,0.lo/o

potassium, 6.99% calcium, and0.53o/o magnesium (Naylor et al. 1999). The majority of

nutrients released by aquaculture facilities are associated with the solid fraction of farm

waste (Yokom et al. 1997; Temporetti and Pedrozo 2000; Lin et al.2002). The most

effective way to reduce nutrient inputs from farms, therefore, is to minimize the amount of

solid waste released.

Improvements in the digestibitity of fish feed are the most effective way to limit

solid waste emissions from fish farms (Cho and Bureau 1997). It has been shown that a

I0o/o increase in feed digestibility can lead to a 50Yo reduction in solid waste volume

(Rodrigues 1995). The effort to improve feed quality is driven by farmers'

acknowledgement that feeding their stock diets that are more palatable and digestible

reduces both economic losses and environmental impact (Cho and Bureau 200I; EIFAC

10



2001). The feed conversion ratio (FCR), the ratio of feed provided to the wet-weight of

fish produced, is one way the industry measures a farm's efficiency in converting fish feed

to fish (Cheng et a|.2003). Commercial pellet feeds contain from 5 to I0%o water content

(Bureau et a\.2003). Variation in FCR is the dominant single factor responsible for

variation in nutrient loading rates between farms (Foy and Rosell 199lb; Cho and Bureau

2001; Tacon and Forster 2003). It is critical to consider FCR when comparing different

farms and their relative impacts on receiving waters. Improvements in feed quality over

the past two decades have reduced aveÍage FCRs from2.5:1 to approximately 1.0:1 among

efficiently run farms (Gavine et al. 1995;' Cheng et al. 2003). The FCR can be 1 .0: 1 as fish

have higher water content than the feed they are fed. Care must therefore be taken in

applying the results of past studies to modern farms. Unfortunately, in the published

literature many researchers do not report the FCR of their study farms.

Preventing the solid component of aquaculture waste from entering receiving waters

in the first place would eliminate its physical, chemical, and biological impacts on the

benthic environment. This is more easily accomplished in closed and flow-through

systems that produce isolated effluent than in open systems, where wastes directly enter the

surrounding environment (Ackefors and Enell 1994). Sediment settling ponds have proven

to reduce suspended solids in fish farm effluent (Selong and Helfrich 1998), and micro-

filters with 60 - 100 pm mesh size can be installed at discharge points to help reduce waste

loading from pond- and tank-based farms (EIFAC 2001). Also, constructed wetlands have

proven an inexpensive and effective means of removing phosphorus, ammonia, nitrate,

suspended solids, and algae from farm effluent and reducing its biological and chemical

oxygen demand (Comeau et al.2001;Lin et a|.2002;Lin et aL.2005). Technology to trap

solid waste released by cage farms is being developed; however, thus far techniques have
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proven to be expensive and generally ineffective, collecting less than 20o/o of the settling

waste (Kelly et al. 1984; Behmer et al. 1993; Angel et a\.2002; OSAWG 2003).

The solid fraction of aquaculture waste from cage farms cannot effectively be

removed or treated. Untreated solid waste will therefore settle out of the water column and

accumulate in the sediment beneath aquaculture cages. There it will physically and

chemically alter the benthic environment. This, in turn, will affect the benthic invertebrate

community. The solid fraction of cage aquaculture waste will thereby have the most direct

impact on the benthic environment and its invertebrate community, and will therefore be

the focus of fuither discussion.

Effects on Sediment Chemistry

Sediment Nutrients

In cage farms, nutrients in fish feed that are not assimilated by the fish are released

into the environment. These include organic carbon, nitrogen, and phosphorus. Foy and

Rosell (199lb) measured the total phosphorus (TP) and total nitrogen (TN) loading from a

land-based O. mykiss farm in Northern lreland, and found that the measured loading rates

closely agreed with predicted rates derived by the difference between nutrients added to the

system in the feed and those retained by the fish (the mass-balance approach). They found

that 97 .60/o of the predicted TP load and 112.60/o of predicted TN load were accounted for

in the farm's effluent (Foy and Rosell 1991b). Ackefors and Enell (1994) estimated thatl

to 66Yo of the carbon in fish feed added to a lake ends up in the sediment as organic matter.

Recently, Bureau et al. (2003) estimated that at commercial cage farms operating in

Ontario the production of one metric ton of salmonids releases 240-318 kg of solid waste,

7.5-l5.2kgofTP, and47-71kgof TN. Asthemajorityofnutrientsinfarmwasteare
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bound to the solid phase, they will settle out of the water column and accumulate in the

sediment (Yokom et al. 1997; Temporetti and Pedrozo 2000; Lin et ø1.2002).

The accumulation of nutrient-rich farm waste in lake sediment increases sediment

carbon, nitrogen, and phosphorus content. There may be significant increases in total and

available phosphorus (Cornel and Whoriskey 1993; Troell and Berg 1997;Diaz et al.

200I), total and dissolved inorganic nitrogen (Troell and Berg 1997;Diaz et al.200I), and

total organic carbon (Axler et al. 1996; Troell and Berg 1997) relative to reference

sediment from unaffected lakes or distant sampling stations. The size of the area affected

varies among studies, but is generally limited. Such increases in sediment total organic

carbon (TOC), TN, and TP in the vicinity of cage farms might affect lake trophic status.

Eutrophication

It is generally accepted that phosphorus is the nutrient most commonly limiting

algal growth in the majority of freshwater lakes (Schindler 1978). If the concentration of

available phosphorus in the photic zone increases, phytoplankton biomass may also

increase (Wetzel 2001). Guo and Li (2003) observed a linear relationship between

phytoplankton biomass and proximity to a Çage farm in Lake Niushanghu, China, andDiaz

et al. (200T) observed a shift in the algal community typical of water bodies undergoing

cultural eutrophication in the vicinity of a farm in the Alicura Reservoir, Argentina.

Phosphorus additions that promote algal growth lead to increased turbidity (Chambers

2001). As algal blooms die and settle to the sediment, they are decomposed by processes

that consume oxygen, leading to hypolimnetic oxygen depletion (Wetzel2001). Direct

additions of organic matter as farm waste will also increase the sediment's chemical and

biological oxygen demand (COD and BOD) (Schlesinger 1997).
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Eutrophication will affect the entire lake ecosystem, including the zoobenthos.

There is a link between benthic community structure, zoobenthic productivity, and trophic

status, including related characteristics such as chlorophyll a concentration, TP

concentration, and lake transparency (Hanson and Peters 1984; Rasmussen 1988; Johnson

and'Wiederholm 1989; Brooks et aL.2001). Reductions in hypolimnetic oxygen and shifts

in dominance of the phloplankton community can result in habitat loss for

macroinvertebrate species (Nebeker L972;Bergheim and Sivertsen 1981; Hamburger et al.

2000), and can alter food availability for the zoobenthos (Peeters et aL.2004;Yos et al.

2004). Such changes may cause a shift from a pollution-sensitive to a pollution-tolerant

macroinvertebrate community (Walker et a|.2003). Changes in lake trophic status

resulting from aquaculture are therefore a major concem of the aquaculture industry and

govemment regulators.

Previous authors have noted that despite substantial nutrient loading from

aquaculture, few lakes have experienced elevated nutrient concentrations in the photic zone

(Cornel and Whoriskey 1993; Doughty and McPhail 1995; Håkanson et al. 1998;Diaz et

al.200l;Kelly and Elberizon 2001; Thorburn et a\.2004). Algae are capable of

incorporating exogenous phosphorus only if it is available in the photic zone where

sufficient light penetrates to permit photosynthesis. Schindler et a/. (1980) reported that

eutrophication was forestalled when nutrients were injected into the hypolimnion of a

dimictic lake rather than the epilimnion. Experimental nutrient additions to the

hypolimnion of Lake 302 at the Experimental Lakes Area in northwestern Ontario yielded

only 10-21o/o of the phytoplankton production of a nearby lake fertilized at the surface.

They surmised this was because phosphorus in the hypolimnion was unavailable to pelagic

algae because much of it was permanently sequestered by burial and mineralization or by
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binding to colloidal matter in the sediment (Schindler et al. 1980). Håkanson et al. (1998)

found that sedimentation and burial of particulate phosphorus from aquaculture was

important in reducing the amount of phosphorus available to algae in two small Swedish

lakes with O. mykiss farms producing > I metric ton annually. However, this phosphorus

may not be permanently retained in the sediment.

There is a risk that TP may be only temporarily sequestered in the sediment before

being released into the water column via intemal loading. Temporetti and Pedrozo (2000)

examined the release of TP from sediments in two Argentinian lakes affected by salmonid

cage culture, Lago Moreno and the Alicura Reservoir. They noted that although66% of

the TP in fish feed accumulated in the sediment, much of it was later released. They found

that solubility and transport of TP from the sediment exceeded fixation and led to internal

phosphorus loading in both lakes. Release rates were highly variable between farms and

between measurement techniques, but were consistently higher under anoxic conditions

than under aerobic ones. In mictic lakes, TP released into hypolimnetic water during

stratification would be dispersed throughout the lake during mixis. Eutrophication could

therefore become a problem in small dimictic lakes with low flow rates where oxygen

consumption in the hypolimnion could lead to anaerobic conditions and, thus, higher

solubility of sediment-associated phosphorus. Intemal loading is less likely to occur in

larger lakes with higher assimilative capacities and flow rates where waste is dispersed

over a larger area and where anoxia is less likely (Yan 2005).

The volume and composition of effluent is highly variable, depending on farm size,

feeding rate, type of feed used, stocked species, FCR, and many other factors (Foy and

Rosell 1991b; Ackefors and Enell 1994; Gavine et al. i995; Cho and Bureau 1998; Green

et at.2002). The assimilative capacity of the surrounding water body and the magnitude of
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waste loading relative to that capacity are critical factors in determining whether

eutrophication is a risk. For example, researchers studying small lakes or enclosed bays

often report changes associated with eutrophication (Penczak et al. T982; Axler et al. 1996;

Clerk et a\.2004), but no evidence of eutrophication has been found in studies from large

lakes (Veenstra et al. 2003; Thorbum et al. 2004). Thorbum et al. (2004) found that cage

O. mykiss farms in Lake Huron in the Fisher Harbour and Easter Island regions, which have

relatively high current velocity exhibited fewer s5rmptoms of cultural eutrophication than a

farm in the more enclosed LaCloche Channel. Lake size relative to farm production is also

important. Doughty and McPhail (1995) monitored nine Scottish lochs with cage farms

and found relatively low mean TP levels in all except Loch Fad. Loch Fad is only 3 740

000 m3 in volume, and the farm was producing 300 metric tons of O. mykiss a year. ln

1990, the mean loch TP concentration in the water column was 2I3 pg L-l, as compared to

13 pg L-rin Loch Awe South, where O, mykiss production was also 300 metric tons, but

where the loch volume was 1 230 000 000 m3, or compared to 14 pgL-lin Loch Ardnahoe

which was 2 270 OOO *3 itr volume but where farming produced only 10 metric tons of ,S.

salar. Although large lakes with high flow rates are less likely to suffer cultural

eutrophication, they may exhibitlocalized signs of eutrophication including elevated

nutrients, increased phytoplankton biomass, and reduced oxygen levels within 25-50 m of

farm cages (Guo and Li2003; Veenstra et a\.2003).

Overall, it is agreed that proper siting (with appropriate farm size restrictions for

small lakes) is the best method of minimizing the risk of eutrophication from intensive

aquaculture (Yan 2005). Unfortunately, the factors determining a water body's

assimilative capacity for fish farm waste are poorly understood. This is particularly true in

larger lakes receiving nutrient inputs from a variety of sources. Further research is required

t6



to enable the development of widely accepted and reliable siting criteria for the Canadian

industry. Studying the factors affecting assimilative capacity in smaller lakes in the absence

of confounding nutrient inputs from non-aquaculture activities may help identify criteria

for appropriate farm siting in larger lakes.

Heavy Metals

Heavy metals are persistent in the environment and can be toxic to exposed

organisms (Birge et al. 1987). The two heavy metals that have been associated with

aquaculture facilities are zinc (Zn) and copper (Cu) (Parker and Aube 2002; Brooks and

Mahnken 2003). Zinc is a common feed supplement and could reach the sediment

underlying cage farms by the same route as nutrients, i.e., bound to the solid settleable

fraction of farm waste (Parker and Aube 2002). Naylor et al. (1999) found that the mean

concentrati on of Zn in manure from 12 commercial O. mykiss farms in Ontario was 604.9

pg g-t dry-weight. This exceeds the federal probable effects level (PEL) for Zn of 315 pg

g-l dry-weight, and could therefore provoke a toxic response in benthic inverlebrates

exposed to manure. Where flow rates are low, farm waste tends to accumulate on the

sediment surface to form alayer, making it possible that benthic invertebrates would be

exposed to pure fish manure.

Naylor et al. (1999) reported that the concentration of Cu ín O. mykiss faeces was

only 33.4 pg g-r dry-weight. This is far below the I97 pg Cu g-1 dry-weight federal PEL;

however, concentrations exceeding this guideline have been found in sediments exposed to

aquaculture waste (Han et al.200I). An additional source of copper to sediments is the

anti-fouling coatings applied to net pens to reduce periphyton growth (Brooks and

Mahnken 2003). The use of anti-fouling net coatings is unnecessary in freshwater
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environments as nuisance algal growth is far less problematic than in marine systems

(Meeker 2005 pers. comm.), and as a result such coatings are not widely used. Despite the

low probability of Cu accumulation in freshwater sediments, sediment copper is included in

Ontario's aquaculture monitoring program (Thorburn et al.2004).

Government regulators have developed maximum permissible levels for Cu andZn

in freshwater sediments to protect aquatic fauna. Generally, regulatory bodies establish a

minimum of two empirically derived thresholds. The first threshold is the level of a

toxicant considered safe for all exposed taxa in all their aquatic life stages: for example, the

Ontario Lowest Effects Level (LEL) thresholds and the Canadian Sediment Quality

Guidelines (SQG). The second threshold is set at the level where adverse toxic effects are

expected for most taxa under most conditions or a concentration at which the majority of

taxa would be eliminated. Examples of this type of threshold are the Ontario Severe

Effects Levels (SEL) and the Canadian Probable Effects Levels (PEL). 'When heavy metal

concentrations in sediment exceed these levels, regulators expect that most benthic

invertebrates would exhibit a toxic response (CCME 1995; Jaagumagi and Persaud 1999).

The toxicity of accumulated Zn and Cu will depend on their concentration in the

sediment and their geochemical speciation (Luoma 1995). Geochemical speciation will

determine the free ion concentration of these metals, and their toxicity to invertebrates is a

function of their free ion concentration (Simkiss and Taylor 1995). Free ion concentration

will also be affected by numerous factors including the presence of ligands (Campbell

1995). The organic matter in farm waste will act as a ligand, but the degree to which it will

complex with dissolvedZn and Cu to reduce the free ion concentration in farm waste is

unknown. Bioassays are required to assess the availability of metals in farm waste to

invertebrates and at what levels toxic responses could be anticipated. This research is
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necessary as metals deposited with farm waste may have long residence times, and might

pose toxicityproblems long after farming operations cease (Birge et al. 1987).

Effects on'Water Column and Pore-'Water Chemistry

The Importance of Pore-ll'ater

It is far more common in the aquaculture literature for researchers to report water

column chemistry than pore-water chemistry (e.g. Doughty and McPhall 1995; Axler et al.

1998; Guo and Li2003; Veenstra et al.2003). The majority of nutrients are bound to the

solid fraction of farm waste (Yokom et al. I997;Lin et al. 2002) and this fraction will

settle to the sediment (Elberizon and Kelly 1998). Pore-water is the water filling interstitial

spaces in the sediment. Although changes in water column chemistry, particularly in the

epilimnion, will affect the larger lake ecosystem, the effect of solid farm waste on the water

column is indirect and impacts on pore-water chemistry in sediment receiving settling farm

waste will likely be more immediate and more pronounced. Salmonid fecal waste particles

have an averagesettling velocity of 0.015 to 0.030 ffi s-I, depending on their size and shape

(Elberizon and Kelly 1998). It would therefore take approximately 11 minutes for freshly

excreted fecal waste to settle out of a 15 m deep water column, during which time nutrients

associated with solid farm waste could be leached into the pelagic zone. Garçia-Ruiz and

Hatl (1996) estimate it would take five hours to leach 40o/o of the TP from fish faeces. It is

therefore evident that little of the nutrients released by cage fish farms reach the pelagic

zone directly, as the majority of leaching occurs after the waste has settled to the sediment

(Garcia-Ruiz andljrall1996; Yokom et al. 1997; Chen et al. 1999; Naylor et al. 1999;Diaz

et al.200I).
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Pore-water chemistry will also be more predictive of effects on the zoobenthos as

infauna and epifauna are directly exposed to pore-water but not necessarily to the water

column, and solutes such as ammonia and sulfide are usually more concentrated in pore-

water (Frazier et al. 1996; Whiteman et al. 1996; Phillips et al. 1997). Unfortunately, no

one has examined the spatial extent of a cage farm's impact on pore-water chemistry.

Observed effects on water column chemistry provide insight to the changes that might be

expected in pore-water exposed to aquaculture waste; however, the effects would likely be

amplified in pore-water (Phillips et al. 1997).

Dissolved Oxygen

The major consequence of increased sediment organic carbon concentration is the

resultant increase in biological and chemical oxygen demand when oxygen is consumed in

the mineralization of carbon to release energy (Bergheim and Sivertsen 1981; Schlesinger

1997). In lakes, flow rates are typically low, particularly in the profundal zone where farm

wastes will accumulate (Elberizon and Kelly 1998). As a result, Fickian diffusion is the

main method of oxygen delivery to the sediments. This process is relatively inefficient; in

water, oxygen diffuses 104 times more slowly than in air (Schlesinger 1997), making

diffusion rate the limiting factor in oxygen supply (Borsuk et al.200I). If the oxygen

demand exceeds the oxygen supply, the dissolved oxygen concentration around the waste is

depleted and aerobic decomposition of the organic carbon is replaced by anaerobic

decomposition (Borsuk et al. 2001).

Fish farm effluent has a high biological oxygen demand (BOD). Loch et al. (1996)

reported the five-day BOD of effluent from three land-based O. mykiss farms in North

Carolina as ranging from 3.5 to 4.9 mg L-r. Kirkagac et al. (2004) reported BOD values
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from the outlets of five Turkish O. mykiss land-based farms averaging approximately 2.5

mg L-I. The difference between these two is due to variability in water content. The BOD

of cage-based farm waste could be expected to be in a similar raîge.

If fish farm effluent has a high BOD, one would expect the sediment underlying

cage farms to have elevated oxygen consumption rates and the literature supports this

expectation. Troell and Berg (1997) found that sediment beneath a Tiløpia cage farm in

Lake Karib a, Zimbabwe consume d 30-40% more oxygen than sediments at control sites

(305 mg 02 day-r vs. approximately 200 mg 02 day-t ,respectively). Although temperatures

of 26-27oC in the profundal zone of atropical lake would accelerate microbial

decomposition of organic matter, the trend is repeated in temperate lakes. Axler et al.

(1998) found that waste loading from cage aquaculture was sufficient to produce hypoxia

of the entire water column in two mine pit lakes in Minnesota in the absence of mechanical

aeration. More commonly, however, only the hypolimnion in the vicinity of the farm is

affected (Dobrowolski 1987; Veenstra et al. 2003), and in many studies at farms situated in

large lakes with high flow rates, no one has detected no oxygen depletion (Doughty and

McPhail 1995; Walker et al.2003). Unfortunately there is a dearth of studies on the effects

of aquaculture waste on pore-water dissolved oxygen concentrations, where such

reductions are likely to be more marked. While a reduction in pore-water oxygen

concentrations is unlikely to affect wild fish populations directly, it may have a significant

influence on the benthic invertebrate community.

Dissolved oxygen concentrations may be reduced to levels low enough to impede

benthic invertebrate respiration and elicit community-scale changes. Various invertebrate

species have different oxygen requirements. For example, adult male isopod Asellus

aquaticus (Linnaeus) are relatively tolerant of low oxygen levels, with a 24 ht LCso value
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of 0.32mg Oz L-l, whereas adult male amphipod Gammarus pulex (Linnaeus) will

experience 50o/o mortality after 24 hrs at dissolved oxygen concentrations of 1 .63 mg Oz L-l

(Maltby 1995). At coarser taxonomic scales the variance in oxygen requirements is even

greater. Chironomids with haemoglobin-like respiratory pigments are capable of

maintaining aerobic metabolism at levels as low as2mgOzL-t and oligochaetes of the

Tubif,rcidae family to levels as low as 1 mg Oz L-r (Hamburger et a\.2000). These taxa

also store glycogen which they ferment to ethanol to provide energy during periods of

anoxia (Scholz andZerbst-Boroffka 1998; Hamburger et a\.2000), permitting them to

survive for months at oxygen levels as low as 0.2 mE Oz L-l (Hamburger et at. 2000). In

contrast, the ephemeropteran Ephemerella subvaria McDunnough has a96h LCso of 3.9

mg Oz L-r and will be eliminated relatively quickly if oxygen availability is reduced

(Nebeker 1972). Community changes could be predicted to occur in areas exposed to

aquaculture waste, whereby taxa tolerant of oxygen deficiencies, such as the members of

the midge tribe Chironomini, replace more sensitive taxa.

Evidence of such community changes in response to reduced dissolved oxygen in

the vicinity of cage farms in low-flow or shallow areas was found by Dobrowolski (1987),

Doughty and McPhail (1995), Guo and Li (2003), and Clerk et al. (2004). These changes

included an increase in abundance of Tubifîcidae and Chironomini larvae and reduced

abundance of midge larvae of the tribe Tanytarsini. Aquaculture cages are generally

situated over the profundal zone, where more sensitive taxa such as Ephemeroptera are

typically absent from the invertebrate community. In cases where cages are situated over

the littoral zone (< 3 m depth) a reduction in these taxa relative to reference areas has been

observed (Dobrowolski 1987; Guo and Li 2003).

22



Oxygen depletion may have other chemical consequences. Oxygen reductions in

the hypolimnion may increase phosphorus release, contributing to internal loading (Dorin-

Sorin 1993; Temporetti and Pedrozo 2000). However, few changes to water column TP

have been observed at well-situated farms and severe oxygen depletion in the water column

is rarely reported. Development of anoxia is more likely to occur within the sediments in

response to organic matter loading. The breakdown of organic matter under anoxic

conditions may lead to the build up of toxic break-down products such as ammonia and

sulfide (McCahon et al. T99l; Schlesinger 1997).

Pore-lV'ater Ammonia

Ammonia is produced by ammonification (the hydrolysis of proteins and the

oxidation of amino acids) and tends to accumulate where organic wastes accumulate

(McCahon et al. I99I; Hickey et al. 1999). Ammonia exists in two chemical species: a

relatively non-toxic ionized (NH4*) and atoxic unionized form (NrI{3). The NHa*: NH3

ratio in freshwater is regulated primarily by temperature and pH, with the unionized form

dominating at high pHs (Emerson et al. 1975).

Total ammonia concentrations are commonly elevated in lakes with fish farms.

Veenstra et al. (2003) found an insignificant trend whereby total ammonia concentration

was higher in the bottom waters beneath an lctalurus punctatus (Rafinesque) cage farm in

Lake Texoma, Texas than either up- or down-current of the farm. Axler et al. (1996) found

that two mine pit lakes with fish farms had significantly higher mean water column NHa*

levels than two reference mine pit lakes without aquaculture: 0.500 mg NHa* L-l vs. 0.010

mg NHa* L-l, from which one might assume they also had higher NH3 levels. Troell and

Berg (1997) measured pore-water concentrations at a Tilapia cage farm in Lake Kariba,
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Zimbabwe. They reported significantly higher total ammonia concentrations in sediment

pore-water beneath cages than at associated reference sites, with values ranging from 0.69

to 4.750 mg L-l compared to 0.303 to 1.409 mg L-l at cage and reference sites, respectively

(Troell and Berg 1997). Troell and Berg's (1997) results are of questionable applicability

to temperate dimictic lakes because they studied a monomictic man-made tropical lake;

however, the results from Texas and Minnesota are likely applicable to the Canadian

experience.

Unfortunately, total ammonia is usually reported without pH or temperature

measurements, making it difficult to assess potential toxicity (Troell and Berg 1997:

Veenstra et al.2003). Fries and Bowles (2002) examined the toxic unionized fraction of

ammonia. They noted that water column unionized ammonia concentration at the effluent

outfall of a land-based farm in the San Marcos River, Texas reached a maximum of 0.57

mg L-r, as compared to 0.01 mg!-1 upstream of the outlet and at both the 60 m and 175 m

downstream sites (Fries and Bowles2002). In a stratified lake bottom, flow rates would be

much lower than in the San Marcos River. There would therefore be less flushing, and

0.57 mg L-l might be considered a conservative estimate of the concentration of unionized

ammonia expected in the pore-water of sediment underlying cages where farm waste has

accumulated.

Unionized ammonia is toxic to invertebrates and its accumulation in pore-water

could therefore affect the zoobenthos. The US Environmental Protection Agency reported

that 0.3 mg NH3 L-1 was the maximum permissible concentration before the survival of

aquatic organisms was jeopardized(Monda et al. 1995);however, significant growth

reductions are likely to result in most aquatic animals exposed to 0.05 mg NH3 L-t lFries

and Bowles2002). The Canadian Environmental Quality Guideline for unionized
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ammonia in freshwater is less than half of this value, 0.019 mgL't,presumably to provide a

large safety margin. Measured acute toxicity concentrations for most taxa are at least an

order of magnitude higher than this. For example, of the nine New Zealand freshwater

invertebrates studied by Hickey and Vickers (1994), the crustac ean Paracalliope fluviatilis

(Thompson) was most sensitive to unionized ammonia with a 48 hr LCs¡ of 0.18 mg L-1.

Chronic toxicity issues affecting long term survival, reproduction, or development will

occur at lower NH3 levels, but these types of effects are significantly less well studied

(McCahon et al. l99l; Kuhn et aL.2000). Ephemeropterans of the genus Deleatidiuffi sp.,

for example, have a29 day LCso of 0.1 45 mgNH3 L-r (Hickey et al. 1999). Their 96 hr

LCso, however, was 0.45 mg NH3 L-l lHickey and Vickers 1994), or 3.1 fold higher. As

with oxygen requirements, different taxa will be differentially sensitive to unionized

ammonia. Unionized ammonia build-up in the vicinity of fish farms could therefore also

provoke community scale changes.

Sulfide

In marine systems, pore-water sulfide measurement has been suggested as a primary

indicator for aquaculture effects monitoring programs (Wildish et al. 1999), as sulfate will

be reduced to sulfide if oxygen is depleted sufficiently (Schlesinger T997). As with

ammonia, sulfide is mainly present in two forms: HzS and HS-. It is the unionized form

that is toxic, and it dominates at high pHs (V/ang and Chapman 1999). Unfortunately, it is

difficult to maintain constant sulfide concentrations in the presence of sediment, and

therefore sulfide toxicity to benthic invertebrates is relatively poorly understood. The 96 h

LC56 of total sulfide atpH7.5 has been found to range from 0.059 mg L-l for Gammarus

spp. to 1.07 mgl-l for Asellus spp. (Wang and Chapm an 1999). ln Miruresota, Axler et al.
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(1998) observed H2S production in the Twin City South mine pit lake during recovery after

the cessation of cage farming. Sulfide measurement may therefore prove to be a useful

monitoring tool in freshwater systems as well. Unfortunately, no one has examined the

sulfide concentration in the water column or the pore-water from beneath or adjacent to

freshwater cage farms.

Sulfide production is of additional interest as the precipitation of iron with sulhde

can pernanently reduce the phosphorus binding capacity of the sediment. If Fe is

available, sulfide will complex with it to produce FeS or FeS2, depending on the oxidation

state of the Fe (Schlesinger 1997). FeS and FeSz are relatively stable compounds.

Consequently, complexation with sulfide permanently removes Fe, preventing it from

complexing with phosphorus to retain it in the sediment where it is unavailable to algae

(Wetzel2001). The generation of large quantities of sulfide could thereby accelerate

eutrophication.

Effects on the Zoobenthos

Organic input to the sediment produces a series of changes in chemical and physical

parameters that can result in changes in zoobenthic community composition, diversity, and

density (Hutchinso n 1957 ; Pearson and Rosenb erg I97 8; Carroll et al. 2003). Ammonia

and dissolved oxygen concentrations have been identified as the most sensitive chemical

indicators of organic enrichment in freshwater systems, but biological impacts will often be

identified at a greater distance from the point source of organic enrichment than these

chemical parameters would indicate (Weston 1990; Petridis 1993; Maltby 1995; Fries and

Bowles 2002; Carroll et al.2OO3). This is possibly because the biological community
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metrics used register an integration of enrichment effects over a longer time scale than the

snapshot obtained by chemical sampling (Weston 1990).

Researchers have conducted very few studies addressing the effects ofaquaculture

waste on the freshwater zoobenthos, but the effects of organic enrichment in general are

well studied. ln Pearson and Rosenberg's (1978) seminal review of benthic invertebrate

responses to organic enrichment in marine systems, they developed a model that predicted

community response along spatial and temporal gradients in organic enrichment. Their

model was based on empirical evidence gathered from around the globe. It yields three

major predictions regarding zoobenthic macroinvertebrate abundance, diversity, and

biomass along an organic enrichment gradient (Figure 1.1).

Prediction I : Abundance

Pearson and Rosenberg's (1978) first prediction is that along a gradient in

increasing organic enrichment, invertebrate abundance will increase to a maximum before

abruptly declining to zero (afaunal conditions) (Figure 1.1). This maximum will be the

result of a peak in the abundance of opportunistic species that are tolerant of organic

pollution. The abrupt decline in abundance that follows this peak occurs as oxygen

concentrations decline below levels that pollution-tolerant species can withstand. It is

important to note that Pearson and Rosenberg are not referring to enrichment opportunists;

taxathat are the initial colonizers only in organically rich areas. In the marine

environment, this group includes the polychaete Capitella c.f. capitata (Fabricius). In

freshwater systems, tubificids such as Tubifex tubifex (Mueller) or Limnodrilus hoffmeisteri

Claparede and chironomids, especially Chironomini, ate likely candidates.
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Prediction 2 : Diversity

The second of Pearson and Rosenberg's (1978) predictions is that species richness

will also exhibit a peak along a gradient in organic enrichment, but that this maximum

would be situated earlier along the gradient than the predicted peak in abundance of

enrichment opportunists (Figure 1.1). This peak in species richness is predicted to occur at

the ecotone point; i.e.,the region of the organic gradient at which the invertebrate

community transitions from the background or non-polluted community to the pollution-

tolerant community, and thus members of both communities are present. Species richness

will decline in the region of the enrichment gradient where a few, very abundant

opportunistic species dominate the community. If total abundance declines to zero as

oxygen levels continue to be depleted, so would diversity. Diversity indices, such as

Shannon-Weiner diversity (H), are predicted to show a similar pattem along an enrichment

gradient: a gradual increase to a small maximum at the ecotone point and a decline

thereafter to an afaunal state.

Prediction 3: Biomass

Pearson and Rosenberg's (1978) third prediction is that total biomass will exhibit

two maxima along a gradient in organic enrichment (Figure 1.1). The first will occur in the

same region as the peak in species richness, and will result from the stimulatory effects of

low levels of organic enrichment, improving food quality and quantity for invertebrates. ln

other words, individuals of particular species would grow larger in the area exposed to

enrichment than their counterparts in areas not exposed to enrichment. The second peak
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will occur in the same region as the peak in opportunistic species abundance, and will result

from the extremely high density of opportunists.

Evidencefor Pearson and Rosenberg Predictions: Marine Case Studies

Weston (1990) found partial support for Pearson and Rosenberg's (1978)

predictions when he applied them to the spatial organic enrichment gradient found with

increasing distance from a marine cage farm located in Puget Sound, Washington. He

examined five stations: one at the cage edge, and others at 45 m,90 m, 150 m, and 450 m

from the cage edge. Unfortunately, he did not establish a remote control station as a

reference.

Weston (1990) observed an exponential increase in the abundance of opportunists

with increasing proximity to his study farm; however, he did not observe the decline in

density predicted by Pearson and Rosenberg (1978) at the upper end of organic loading.

This is likely because Weston (1990) did not see the entire gradient they described;

conditions never deteriorated to levels below the thresholds critical to enrichment

opportunists.

Weston (1990) did observe that species richness decreased with proximity to the

cage, decreasing from 109 species at 450 m from the cage edge to nine species at the cage

edge, but he did not observe the predicted peak. Again, this could be because he did not

observe the entire enrichment gradient described by Pearson and Rosenberg (1978).

Weston (1990) had only five stations, and at the lower end of the organic enrichment

gradient the stations were spaced large distances aparl (from 150 to 450 m). His sampling

was likely too sparse to detect peaks, if they existed. A significant difference in species

richness was observed between these two furthest stations, but there is no evidence that
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stable background conditions were met at the 450 m station. Consequently, it is certain that

species richness was affected by the cage farm to a minimum of 150 m away from the farm,

but it may have been affected beyond 450 m from the farm edge. It is therefore impossible

to discern whether the ecotone point was missed by Weston's (1990) sampling strategy or

whether this study's results are in contradiction of Pearson and Rosenberg's (i978)

predictions.

Weston (1990) did not observe the predicted maxima in total biomass, but he found

that mean species' size was inversely correlated with proximity to the farm, whereas mean

individual biomass within a taxon was directly correlated with proximity to the farm. In

other words, at higher levels of organic pollution, smaller-bodied species dominated the

community, but individuals of a particular species grew larger when exposed to organic

enrichment. This supports the theory that aquaculture waste has a stimulatory effect on

benthic invertebrates, suggesting one of the peaks in total biomass predicted by Pearson

and Rosenberg (1978) was present but was missed by Weston's (1990) sampling design.

The response of mean species' size was largely controlled by the presence of a few large-

bodied species found only at the furthest stations from the farm, and the metric is therefore

subject to the methodological problems associated with sampling rare species in a

heterogeneous environment. It is unclear what mechanism is driving the exclusion of

large-bodied species from regions of higher organic enrichment.

Weston (1990) did not sample a complete gradient in organic enrichment from

background levels to afaunal conditions, and his sampling design consisted of too few

stations spaced too far apart to detect the curved relationships predicted by Pearson and

Rosenberg's (1978) model. The localized nature of farm waste deposition does not create a

smooth spatial gradient in organic enrichment (Canoll et al.2003), thus Pearson and
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Rosenberg's (1978) model might have been better applied temporally since farm operation

began or ceased. The development of farm waste deposits over time may provide a gentler

gradient along which the predictions could be tested. However incomplete, Weston's

results appear to support the application of Pearson and Rosenberg's (1978) predictions

regarding the response of abundance, diversity, and biomass of the marine benthos exposed

to aquaculture waste.

Evidencefor Pearson and Rosenberg Predictions: Freshwater Case Studies

Freshwater lakes differ chemically and physically from the marine environment.

For example, they have much lower flow rates, and accordingly, settleable organic waste

from point sources will be deposited more locally in freshwater than in marine systems

(Elberizon and Kelly 1998). Therefore, the spatial gradient in organic enrichment will be

even steeper in freshwater lakes than observed by'Weston (1990). The sharp delineation

between the region in the vicinity of a cage farm that is affected by farm waste deposition

and the adjacent region that is not exposed to farm waste is supported in the literature

(Enell and Lof 1983; Dobrowolski 1987; Comel and'Whoriskey 1993; Doughty and

McPhail 1995; Elberizon and Kelly 1998;Diaz er al.2001; Guo and Li 2003).

Application'of the Pearson and Rosenberg (1978) model to organic enrichment

gradients in freshwater has yet to be explicitly tested. However, data from freshwater case

studies of benthic invertebrate response to organic enrichment published in the literature

can be examined to determine whether there is support for the application of Pearson and

Rosenberg's (1978) three predictions to organic loading from freshwater cage aquaculture.

Case studies from freshwater cage farms largely fit the predicted pattern m

invertebrate abundance. Doughty and McPhail (1995), for example, examined the effects
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of cage farming on the zoobenthos at sixteen Scottish commercial farms. In the three

largest O. mykiss cage farms they studied, oligochaete abundance increased by as much as

two orders of magnitude between the remote control sites and sites 25 m from the farms.

Abundance generally declined directly beneath the farms, producing the peak in

opportunist abundance predicted by Pearson and Rosenberg (1978). Guo and Li (2003)

also reported a decrease in invertebrate density beneath the cage farm in Niushanghu Lake,

China. They found total density beneath and beside the farm declined over the course of

their study: from 120 individuals m-2 to 16 individuals --'below the farm, and from 255

individuals *-t to 165 individuals m-2 outside the cage. It appears that Guo and Li (2003)

observed the portion of Pearson and Rosenberg's (1978) curve at the highest levels of

organic loading, where conditions are approaching afaunal. Unfortunately, they compared

only the zoobenthos beneath the farm with the community from beside the farm, sampling

both locations before farming began and at harvest. The community beneath and adjacent

to the farm can be compared with the pre-farming community, but there is no way to

compare the affected community with background conditions in the lake after farming

began and they did not specify how farm this adjacent station was from the farm.

ln addition to finding a change in zoobenthic density, Guo and Li (2003) found

evidence of a change in community composition at both sites after farming commenced.

For example, the density of oligochaetes decreased beneath the farm (from 48 individuals

,n-' to 11 individuals m-2), but their dominance increased (from 40.0% to 68.8% of the

individuals). Molluscs, conversely, went from33.3o/o of the individuals beneath the farm

before farming began to 0o/o by the end of the study. In other words, the decrease in

abundance subsequent to farming was not uniform among alltaxa.



Taxon-specific sensitivities to stresses associated with organic loading can result in

some predictable changes in zoobenthic community structure. Dobrowolski (1987) studied

the impact of O. mykiss cage aquaculture on the littoral benthos of Lake Letowskie, Poland,

and provided a detailed account of the resulting changes in community composition. Like

Guo and Li (2003), he reported that changes in total density occurring with proximity to the

farm varied for different taxa: declines in abundance of some taxa were counterbalanced by

increases in the abundance of others. In the vicinity of the farm, taxa identified in the

literature as relatively tolerant of organic enrichment replaced those identified as sensitive

to organic enrichment. Members of Bivalvia, Ephemeroptera, Ceratopogonidae, and

Hirudinea, for example, had their lowest abundances under the farm, while those of

Chironomidae and Oligochaeta had their highest abundances under the farm. The increase

in Chironomidae abundance with proximity to the cage v/as due to dense populations of

Chironomini. While Tanytarsini made up nearly 25o/o of the total density of chironomid

larvae at the littoral sites furthest from the cage, they were almost entirely absent beneath

the cages. This shift towards Chironomini dominance has been observed in other

freshwater studies of organic loading. It is indicative of reductions in dissolved oxygen, as

members of the Chironomini larvae generally have lower oxygen demands than the

Tanytarsini (Dobrowolski 1987; Clerk et a|.2000 Clerk 2002; Clerk et a\.2004).

Freshwater researchers have explicitly examined the response of zoobenthic

diversity to organic enrichment gradients in lakes, and their results generally support

Pearson and Rosenberg's (1978) predictions. Guo and Li (2003), for example, found that

species richness declined during their study both beneath the farm (9 species to 2 species)

and at the farm edge (13 species to 7 species), with similar declines in Margale?s (2.I2 to

0.00 below the farm and2.48 to 1.02 beside it), Simpson's (4.09 to 0.75 beneath the farm
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and 5.93 to 2.58 beside it) and Shannon-Wiener's (2.15 to 0.00 beneath the farm and2.73

to 1.51 beside it) diversity indices.

Like Weston (1990), these authors did not observe a peak in diversity, either

because they failed to detect it or because it did not occur. Due to the lack of reference

stations, a return to background diversity at the low end of their enrichment gradients

cannot be confirmed. It is possible that their sampling designs failed to detect a peak in

diversity, as in many cases the stations are spaced large distances apart. Alternatively, the

low flow rates in freshwater may not distribute the waste enough to create a detectable

transition zone in which both the tolerant and sensitive communities could co-exist

(Elberizon and Kelly 1998).

Very few people have examined the effect of organic loading on benthic

invertebrate biomass in freshwater systems, but the published results offer partial support

for Pearson and Rosenberg's (1978) predictions. Dobrowolski (1987) reported that a few

large, pollution-sensitive molluscs overwhelmed the response of total biomass to organic

enrichment at his freshwater farm. There was greatvanation in total sample biomass

between sampling years, but mean individual biomass showed a consistent pattern with

increasing organic enrichment: a general decline with proximity to the farm, and an

increase directly beneath the cage. If molluscs are excluded from the analysis, the increase

in mean individual biomass directly beneath the cage is more marked. Growth stimulation

could be the cause of this increase in biomass if the farm waste improves food quality and

quantity for the enrichment opportunists residing there (Fuller and Mackay 1981;Yos et al.

2004).

It bears noting that, unlike in the marine environment, the profundal zoobenthic taxa

most commonly cited as enrichment opportunists in freshwater arelarger-bodied
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invertebrates (Strayer 1985). In the profundal zone, over which modern Canadian farms

are located, pollution-tolerant taxa include the Chironomini, while enrichment-sensitive

members of the community may be much smaller, e.g. Ostracoda, and Harpacticoida. The

average biomass (dry-weight) of a 4th instar Chironomi daelawae, an ostracod and a

harpacticoid copepod are 39.I ¡tg,17 .3 pg, and 1.5 pg, respectively (Strayer 1985). In the

littoral zone,the expectations regarding relative body size of pollution-tolerant versus

pollution-sensitive taxa are met. For example, Ephemeroptera and Trichoptera are

sensitive to organic enrichment and are generally larger-bodied invertebrates; however,

their distribution is usually limited to the littoral zone. In the profundalzone, therefore, it

is important to distinguish an increase in mean individual biomass attributable to the

replacement of small-bodied profundal taxa with larger-bodied oligochaetes and

chironomids, from an increase in intraspecific body size due to stimulation from changes in

food quality and quantity.

Both Dobrowolski's (1987) and Guo and Li's (2003) results will have limited

applicability to Canadian aquaculture because their farms were located in water < 3 m

deep. Doughty and McPhail (1995) did not report the water depth beneath their farms.

Canadian farms are generally situated over deeper water and a profundal rather than littoral

zoobenthic community. Additionally, Dobrowolski (1987), Doughty and McPhail (1995),

and Guo and Li (2003) did not report sediment chemistry data from their sites, only water

column chemistry. It is therefore impossible to infer how habitat conditions related to the

observed changes in the zoobenthos.

The only major Canadian study on the influence of aquaculture on the zoobenthos

of a lake was conducted by Cornel and Whoriskey (1993), who studied the influence of O.

mykiss cage culture in Lac du Passage, Quebec. Unfortunately, problems with the methods
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employed in their study limit its contribution to our understanding of the effects of

Canadian aquaculture on the zoobenthos. Of 236 Ekman grab samples obtained from three

profundal sites in Lac du Passage, only three individual organisms were recovered, all

chironomids. The authors stated that this is the result of hypolimnetic anoxia. It is possible

that few invertebrates would be living under low oxygen conditions, but on inspection of

their methods, it becomes apparent that the I mm mesh through which they washed their

samples confounds this result. It is likely that they lost a significant portion of the

invertebrate community in their samples by washing them through such alarge mesh

(Strayer 1985). Studies from other countries have limited applicability to the Canadian

situation, due to differences in climate, invertebrate and fish communities, and farming

practices.

Conclusion

Freshwater aquaculture is a growing industry globally, although not in Canada

(Gauthier et al. 2002). It is growing to meet the gap in food-fish supply left by stagnant

capture fisheries (Tidwell and Allan 2002). The industry is moving towards open-system

cage farms and increasingly intensive methods that rely heavily on artificial feeds

(Beveridge and Stewart 1998). Although exogenous nutrient inputs from feed may affect

the aquatic ecosystem as a whole, the benthic environment is most directly affected by the

solid and settleable waste generated by farms.

Canada's freshwater aquaculture industry has ceased expanding at least partially

due to the lack of sound, scientific knowledge regarding its effects on receiving waters.

One of the major knowledge gaps is with regard to the effects of organic waste

accumulation on sediment chemistry, particularly pore-water chemistry. Water column
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chemistry has been examined in most case studies, but it is the sediment chemistry and

pore-water chemistry that most directly affect benthic invertebrates. AdditionaIIy, due to

the slow leaching rates of nutrients from the solid component of aquaculture waste relative

to its settling velocity, the sediment is likely to show evidence of impacts due to waste

accumulation before effects on the water column are detectable.

lnvertebrate distribution and community structure are fundamentally determined by

the physical and chemical tolerances of individuals in the population (Hutchinson 1957).

Dissolved oxygen and unionized ammonia concentrations are the two most meaningful and

biologically discriminant chemical variables when examining organic pollution in

freshwater (Petridis 1993; Maltby 1995; Fries and Bowles2002). Not only will oxygen

starvation and ammonia toxicity result in invertebrate death, they can also disrupt feeding

and reproductive behaviour, leading to significant community changes in sediments

exposed to effluent (McCahon et al. l99I). Conversely, increases in sediment nutrient

content and algal growth resulting from organic enrichment could have a stimulatory effect

on benthic invertebrates. In other words, aquaculture results in organic input to the

sediment that produces a series of changes in chemical and physical parameters that have

both direct and indirect impacts on benthic communities.

Summary of observed effects

Despite the substantial nutrient loading from aquaculture waste estimated from

mass-balance equations, few researchers have observed elevated nutrient levels in the water

column of lakes with cage farms (Cornel and V/horiskey 1993; Doughty and McPhail

1995; Håkanson et al. 1998; Temporetti and Pedrozo 2000; Kelly and Elberizon 2001;

Thorburn et aL.2004). It is generally agreed that in freshwater, cultural eutrophication



results from phosphorus additions (Schindler 1978). However, to promote eutrophication,

the phosphorus must be available to algae and the majority of phosphorus waste inputs

from aquaculture are to the hypolimnion. The nutrient enrichment responsible for the few

changes in algal biomass and community composition that have been observed appears to

come primarily from internal loading, rather than being released directly into the water

column (Dorin-Sorin 1993; Temporetti and Pedrozo 2000). Too little is understood

regarding the dynamics of phosphorus release from farm waste-affected sediments to assess

the risk of eutrophication posed by cage farms accurately. The risk, however, is likely a

product of the farm's production relative to the size and the flow rate of the receiving

waters (Yan 2005).

In freshwater lakes, waste loading from aquaculture has led to increased benthic

invertebrate abundance through the establishment of dense communities of enrichment

opportunists. These opportunists are usually Chironomini larvae and Tubificidae that are

tolerant of low dissolved oxygen levels and increased ammonia concentrations. The shift

towards chironomid and oligochaete dominance may be the result of the respiratory

pigments that enhance their oxygen uptake, as well as their ability to survive periodic

oxygen deficiency through reliance on glycogen reserves when oxygen concentrations

reach below 3 mg L-l (Hamburger et al.2000).

Concomitantly, organic enrichment has excluded sensitive taxa such as

ephemeropterans, trichopterans, molluscs, and Gammarus spp.,leading to reductions in

species richness. ln general, there appears to be little overlap between sensitive and

tolerant communities, and the exclusion of sensitive taxa results in a decline in diversity

with proximity to cage farms. The literature indicates that diversity in these cases is best

measured as species richness. Use of other biotic indices is not recommended, as they
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appear to be no more sensitive to community changes incurred by aquaculture waste

loading than species richness (Camargo 1992b; Guo and Li2003; Kirkagac et aL.2004).

Invertebrate biomass is also affected by aquaculture waste. Individuals within a

given laxathat are exposed to organic enrichment tend to grow larger than their

counterparts in remote, control locations (Dobrowolski 1987). This is likely the product of

aquaculture waste increasing the quality and quantity of food available to benthic

invertebrates (Fuller and Mackay 1981), but may also result from a change in community

from small-bodied, sensitive to larger-bodied, toleranttaxa (Strayer 1985; Peeters et al.

2004; Vos el a\.2004). Further research is required to elucidate the mechanisms

responsible for observed changes in invertebrate biomass associated with aquaculture.

Examining mean individual biomass within a particular taxon appears to be preferable to

relying on total sample biomass because total sample biomass is heavily influenced by the

presence or absence of rare large-bodied sensitive taxa such as molluscs, and therefore is

subject to sampling difficulties (Dobrowolski 1987; Weston 1990).

Problems with the Literature

The literature addressing freshwater aquaculture and its effects on the benthic

environment is outdated and burdened by methodological problems. Given the

improvements in feed and farming practices that have occurred, much of the literature is

not applicable to modem farms. Many authors fail to report the FCR or annual production

of the farms they study, making comparisons problematic. Additionally, there is a general

lack of consistency in reporting everything from phosphorus concentrations to benthic

invertebrate diversity. Reporting similar measures in different formats without providing

the datathat are the basis for these measures reduces the comparability of publications.

39



Few researchers provide sufficient raw data for the calculation oftotal abundance, species

richness, total sample biomass, and mean individual biomass; rather, they tend to report

only their biotic index scores or other summary statistics. There is also inconsistency in

sample collection methods. Some researchers sampled purely qualitatively, while others

took quantitative invertebrate samples. Some authors washed their invertebrate samples

through 0.5 mm mesh nets, while others used I mm mesh nets. As many zoobenthic

invertebrates are small-bodied, use of larger mesh introduces biases the sampling (Strayer

1985). Cornel and Whoriskey (1993), for example, reported an absence of benthic

invertebrates in the profundal zone; however, it is more likely that they simply lost the

small-bodied component of their samples through use of a net with too large a mesh.

Knowledge Gaps in the Literature

While sediment chemistry surveys are not as sensitive to perturbations caused by

aquaculture waste as benthic invertebrate surveys, they are faster and less expensive to

perform (Camargo I992a; Camargo I992b; Carroll et aL.2003). There is the potential that

chemical surveys could act as adequate surrogates for biological surveys in monitoring the

freshwater aquaculture industry, but more research in the area of benthic invertebrate

tolerances and response to organic loading is necessary before such a program can be

recommended. Any chemically-based monitoring system should likely include measures

of pore-water oxygen and unionized ammonia concentrations. The temporal variability of

these metrics is related to seasonal flow rates, feeding time, and feeding rates (IOA 1990;

Foy and Rosell 1991b; Ackefors and Enell 1994; Gavine et al. 1,995; Cho and Bureau 2001;

Green et al. 2002). This variability should wam against reliance on 'once-off sampling,

and must be taken into account in any proposed monitoring scheme.
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Once the effects of aquaculture waste on sediment chemistry are understood, the

next step would be a detailed examination of how the benthic invertebrate community in

freshwater lakes is affected by waste-related chemical changes. Are sulfide, oxygen, or

ammonia concentrations limiting the abundance and diversity of the benthos in the regions

affected by aquaculture waste? At what level of waste loading do enrichment-sensitive

communities begin to be replaced by enrichment opportunists, and does this replacement

occur abruptly, or is there overlap between the two communities? Answering these

questions would not only further our understanding of the effects of aquaculture on the

benthic environment, it would also assist in determining whether use of chemical

monitoring could be an effective and efficient surrogate for benthic invertebrate monitoring

in freshwater systems.
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Tables and Figures

+D'stance from point source of organic pollutiot-

Fig. 1. i. Predicted relationship between benthic invertebrate diversity (-), density

(...), and biomass (- -) along a gradient in organic enrichment, as predicted by Pearson and

Rosenberg (1978).
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Chapter II: Description of the Study

Study Objectives

One of the primary objectives of this study was to examine development of benthic

impacts from cage farming on an oligotrophic dimictic lake, beginning with the pre-

farming condition. A second goal of this study was to examine changes in the zoobenthos

and its habitat along the gradient in organic loading created with distance from the farm.

By examining the zoobenthos and habitat characteristics, the mechanisms through which

fish farming influences benthic invertebrate density, diversity, and biomass might be

understood. Additionally, it may be possible to identify what metrics will provide useful

tools for monitoring programs to ensure industry growth happens sustainably.

The published studies regarding the effects of freshwater cage aquaculture leave

many knowledge gaps to be addressed. No one has examined the spatial nature of the

effects of cage farming on the freshwater benthic environment and its invertebrate fauna.

Research addressing the impacts of freshwater aquaculture in other countries will have

limited applicability in Canada because of differences in climate, lake type, farming

practice, and invertebrate and f,rsh communities. In addition, published studies are

generally incomparable due to the absence of pre-farm data and remote sampling sites to

provide a reference condition against which impacts can be assessed. A further

complication is that the majority of studies were conducted at commercial farms where

numerous uncontrolled nutrient inputs could confound their findings, e.g.from sewage

treatment effluent, agricultural and forestry runoff, and lakeside residences. Discrepancies

between reporting units and sampling methods also limit the comparability of published

studies.
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By including pre-farm sampling and sampling from un-impacted sites, it will be

possible to assess the magnitude of the farm's effect on the receiving environment. ln

addition, because the experiment was conducted in an experimental lake, all nutrient inputs

can be accounted for and it is possible to attribute observed impacts exclusively to the

farm's operation. By examining both the invertebrate community and its habitat conditions

simultaneously, I elucidated which environmental factors are correlated with the

invertebrate response. Finally, the results of this study are Canada-specific, and will

therefore be particularly useful to industry regulators in Canada.

Chapter 3 includes for the first time the temporal development of sediment and

pore-water impacts in the vicinity of a freshwater cage farm, including pore-water

ammonia and sulfide and sediment nutrient and metals concentrations. It also examines the

spatial extent of any observed impacts.

Chapter 4, also for the first time, describes the temporal development of zoobenthic

impacts in the vicinity of a freshwater cage farm. In this chapter, the spatial extent of

impacts on the invertebrate fauna is examined. The four benthic invertebrate impacts of

interest include the effects of fish farming on taxa richness, invertebrate density, total

invertebrate biomass, and mean individual biomass. By this research I can test the

applicability of Pearson and Rosenberg's (1978) predictions to freshwater cage farming.

Chapter 5 compares the effects of farming on the benthic environment with the

effects of farming on the benthos. It examines the potential for effects observed in

Chapters 3 and 4 to influence the whole lake, and makes recommendations for future

studies and for monitoring.
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Site Description

The Experimental Lakes Area (ELA) is home to a Fisheries & Oceans Canada

research facility located on the Precambrian Shield in northwestern Ontario. The ELA

consists of 58 small lakes and their watersheds that have been set aside by the Governments

of Canada and Ontario, for the purpose of conducting whole-ecosystem manipulations and

the long-term monitoring of ecosystem processes. Non-research related activity is

prohibited within and adjacent to these watersheds to protect them from potentially

confounding human activities.

Lake375 (L375) is one of the research lakes at ELA. It is an oligotrophic, kettle

lake located at UTM coordinates I5IJ 044 33 Easting and 55 107 Northing. It is a second

order lake, fed by one inlet from the upstream Lake 373, and has a single outlet into

Manomin Lake. The inlet and outlet are located in the north basin (Figure 2.1). The

watershed vegetation is boreal sub-climax forest, dominated by jack pine (Pinus banl<siana

Lamb), black spruce (Picea mariana (Mill)), quaking aspen (Populus tremuloides Michx),

and white birch(Betula spp.). The shoreline of L375 consists of areas of exposed granitic

bedrock interspersed with patches of glacial till, including sand, gravel, and cobbles. The

sediment of the profundal region consists of flocculent organic material of the type referred

to by Strayer (1985) as gyttja. L375 is a double basin lake measunng0.232 km2 in area

(Figure 2.1). The south basin is a maximum of 26 m deep, whereas the shallower north

basin only reaches 17 m. L375 is dimictic and is typically ice-free from the last week of

April to the last week of November. In 2003 the lake was thermally stratified from 13 May

to 15 October. In 2004thestratificationperiodwas shorter: from l Juneto 5 October.
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Farm Operation

The experimental farm was run in the same manner as a commercial farm, but on a

smaller scale. Stocking densities were slightly lower than those of a typical commercial

farm; 10 000 fish m-'ur. 15 000 fish m-2. The farm consisted of a 10 by 10 m net pen

supported by a square, steel floating frame. The farm was assembled on the ice in the

North basin of L375 during the winter of 2003. The stocking and harvest dates in 2003 and

2004 are provided in Table 2.1, along with the number of fish stocked and harvested, and

their mean weights. The trout were fed a diet of Martin Mills Profishient at ara|e of 0-3%

of their bodyweight per day, depending on water temperature. In 2003, total feed inputs

weighed 8713.8 kg wet-weight. In 2004, they totalled967l.6 kg wet-weight.

The feed used throughout each season was produced in a single batch to ensure its

stable isotope signature was consistent throughout the year. Based on analysis by the Fish

Nutrition Research Lab in Guelph, using standard methods (AOAC 1995), in2003 the feed

consisted of 95.50% dry matter, 7.14% ash,44.3Io/o crude protein, and22.46%o lipids. The

composition of the feed in 2004 was very similar wilh92.57Yo dry matter, 6.160/o ash,

43.78% crude protein, and22.07o/o lipids (Azevedo unpublished).
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Tables and Figures

Table 2.1. Summary of farming operation information: stocking and harvest dates,

number of fish, and mean fish weight.

Stocking or Harvest Date Number of Fish Mean Fish V/eight (g)

Stocking
Harvest
Stocking
Harvest

5 June 2003
18 November2003
3l May 2004
1 November 2004

10640
9988

r0249
9830

94.0
850.0
101.3

996.t
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Fig. 2.1. Bathymetric map of L375 (Kasian unpublished), showing the location of
the 10 m by 10 m farm (tan square) and the location of sampling sites (red and blue
squares) along the 15 m isobath. Sample label C is beneath the cage centre, E is beneath the
cage edge, and numbers represent the distance from the cage edge in metres. Sampling
sites in red were sampled on all sampling dates, but those in blue were added to the transect
only for July, August, and September 2004.

N

\
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Chapter III: Farm Effects on the Benthic Environment

lntroduction

Intensive cage aquaculture can affect the freshwater ecosystems in which it occurs.

The presence of a cage farm may affect the distribution and resource use of native fish

populations (Gabrielsen 1999) and escapees may out-compete native fish or breed with

them, affecting their genetic diversity (Verspoor 1998). The predominant impacts of cage

farms, however, stem from the release of untreated, nutrient-rich farm waste directly into

the receiving environment (Walker et a\.2003). Farm waste is a source of nitrogen and

phosphorus (lr{aylor et at. 1999; Bureau et al.2003), and can alter the availability and ratio

of nutrients, with subsequent changes to phytoplankton community composition(Diaz et

al.2O0I). Intensive farms are estimated to release240 to 318 kg dry-weight of solid waste

per metric ton of fish produced (Bureau et al. 2003} Solid waste generated by aquaculture

will settle from the water column and, where flow rates are low, it may accumulate on the

sediment underlying aquaculture cages (Elberizon and Kelly 1998). The most direct

impact of solid waste from aquaculture will, therefore, be on the benthic environment and

its invertebrate community.

Aquaculture solid waste consists primarily of fish faecal material with some uneaten

feed. It may also include fish scales, mucus, periphyton and debris removed from cages by

cleaning (IOA 1990). Atthough the solid fraction of farm waste is denser than water and

will settle out of the water column, it consists mainly of water. Elberizon and Kelly (1998)

found the mean water content of salmonid farm waste was 93.60/o (t3.1% standard

deviation). The composition of Oncorhynchus mykiss (Walbaum) faecal material produced

at farms in Ontario is not significantly different from the composition of other livestock
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manure, with an average 2.83% dry-weight nitrogen, 2.54% dry-weight phosphorus,0.Io/o

dry-weight potassium, 6.99% dry-weight calcium, and 0.53o/o dry-weight magnesium

(Naylor et al. 1999), and salmonid farm waste contains approximately 62% dry-weight

carbohydrates and I7o/o dry-weight proteins (IOA 1990). This is similar in nitrogen and

phosphorus content to biosolids produced by municipal sewage treatment (4% and2.5%

dry-weight, respectively) (Chambers 2001). Animal manure and human sewage are known

to affect the chemistry of aquatic systems (Crozet 1985; McCahon et al. I99I; Chague-

Goff and Rosen 200T; Chambers 2001). Solid waste from aquaculture might therefore be

expected to have a similar impact on the receiving environment.

This solid waste will ultimately accumulate in the sediment, where it may have a

variety of effects on sediment chemistry, including increasing sediment nutrient content.

Depending on the relative concentration of organic carbon, nitrogen, and phosphorus in the

waste relative to their proportions in the sediment, waste accumulation may alter sediment

nutritional value for benthic invertebrates (Peeters et al.2004;Yos et aL.2004; Wieking

and Kroencke 2005).

Organic carbon in the waste will be broken down by biological and chemical

processes that consume oxygen (Schlesinger 1997). Troell and Berg (1997) found that

sediment beneath a cage farm in Lake Kariba consumed3}-4}% more oxygen than

sediments at control sites (305 mB Oz day-l vs. approximately 200 mg Oz duf t,

respectively). While temperatures of 26 to 27oC in the profundal zone of their tropical lake

would accelerate microbial decomposition and thus oxygen demand, oxygen reductions

associated with aquaculture are also observed in temperate lakes. Axler et al. (1996) found

that waste loading from cage aquaculture was sufficient to produce hypoxia of the entire

water column in two mine pit lakes in Minnesota. Larger lakes often have higher flow
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rates and are less likely to experience such drastic oxygen depletion; however, even large

lakes are susceptible. For example, signs of hypolimnetic oxygen depletion as a

consequence of aquaculture have been reported from Lake Texoma in Oklahoma (Veenstra

et aL.2003).

Reduced dissolved oxygen levels will further affect sediment chemistry by reducing

the sediment redox potential (Eh). For example, under aerobic conditions, phosphorus is

bound to aluminum and iron oxides in the sediment. However, under anoxic conditions

ferric iron (F.'*) is reduced (Schlesinger 1997),releasing soluble phosphorus and ferrous

iron (Fe2*) that can diffuse across the sediment-water interface and cause intemal

phosphorus loading (Dorin-Sorin 1993; Wetzel2001). Depression of Eh may also lead to

sulphate reduction. Sulfide will then interact withEe2+ @q) andprecipitate as FeS

(Schlesinger 1997). This permanently reduces the phosphorus binding capacity of the

sediment, because iron bound to sulfide is no longer susceptible to oxidation should aerobic

conditions return (Schlesinger 1997 Wetzel 2001). In the epilimnion, dissolved

phosphorus will be available to algae and can accelerate eutrophication. Eutrophication

resulting from farm phosphorus inputs is one of the main concems of aquaculture

regulators (Yan 2005). It is also a contentious issue for lake-side communities (Axler et al.

1996; Axler et al. 1998; Westers 2000).

The accumulation of farm waste may also affect sediment pH. Under anaerobic

conditions, farm waste is decomposed by hydrolysis and fermentation to release fatty acids

and carbon dioxide (COz). Methanogenesis may then decompose the resulting organic

acids to yield methane (CHa) and more COz. Carbon dioxide will form weak carbonic acid

in solution. The formation of these acids can reduce sediment pH (Cook et al. 1986;

Wetzel 200I). Conversely, one of the breakdown products of proteins in farm waste is
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ammonia, which is weakly basic (Schlesinger 1991). Ammonia accumulation may increase

pore-water pH. Additionally, ammonia exists in equilibrium between its relatively non-

toxic ionized ffia*) and its toxic unionized (NH3) forms. The ratio between these two is

govemed by pH and temperature (Emersorl et al. 1975). Thus, without pH buffering, as

ammonia increases, alarger fraction of total ammonia is present in the toxic form.

Elevated pore-water pH may also reduce the phosphorus binding capacity of the sediment,

as hydroxide ions replace phosphate on iron and aluminum oxides. It is unclear which

process will dominate inwaste-affected sediment, and therefore it is unknown what affect

farm waste will have on pore-water pH.

The accumulation of copper (Cu) and zinc (Zn) has been documented in sediment

receiving aquaculture waste (Brooks and Mahnken2003; Thorburn et a\.2004). These

metals may originate from feed supplied to the farmed fish or from antifouling coatings

applied to farm cages. High levels of Cu andZn can be toxic to plants and animals, and

sediment concentration limits have been established in Canada by both federal and

provincial goverlments (Table 3. 1).

Depleted oxygen, reduced pH, and the accumulation of ammonia, sulfide, nutrients,

and heavy metals are commonly reported to result from organic enrichment (McCahon e/

at. I99I; Chambers 2OOl; Wetzel 200I; Morris and Keough2002), including regions

receiving aquaculture waste (Enell and Lof 1983; Troell and Berg1997; Brooks and

Mahnken 2003; Veenstra et al. 2003). These chemical variables may be reliable and

inexpensive tools for monitoring freshwater aquaculture's effects. For example, sulfide

has been recommended as a monitoring tool for marine cage farms (Wildish et al. 1999).

They are also of ecological concern. Changes to the benthic environment's chemistry will

alter its suitability for invertebrates and could provoke community scale changes'
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In this study, the effects of an experimental O. mykiss farm on the benthic

environment are examined along a transect of distance from the cage. The two primary

objectives of this chapter were: (1) to document for the first time the temporal development

of sediment and pore-water impacts in the vicinity of a freshw ater cage farm; and (2) to

examine the spatial extent of any observed impacts.

Methods

Study Design

In May of 2003, before the experimental farm became operational, and

approximately monthly from June to October o12003 and2004 during farming, samples

were obtained from different distances from the cage along the 15 m isobath (Figure 1.2).

The sampling stations included a site beneath the centre of the farm, at the edge of the cage,

and 1, 3, 5, 15, and 45 m from the farm's edge. In July of 2004, it became apparent that

the region between 5 and 15 m from the farm edge was of interest, so stations were added

to the transect at 10 m and20 m from the farm's edge. These additional stations were

sampled with the original transect on all subsequent sampling dates.

Samples from beneath the farm were obtained by SCIIBA divers, whereas samples

from the farm's edge and beyond were obtained using a Kajak-Brinkhurst corer. All core

samples were 4.80 cm in diameter and 30 cm in length, containing approximately 20-25 cm

of sediment with 5-10 cm of overlying water. Samples were visually inspected to ensure

that the sediment-water interface was undisturbed.
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Pore-water Chemistry

In 2003, sulfide and ammonia were measured in sediment pore-water; however, in

2004, sulfide measurement was conducted only in July. For pore-water analysis of sulfide

and ammonia, three replicate cores were taken from each distance. Cores were maintained

at approximately 4"C during transportation to the laboratory. The upper two centimetres of

each core were sub-sampled by extrusion in a glove box under a nitrogenous atmosphere.

The pore-water was then removed from the sub-samples by suction-filtration through a

0.45 ¡tm cellulose nitrate filter and separate aliquots were taken for sulfide and ammonia

determination. During months where only total ammonia was measured, the glove-box was

not used.

The sulfide aliquots were stabilized with a 1:1 ratio addition of Sulfide Anti-

Oxidant Buffer before measurement with a Thermo-Orion solid-state silver/sulfide ion

selective electrode. The electrode was calibrated with a six point 10:1 dilution series. The

concentration of sulfide in the standards was determined by titration with lead perchlorate.

Before measurement, the pH of the ammonia aliquots was made >l2by the addition

of 2Yo by-volume Thermo-Orion Ionic Strength Adjustor solution. The concentration of

total ammonia was then measured with a gas-sensing NH3 Thermo-Orion ion selective

electrode. The electrode was calibrated using a six point 10:1 dilution series from a 0.1 M

ammonium chloride standard.

On July 13,2005, four replicate core samples were obtained from all but the under-

cage station. For each core, pore-water pH was measured in the field using an IQ Scientific

Instruments ion selective field effect transistor probe with automatic temperature

compensation. The probe was calibrated with a three point curve made using 4.0,7 .0, and

10.0 standard solutions. The probe of the electrode was inserted into the upper two

54



centimetres of each core and a reading was taken after stabili zation criteria were met (< 0. 1

change in pH per 45 seconds.)

Sediment Chemistry

Core samples obtained for sediment analyses were stored in a cooler at

approximately 4oC and transported back to the lab. The upper two centimetres of each core

were sub-sampled by extrusion and quantitatively transferred to acid-washed polyethylene

specimen jars. The sub-samples were freeze-dried and homogenized. Two to four

replicate sediment sub-samples obtained on selected dates were used for metals and

nutrient analyses.

Nutrient analyses were performed at the Freshwater Institute in Winnipeg,

Manitoba. Total nitrogen (TN) and total carbon (TC) were measured using an Exeter

Analytical Model CE-440 Rapid Analysis Elemental Analyzer with a detection limit of

0.70 ¡rg N g-r and 7.06 p,gC g't. Organic carbon (TOC) concentrations were obtained by

subtracting total inorganic carbon (TIC) from TC. TIC was measured by acidifying the

sample to dissolve the carbonate and then measuring dissolved inorganic carbon with an

O.I. Corporation model 700 TOC Analyzer,with a detection limit of 0.6 mg C L-r. Total

phosphorus (TP) was measured by a Technicon Autoanalyzer@ II colorimeter, measuring

the concentration of arsenate-phosphate compounds produced under acidic conditions with

a detection limit of 1 pg P L-r.

Sediment concentrations of a suite of metals were measured by the Saskatchewan

Research Council (SRC, Saskatoon). The samples were first digested by an aqua regia-

perchloric acid digestion. Concentrations of the following elements were measured using
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inductively coupled plasma atomic emission spectroscopy: Al, Ba, Be, Cd, Ca, Cr, Co, Cu,

Fe, Pb, Mg, Mn, Mo, Ni, K, Na, Sr, Ti, and Zn.

Faeces, Feed, and Net Pen Material

On 16 July 2004, a collection trap was suspended beneath the cage to obtain a

sample of farm waste. The trap was retrieved after 24hrs and the collected farm waste was

ftozen, freeze-dried, and homogenized. Three replicate samples of the feed were collected

from separate bags in both 2003 and2004. Faeces and feed samples were submitted to

SRC for metals determination.

ln May 2004, a sample of the nylon net used to contain the fish in2003 and2004

was obtained. The concentration of Cu andZn in the net was determined at the Freshwater

Institute, Winnipeg using flame atomic absorption spectroscopy with a detection limit of

0.12 ¡tg g-1.

Statistical Analyses

Principal components analysis (PCA) was performed on mean total ammonia,

nutrients, and metal levels in sediment obtained in Septemb er 2004. This was the only date

on which sufficient replicates were analysed to conduct a PCA. The data were averaged to

eliminate problems associated with unequal numbers of replicates between variables and

linearity between the variables was confirmed with bivariate scatter plots (McCune and

Grace 2002). PCA was run with a covariance matrix on log transformed data, using PC-

ORD v. 4.0 software (McCune and Mefford 1999). Pearson's product moment correlation

coeffîcient was calculated between PCA scores of any significant axes and distance from
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the farm. Correlation coefficients were calculated using MINITAB v. 12.I software

(MrNrrAB 1ee8).

One-way ANOVAs were run on each chemical variable on each date with distance

from the cage centre as the treatment. Validity of ANOVA assumptions of normality and

homogeneity of error was confirmed by Anderson-Darling and Levene's tests, respectively.

It was necessary to log or square-root transform the raw data prior to analysis to meet

ANOVA assumptions. Occasionally, due to relatively high variance at the farm edge or 1

m station, transformations were inadequate to meet ANOVA assumptions. 'When this

occurred, the ANOVA was performed again excluding the problematic station. ln each

case where this occurred, removing the station responsible yielded residuals that met

ANOVA assumptions and the findings of the analysis were unchanged. When there was a

significant difference in mean variable concentration between stations for a given date, a

Tukey's multiple comparison test was used. ANOVA, Anderson-Darling, Levene's, and

Tukey's tests were performed using MINITAB v.l2.I software (MINITAB 1998).

Two-tailed t-tests were used to compare the TOC, TN, and TP in the sediment from

beneath the cage obtained in October 2003 with that of sediment obtained in September

2004. The TN:TP ratio was determined for sediment obtained in August 2004 from

beneath the cage and the 45 m reference station. A one-tailed t-test was then used to

determine if the TN:TP ratio was significantly lower in the vicinity of the farm. MINITAB

v.12.1 software was used to perform t-tests (MINITAB 1998).
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Results

Princípal Components Analysis

PCA of sediment and pore-water chemistry from the September 2004 sample date

produced one significant axis with an eigenvalue greater than its broken-stick eigenvalue:

PCI 27 .009 vs. 5.046 (Figure 3. 1) (McCune and Grace 2002). This axis explained 89.8%

of the total variance in the dataset. 
'When all distances were included, Pearson's product

moment correlation coefficient between this axis and distance from the farm was not

significant (r : 0.613, p :0.079),likely because of the clumping of stations 10 to 45 m

from the farm edge. Sediment from these stations was chemically very similar, and

therefore including these stations obscured the correlation with distance among the stations

nearer the farm. When the correlation coefficient was re-calculated excluding the 15 to 45

m stations, the axis was significantly positively correlated with distance from the farm (r :

0.907,p : 0.013). The axis primarily reflected differences in pore-water total ammonia,

with an eigenvector value of -0.549, indicating that ammonia concentration increased with

proximity to the farm. Of the remaining variables, Ca, Cu, TP, Na, Sr, TN, TOC and Zn

increased in concentration with proximity to the farm (group 1, negative eigenvectors),

whereas Al, Ba, Cd, Co, Fe, Pb, Mn, and Mo all decreased with proximity to the farm

(group 2, positive eigenvectors). These sixteen variables exert approximately equal weight

on this axis, with a mean absolute eigenvector value of 0.200.

Pore-water Chemistry

Throughout2003, sulfide in pore-water never exceeded the detection limit of 0.008

pg L-I. When it was re-measured in July 2004, it was still below the detection limit across

58



the transect, although significant quantities of waste were apparent. At this time the

decision to discontinue measurement of sulfide was made.

Throughout this study, the concentration of total ammonia increased in sediment

pore-water beneath the centre of the farm (Figure 3.2). By the study's end it had reached

>77 mgI.-l; over 480 times the levels found in reference sediment obtained from 15-45 m

from the farm's edge. During the study, the area of sediment exhibiting significantly

elevated pore-water total ammonia expanded from within the perimeter of the farm to 5 m

from its edge by September 2004 (Figure 3.2).

In July 2005, sediment pore-water pH was depressed at between the farm's edge

and lm away, but was elevated 5 m from the farm's edge relative to the 45 m away

reference station (Figure 3.3).

Sediment Chemistry

In June 2003,before farming began, there were no significant differences in mean

TOC, TN, or TP at any distance from the farm; however, by October TOC, TN, and TP

were all significantly elevated beneath the cage centre (one-way ANOVAs: TOC Fo,r¿ :

437.06,p < 0.001; TN Fo,r¿:849.77,p < 0.001;TP F6,3s:248.77,p < 0.001) (Figure 3.4

a-c). The mean concentrations of TOC, TN, and TP beneath the cage in October 2003 were

not significantly different from those obtained in September 2004 (Table3.2). During

2\O4,however, Tukey's results revealed that the area exhibiting elevated nutrient levels

expanded, reaching the farm's edge for TN, and 1m beyond the farm's edge for TOC and

TP by September 2004 (Figure3.4 d-f). In August 2004, TN:TP was significantly reduced

beneath the farm relative to reference sediment (45 m away) (one-tailed t-test, t: -6.98, df
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: 3, p : 0.003). This test \¡/as perfonned in August 2004 only as this was the only

sampling date with sufficient replicates of both TN and TP.

After the first season of farming, in October 2003, total Cu andZn in the upper two

centimetres of sediment were statistically significantly elevated beneath the cage relative to

reference sediment (Figure 3.5 a &, b). By September 2004, the stations at the farm edge

and lm beyond it also exhibited elevated Cu and Zn(Figttre3.5 c &. d). In the case of Cu,

the concentration at the farm edge was statistically signif,rcantly higher than beneath the

centre of the farm.

Faeces, Feed, and Net Pen Material

The feed and faeces were rich in TOC, TN, and TP (Table 3.3). They also exhibited

higher levels of Ca, Cu, TP, Na, Sr, TN, TOC, andZn than reference sediment (Table 3.3).

The net pen material had higher levels of Cu andZn than the feed, faeces, and reference

sediment (Table 3.3).

Discussion

Principal Components Analysis

The first axis of the PCA reflects the strong influence of distance from the farm on

sediment chemistry (Figure 3.1), with a strong and positive correlation between the axis

score and distance from the farm up to 10 m from the farm's edge. Beyond this distance,

all samples had similar scores, indicating they were chemically similar. This supports the

idea that, overall, the farm's footprint extends between 5 and 10 m beyond the farm's edge.

The greatest variation in sediment chemistry along the transect was most closely aligned
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with a gradient in pore-water total ammonia; pore-water ammonia has the most potential as

an indicator variable among those included in this study.

Ammonia belonged to the group of variables with negative eigenvector values

(group 1). Most of these variables were at higher concentrations in the farm waste and feed

than in reference sediment, whereas those with positive eigenvector values (group 2)had

lower concentrations in the farm waste and feed than in reference sediment (Table 3.3). It

should be noted that only the upper two centimetres of core samples were analysed, and

that beneath the farm, the visible layer of farm waste was ) 2 cm thick by August 2003.

Farm waste is accumulating in a pile overlying the sediment that is thickest beneath the

cage. Group I variables likely increase in concentration with proximity to the farm

because their concentration in the 2 cm sub-sample is spiked by additions of farm waste.

Conversely, group 2 variables likely decrease in concentration with proximity to the farm

as their concentration in natural lake sediment is diluted by an increasing proportion of

farm waste in the 2 cm sub-samples (Table 3.3).

Pore-water Chemistry

Throughout the study, pore-water chemistry was a sensitive indicator of farm activity,

although not all of the variables measured were detectably altered. Pore-water total

ammonia and pH were significantly affected by farming activity inL375; however, pore-

water sulfide was not. Pore-water total ammonia concentration responded rapidly to farm

waste inputs, showing a significant increase beneath the cage within one month of fish

being introduced. Pore-water total ammonia continued to increase beneath the farm

throughout the study, and had not stabilized by September 2004. In addition, the area
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exhibiting elevated pore-water ammonia levels expanded throughout the study, so that by

September 2004, increases were detectable 5 m from the farm's edge.

The maximum levels of total ammonia observed in this study greatly exceed those

reported by other authors. By August 2003, mean pore-water total ammonia beneath the

L375 farmwas 19.006 mg L-r (SE : + 3.637). By Septembet 2004, it was 77 .249 mg L-r

(SE: + 3.585). Unfortunately, most studies on aquaculture that report total ammonia

concentrations measured ammonia in the water column (Bergheim and Selmer-Olsen 1978;

Cornel and Whoriskey i993; Brown and King 1995; Veenstra et al.2003). However, the

concentration of ammonia in overlying water will always be less than in pore-water, and it

is the pore-water concentration that will most directly affect benthic invertebrates (Frazier

et al. 1996;Whiteman et at. 1996). Troell and Berg (1991) and Enell and Lof (1983) are

among the few to report pore-water ammonia concentrations. Troell and Berg (1991)

found that total ammonia concentrations were significantly higher in the pore-water of

sediments beneath a Tilapia cage farm in large monomictic Lake Kariba than at associated

reference sites, but the maximum concentration that they reported was 4.75 mg L-I.

Similarly, Enell and Lof (1983) reported pore-water ammonia ranging from 6.1-8.4 mg L-l

beneath cage farms in two large dimictic Swedish lakes. It is unclear why pore-water

ammonia would be an order of magnitude higher beneath theL375 farm than beneath the

farms in these other stratified lakes, but it may be due to greater dispersal of settling waste

in the epilimnion of the larger and deeper Zimbabwean and Swedish lakes.

Pore-water ammonia concentration is biologically meaningful because it can be

toxic to aquatic tife. It is the unionized ffaction of total ammonia that is toxic, and the

proportion of total ammonia present in this toxic fraction depends of pH and temperature

(Emerson et al. I975). To assess the risk of elevated pore-water ammonia to aquatic biota
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properly, pH and temperature must also be measured. In this study, both were initially

assumed to be relatively constant in stratif,red temperate L375; however, the assumption

that the natural buffering capacity of L375 would prevent changes in sediment pH was

disproved by the July 2005 transect sampling. This is noteworthy as Cook et al. (1986)

remarked on the enorrnous buffering capacity of lakes at the Experimental Lakes Area.

Over eight years, a total of 991.9 keq of sulphuric acid was added to experimental lake 223

(L223),but 66-810/o of the added acid was neutralized by alkalinity produced in the

sediment (Cook et al. 1986). InL375, pH was statistically significantly depressed (mean

7.1, SE : + 0.09) at the edge of the farm, then increased to a peak of 8.8 (SE : + 0.07) 5 m

from the farm before returning to background levels (mean 7.9, SE : + 0.12) at the

reference station 45 m away (Figure 3.3).

The cause of this pattern is unknown, but it possibly stems from the difference in

size of the farm's footprint on TOC and total ammonia. By September 2004, TOC was

elevated within 1 m of the farm, and in this area pH was reduced, likely as a result of

decomposition of organic matter to yield organic and carbonic acids (Cook et al. 1986).

Production of these acids likely buffered the effects of increased pore-water ammonia,

which is basic. Elevated ammonia without a conesponding detectable increase in TOC was

possibly responsible for the increase in pH observed at the station 5 m from the farm (Cook

et al. 1986). To determine whether these processes are responsible for the observed pattern

in pH, further sampling is necessary. To uncover the mechanism behind the observed

variability in pH, the presence of organic and carbonic acids as well as the presence of

alkalinity affecting cations and anions should be measured in future studies.

Based on the mean pH values observed during the July 2005 sampling, and

assuming a temperature of 4"C, the concentration of unionized ammonia in sediment pore-
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water in September 2004 can be estimated. The pattem in unionized ammonia is much like

that of total ammonia, except for the elevated concentration at the station 5 m beyond the

farm's edge. The concentration of unionized ammonia would have been 0.1101 mg NH3 L-

I beneath the cage centre, 0.0243 mg NH3 L-l at the cage ed.ge,0.0134 mg NH3 L-l 1 m

beyond the farm, and 0.0183 mg NH3 L-r 3 m beyond the farm (Emerson et al. I975). The

peak in pH observed at the station 5 m from the cage edge would result in a concentration

of unionized ammonia of 0.03 14 mgLa atthis station, as the unionized fraction dominates

at high pH values (Figure 3.3). At these concentrations, unionized ammonia beneath the

perimeter of the farm and at the 5 m station would have exceeded the Canadian

Environmental Quality Guideline for unionized ammonia (0.019 mg L-t) (Dion 2003), and

may cause chronic toxicity to aquatic biota. Troell and Berg (1997) and Enell and Lof

(1983) did not report pH and therefore the toxicity of their total ammonia levels is

unknown.

Pore-water sulfide measurement has been suggested as a primary indicator for

aquaculture effects monitoring programs in marine systems (Wildish et al. 1999) because

sulphate will be reduced to sulfide if aquaculture reduces sediment Eh (Schlesinger 1997).

The production of HzS in response to aquaculture waste loading has been observed in

freshwater systems (Axler et al. 1998), suggesting it may be a useful monitoring tool in

freshwater as well; however, sulfide did not accumulate to detectable levels in pore-water

beneath theL375 farm. Likely any sulf,rde generated by decomposition of the farm waste

immediately complexed with abundant iron and precipitated as either FeS or FeSz

(Schindler et al. 1980; Cook et al. 1986). Iron levels in the sediment from stations 15-45 m

from the farm edge averaged 98.115 mg Fe g-' (SE : L 5.832) in October 2003 and

September 2004. The precipitation of iron with sulfide can peÍnanently reduce the
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phosphorus binding capacity of the sediment, as FeS and FeSz are relatively stable

compounds (Wetzel 2001); however, this is unlikely to become a major problem inL375

because waste accumulation is spatiallylocalized. In the vicinity of the farm, iron in the

upper 2 cm of sediment was reduced by dilution with farm waste; however, it never

declined below 3.1 85 mg g-r dry-weight (SE : + 0.187). Further research is necessary to

assess the potential of Fe at low concentrations to complex with sulfide generated by the

waste's decomposition. The majority of freshwater cage culture in Canada occurs in Lake

Huron. Sediment from Lake Huron has an average26.7OB mg Fe g-l dry-weight (SE: +

1 .460, n : 24) (Thorburn et al. 2004). Therefore, sulfide accumulation is unlikely to

become a useful indicator of the impact of freshwater farming in Canada.

Sediment Chemistry

Sediment nutrients and metals were also quick to evince change in response to

farming; however, the area in which sediment chemistry was detectably altered did not

extend as far from the farm as the area exhibiting elevated pore-water ammonia. This is

likely because dissolved substances such as ammonia will be more mobile than substances

bound to sediment particles (Lick 1987). They can diffuse through interstitial spaces into

the overlying hypolimnion and need not rely on wind-driven sediment transport for

mobilization (Frazier et al. 1996; Tlusty et aL.2000)'

Within one month of farm activity nutrient concentrations were significantly

elevated in sediment beneath the farm. By Septemb er 2004, the footprint of the farm on

sediment TN extended to the edge of the farm, and the farm's footprint on sediment TOC

and TP extended 1 m beyond. A significant increase in TN was likely not detected at the

station 1 m beyond the farm because of high variability in TN measurements. While the
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farm was inactive between October 2003 and };/.ay 2004, nutrient concentrations declined

beneath the cage; however, they rebounded once the fish were reintroduced in June 2004.

Unlike ammonia, the concentration of nutrients in sediment from beneath the cage did not

change significantly between October 2003 and September 2004, and has apparently

stabilized (Table 3.2). This is likely because after August 2003 the pile of farm waste

exceeded two centimetres in thickness beneath the centre of the farm. Therefore, the entire

2 cm thick sediment sub-sample used to measure nutrient content consisted of farm waste.

To observe a change in nutrient composition of the sediment in one of these sub-samples, a

change in the nutrient composition of the settling farm waste would be required. Such a

change would require a change in the nutrient composition of the fish feed.

Increased levels of sediment phosphorus and nitrogen in sediments exposed to fish

farm effluent have been reported by other authors (Troell and Berg I997;Yokom et al.

1997;Elberizon and Kelly 1998; Diaz et al.200l; Thorburn et al.2004). As with pore-

water ammonia, however, the levels of TN and TP observed in the sediment beneath the

L375 farm exceeded those reported in the literature. In June 2003, before the farm became

active, the under-cage mean TP was 1.82 mg e g-t lSn : + 0.08). By Septemb et 2004, the

under-cage mean TP was 38.95 mg P g-1 (SE: + 0.80); 19.5 times the Ontario Severe

Effects Level (SEL). The 2.0 mg P g-1 SEL for TP (Jaagumagi and Persaud 1999) is likely

too low to be applicable to lakes such as L37 5 (Table 3 . 1), as sediment from the reference

stations frequently exceeded it. Given that the SEL was nearly exceeded before farming

was initiated, i.e., in a pristine system, it is not a particularly useful guideline. Further work

is required to identify guidelines for TP concentration that would be meaningful in a range

of lake types before this limit is applied to fish farms in small soft-bottomed lakes.
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The major concern with increasing sediment nutrient concentrations, particularly with

phosphorus, is that eutrophication could be acceleratedvia internal loading. It is generally

agreed that TP flux from sediment to the water column in freshwater lakes is controlled by

Fe and Al complexation (Dorin-Sorin 1993; Schlesinger 1997; Wetzel2001). Temporetti

and Pedrozo (2000) found that beneath a cage farm in the Alicura Reservoir, Argentina,

calcium and organic matter were more influential in TP release than Fe and Al. It is

therefore unclear what factors control TP release from aquaculture waste, and further

research is necessary before the risk of eutrophication from aquaculture solid waste can be

evaluated.

An increase in TOC, similar to that observed beneath theL375 farm, has been

reported elsewhere in the literature (Comel and'Whoriskey 1993; Thorbum et aL.2004).

For example, Cornel and Whoriskey (1993) observed increased TOC in sediment beneath a

cage farm in Lac-du-Passage, Quebec. The maximum TOC they observed exceeded the

maximum TOC observed in this study; 690 mg C g-1 vs. 405.95 mg C g-1 (Cornel and

Whoriskey 1993). This is likely because of improvements in fish feed formulation since

their study was conducted (Cho and Bureau 1997; Cho and Bureau 200I). The FCR of the

farm studied by Cornel and Whoriskey (1993) was 3.7, whereas that of L375 was 1.14 in

2003 and 1.09 in 2004. It is important to consider the increased palatability and

digestibility of feeds over the past decade when applyrng published results to modern

farms.

The increase in sediment nutrient content resulting from the accumulation of farm

waste may increase the sediment's nutritional value, and couid lead to stimulation of the

benthic invertebrate community both directly (for deposit feeders such as oligochaetes)

(Vos el al. 2004), and indirectly via bottom-up trophic interactions (Peeters et aL.2004;
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V/ieking and Kroencke 2005). One measure of the sediment's nutritional value is the ratio

of sediment TN:TP. The TN:TP ratio of the sediment beneath the farm in August 2004 was

1.3:1, significantly reduced from the mean TN:TP ratio of 5.6:1, at the reference station 45

m away. This increase in TP relative to TN might alter the nutritional value of the

sediment for microbes and benthic invertebrates. This could affect the relative abundance

of different feeding groups and may stimulate growth rates in invertebrates exposed to farm

waste (Vos e/ al.2004).

Metals were measured only at the beginning and end of each farming season, but by

October 2003, Cu and Znwere significantly elevated beneath the cage relative to reference

sediment (Figure 3.5). As with ammonia and nutrients, the footprint of the farm's effect

expanded to 1 m beyond the farm by Septemb er 2004 (Figure 3.5). These levels exceeded

those reported from beneath marine cages by Brooks and Mah¡ken (2003), and those

reported by Thorburn et al. (2004) an unspecified distance from cage farms in Lake Huron.

Again, this could be because the lower flow rates inL375 do not disperse settling solid

waste as much as occurs in the marine or large lake environment. IîL375, increases in

sediment Cu and Znwere detected only 1 m beyond the farm. Thorburn et al. (2004) did

not specify the exact distance from farms that their samples were obtained, but it was

apparently at least several meters from the cage edges as geo-positioning and sketch maps

were necessary to locate the tenure boundaries. It is therefore not surprising their reported

concentrations were lower than those of this study.

Heavy metals including Cu and Zn are of concem as they are often persistent in the

environment (Birge et al. 1987) and can be toxic to invertebrates (Han et al.200I; Huggett

et al. 2001; Brooks and Mahnken 2003). By the end of the study, sediment Cu andZn

exceeded both the federal Probable Effects Level (PEL) (191 ¡.tgg-r and 315 ¡tg g'1,
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respectively), and the Ontario Severe Effects Level (SEL) (1i0 ¡rg g-1 and 820 ¡tg g-t,

respectively) in the region underlying the farm (Table 3.1). This implies that the

concentrations of Cu andZn were high enough to provoke acute toxicity in exposed

invertebrates (CCME 1995; Jaagumagi and Persaud 1999). However, the unionized

ammonia levels at these stations would likely have posed a problem to the invertebrate

community before Cu or Zn concentrations.

There are several potential sources of Cu and Zn to sediment underlying cage farms.

In the marine environment, plants and animals colonize farm nets. This is undesirable

because it restricts water flow, cuts off oxygen replenishment, and retains fish wastes. The

most common method of reducing these nuisance colonizers is the application of an

antifouling coating containing Cu and Znb farmnets (Brooks and Mahnken 2003). In

freshwater systems, fouling by colonizing organisms is less problematic, and periodic

drying and brushing of the net is usually sufficient to maintain adequate water flow.

Therefore, coated nets are rarely used in freshwater aquaculture (Meeker 2005 pers.

comm.). Metals from coated nets likely reach the sediment as the antifouling coating is

abraded during mechanical cleaning of the nets and abraded particles settle to the sediment

(Brooks and Mahnken 2003). Another possible route by which these metals could reach

the sediment from treated nets is uptake by algae growing on the nets that are then

dislodged by cleaning and settle along with wastes to the sediment. However, algae

growing on treated nets have yet to be tested for metal uptake. Copper and Zn are present

in fish feed and faeces, and therefore they present a third possible source of these metals to

freshwater sediment.

Determining the origin of Cu andZn observed in sediment underlying freshwater

cage farms is critical. If Cu and Zn originate exclusively from treated nets, then simply
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eliminating the unnecessary use of treated nets at freshwater farms would eliminate Cu and

Znloading. Conversely, if Cu andZn originate from fish faeces and waste feed, then Cu

andZn could be important contaminants at all farms, and should be included in any

monitoring programs. Brooks and Mahnken (2003) determined that, in marine systems, Cu

originated primarily from antifouling coatings, but that fish faeces and feed were also

significant contributors of Zn. AtL375, the concentrations of Cu andZn were higher in the

sediment beneath the cage and at the cage edge than in either the feed or faeces, but were

substantially higher in the net material than in the sediment (Table 3.3). The coating on the

net was probably the primary source of Cu to the sediment; however, it is possible that

farm waste was the source for both Cu and Zn and that Cu andZn levels in the sediment

were enriched above their concentration in feed or faeces as organic matter in the farm

waste decayed. If this were true, then the ratio of Cu in the under-cage sediment to Cu in

the farm waste would be similar to that of Zn in the under-cage sediment to Zn in the farm

waste based on their respective solubilities. The Cu and Znpafül'iron coefficients between

sediment and freshwater are 4.2 and 3.7, respectively (Allison and Allison 2005).

Therefore, Zn should be slightly more soluble than Cu. Their respective ratios in under-

cage sediment : farm waste, however, are 1.7 for Cu and 11.8 for Zn, the opposite of

expected. If farm waste was the only source of these metals, their concentration factors

should be nearly identical or slightly higher for Cu. Their respective ratios in the under-

cage sediment : net material, conversely, were 0.008 for Cu and 0.210 for Zn. This

supports the hypothesis that the net material was the primary source of Cu, but that the

faeces and waste feed are contributing significant amounts of Zn. Identifying the net

material as the main source of Cu explains why, in September 2004, the concentration of

Cu was higher beneath the farm edge than beneath the centre of the farm (Figure 3.5).
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More net material overlies the edge of the cage than centre of the cage, thus more of the

abraded particles or algae would settle at the farm edge. The concentration of Zn was

nearly the same beneath the cage centre and at the cage edge, supporting the idea that feed,

faeces, and the net material were all important sources of Zn.

Conclusions

The temporal development of sediment and pore-water impacts along a transect in

distance from a freshwater cage farm is documented here for the first time. The

concentration of total ammonia in sediment pore-water was the primary source of variation

in sediment chemistry. It was also the chemical variable that was detectably elevated

furthest from the cage. Pore-water ammonia becomes a biologically significant variable

when combined with pH and temperature measurements to determine the concentration of

toxic unionized ammonia. Based on the results of this study, it is recommended that

monitoring programs designed to evaluate the degree and spatial extent of a farm's effect

on the benthic receiving environment include pore-water ammonia, pH, and temperature.

The concentrations of Cu and Zn were also elevated in the vicinity of the farm to

levels that surpassed the Ontario SEL and federal PEL and could contribute to sediment

toxicity to benthic invertebrates. The fish faeces and waste feed generated by the farm

were not the only source of Cu and Znto the sediment. The antifouling coating applied to

the net material was the primary source of Cu. The use of antifouling coatings on nets is

currently uncommon in freshwater aquaculture (Meeker 2005 pers. comm.). These

coatings are unnecessary for most freshwater farms, as mechanical cleaning should suffice

to remove periphyton growth on the nets. To avoid Cu accumulation in sediment
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underlying farms, their use should be discouraged. Zinc, however, may continue to

accumulate due to its concentration in fish faeces and waste feed.

In addition to elevating the concentration of potential toxicants, farm waste also

increased the concentration of TOC, TN, and TP in the vicinity of the cage, and reduced the

TN:TP ratio relative to reference sediment. Changes to sediment nutrient content may alter

its nutritional value to benthic invertebrates and could provoke changes in community

composition reflective of the changes in detritus quality and availability (Peeters et al.

2004; Vos ¿/ a\.2004; Wieking and Kroencke 2005). Invertebrates capable of tolerating

the environmental conditions associated with exposure to farm waste might take advantage

of this increase in nutrients.

Increases in sediment TP have been of particular concern because of the risk of

eutrophication posed by phosphorus additions. The TP concentration in the L375 reference

sediment frequently exceeded Ontario's SEL (Jaagumagi and Persaud 1999). While this

limit may be useful in larger lakes in Ontario, it is likely not applicable in kettle lakes with

sediment rich in organic matter such typical of ELA (Brunskill et al. l97l). This limit

should be reviewed before it is enforced at commercial farms in all lake types. Also, the

mechanisms governing phosphorus flux from the sediment underlying cage farms require

further study before the risk of eutrophication posed by commercial farms can be assessed.

In general, the effects of waste from the L375 cage were spatially localized. While

the footprint of the farm on sediment nutrients and metals concentration extended to

approximately 1 m from the edge of the cage, the footprint of the farm on pore-water total

ammonia levels extended further, to approximately 5 m from the edge of the cage. This

highlights the importance of measuring pore-water, and not just water column and sediment

chemistry in future aquaculture studies.
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Tables and Figures

Table 3.1 . Federal and provincial sediment quality guidelines for selected variables,
with values reported itr l.rg g-t dry-weight (CCME 1995; Jaagumagi and Persaud 1999).

Ontario Provincial Guidelines Canadian Federal Guidelines

Variable
Lowest Effects Severe Effects

Level Level
Interim Sediment Probable

Qualitv Guideline Effect Level
Copper (Cu)
Zinc (Zn)
Total Phosphorus
(TP)

I6
r20
600

110

820
2000

35.7
123
NA

r97
315
NA
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Table 3.2.Two-tailed t-test results, comparing sediment TOC, TN, and TP in
October 2003 with concentrations obtained in September 2004.

Variable t-value p-value Degrees of Freedom

Total organic carbon (TOC)
Total nitrogen (TN)

1.06

4.23
-0.46

0.48
0.15
0.69Total
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Table 3.3. Mean concentration of metals and nutrients in reference sediment (45 m

from farm edge), sediment beneath the cage, feed, farm waste, and the net pen material.

Concentrations in mg g-r dry-weight. NA : not analysed.

Reference
Under-

cage

sediment sediment
Sep 04 Sep 04

Feed Feed
2003 2004

Farm
waste Net pen

2004 material

Variable (n:4) (n:4) (n:3) (n:3) ("-l)______("=1L
Aluminum
Barium
Cadmium
Calcium
Chromium
Cobalt
Copper
kon
Lead
Magnesium
Manganese
Molybdenum
Nickel
Potassium
Sodium
Strontium
Zinc
Organic carbon
Nitrogen

14.275
1.3925
0.0069

6,018
0.0092
0.0101

0.019
108.100
0.0345

1.850
45.200
0.1066
0.0135

t.675
0.230
0.042
0.108
124.6

9.4

406.0
42.3

0.1 50
0.026

0.00019
65.900
0.0033
0.0010

0.073
0.688

0.0043
1.430
1.160

0.0006
0.0024

0.800
0.920
0.107
0.930
439.0
42.4

NA
NA
NA
NA
NA
NA

r6.4258
NA
NA
NA
NA
NA
NA
NA
NA
NA

6.0542
NA
NA

0.38s 0.047 0.046
0.028 0.0018 0.0036

0.0002 0.00007 0.0002s
77.975 13.567 13.533

0.0079 0.0008 0.0011

0.0013 0.0002 0.000s
0.t2s 0.028 0.033

3.185 0.40s 0.s37
0.0045 0.000s 0.0005

1.57 5 r.261 1.467

1.1 18 0.103 0.123
0.0017 0.0001 0.0009
0.0042 0.0008 0.0015
0.810 6.933 s.967
2.27s 6.767 4.933
0.135 0.022 0.026
t.268 0.223 0.200

NA 482.0
NA 10.5

10.667 10.733

75



Cage Centre
o

Cage Edge
o

1m
a

45m
o

5m 20m
ao

3m 15m
oo

10m
o

2-l-2a-J-4-5

Principle Components Axis Score
Fig. 3.i. Mean scores on the first PCA axis for sediment collected from along the

transect with distance from the farm's edge on September 2004. The axis explained 89.8%

of the variation in the dataset. Variables with eigenvectors > 10.251 included total pore-

water ammonia (-0.549), phosphorus (-0.279), calcium (-0.249), aluminum (0.280), and

iron (0.286). Spread on y-axis is only to disperse points for legibility. The y-axis does not
represent a variable.
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Fig.3.2. Mean total ammonia (pg L-'; in sediment pore-water obtained from the

transect stations sampled on July 2003 (a), October 2003 (b), }y'.ay 2004 (c), and September
2004 (d). Error bars indicate one standard error of the mean. Circles reflect Tukey's
groupings. In September 2004, the 1 m station was excluded from statistical analyses to

meet ANOVA assumptions; it is therefore not part of a Tukey's group.
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Fig. 3.4. Mean sediment total organic carbon (TOC), total nitrogen (TN), and total
phosphorus (TP) concentration (mg g-') at different distances from the L375 farm. The

distance transect was sampled before farming (circles) and at the end of the farming season

(triangles) in 2003 (a,b, &. c) and 2004 (d, e, & Ð. ln 2003, the transect was also sampled
in July (squares). Er¡or bars represent one standard error of the mean. Note: in May 2003,
TOC, TN, and TP, were only measured in samples taken under the cage. In May 2004,TP
was only measured in samples at the under-cage station and at the reference station 45 m
away.
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meet ANOVA assumptions. They are therefore not included within a Tukey's group.
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Chapter IV: Farm Effects on the Zoobenthos

Introduction

The increasing protein demands of the global human population cannot be met by

capture fisheries, which have reached a production plateau. Over the past fifteen years,

annual global capture has remained at approximately 90 million tonnes, with approximately

10% of this coming from inland waters (FAO 2004). In North America, inland capture has

been in decline (FAO 2004). With no expected increase in capture fishery yield, we will

need to rely increasingly on aquaculture (Tidwell and Allan 2002).

In Canada, freshwater cage aquaculture grew from a $7 million industry in 1984 to

a $548 million industry in 1999; however, the industry has since stagnated (Walker et al.

2003). Since 2002, the production of rainbow trout Onchorynchus mykiss (Walbaum), the

primary freshwater species inCanada,has declined (StatsCan 2005). The failure of the

industry to grow, despite consistent or increasing demand for its product, is partially the

result of a precautionary regulatory environment (Gauthier et al, 2002). This has largely

resulted from inadequate scientific understanding of the environmental impacts of

freshwater aquaculture on receiving waters (Yan 2005).

Freshwater aquaculture contributes only a small fraction of total Canadian finfish

production (cø. 4.5o/o by-weight in2004), with the remainder coming from marine farms

(StatsCan 2005). As a result, the environmental impacts of freshwater aquaculture have

received relatively little study in Canada and are poorly understood. The published

literature regarding freshwater cage culture is of little relevance to Canada because of

differences in climate, fish and invertebrate communities, and farming practices. It is also

often compromised by lack of controls or pre-impact data (Clerk et al. 2004; Yan 2005),
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and by confounding variables (Ackefors and Enell 1994; Håkanson et al. I998;Diaz et al.

2001).

The lack of applicable data of freshwater aquaculture effects is an important factor

contributing to the restrictive regulatory environment. The primary environmental

concerns with cage aquaculture are associated with waste released into the aquatic

environment and the potential ecological and genetic consequences of escapees. In

Canada, cage aqvaculture is restricted to rainbow trout, an introduced species already

deliberately and widely stocked; therefore, nutrient enrichment and the impacts of

settleable solids are the main focus of environmental concern.

Environmental changes associated with point source organic enrichment have been

observed in the vicinity of some fish farms. These include increased sediment organic

matter and nutrient content (Dobrowolski 1987; Cornel and Whoriskey l993;Diaz et al.

200I), the accumulation of ammonia and heavy metals (Enell and Lof 1983; Doughty and

McPhail 1995; Troell and Berg1997; Brooks and Mahnken 2003), and hypolimnetic and

sediment oxygen depletion (Enell and Lof 1983; Cornel and Whoriskey 1993; Axler et al.

1996; Axler et a|.1998; Veenstra et a\.2003; Clerk et a\.2004). These environmental

changes may affect the zoobenthos.

The main objective of this study was to document, for the first time, the

development of changes in the benthic invertebrate community of a lake after the

coÍtmencement of fish farming. Zoobenthos are an important component of any lake

ecosystem. They is a source of food for wild fish, and bioturbation of sediments by

invertebrates is important in regulating sediment-water interface processes (Graneli I979;

Robbins 1982; Kranlzbergand Stokes 1985; Strayer 1985; Nickell et aL.2003). Benthic

invertebrates are sensitive to environmental change and are the faunal group most
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frequently used to assess anthropogenic impacts in freshwater environments (Rosenberg

and Resh 1993). As the majority of the waste produced by cage aquaculture is in the form

of settleable solids (Cho and Bureau 1997;Yokom et al. 1997;Lin et al.2002; Bureau e/

al.2003), these organisms are particularly relevant to assessing impacts of the aquaculture

industry.

A secondary objective of this study was to observe the changes in the invertebrate

community along a transect from the cage farm, and thus a gradient in organic deposition.

The goal was to document the spatial extent of a farm's impact. Solid wastes settle

relatively quickly (Elberizon and Kelly 1998; Chen et al. 1999), thus waste loading will

decrease with distance from a farm, producing a gradient in organic enrichment. The

steepness of this gradient will depend upon flow rate within the receiving environment

(Elberizon and Kelly 1998). Chemical and physical changes in response to farm waste

accumulation will apply stress to infaunal and epifaunal benthic invertebrates and may

produce significant structural changes in the zoobenthic community along the gradient in

waste deposition. For example, in the vicinity of the farm community composition may

shift towards species less sensitive to stresses associated with organic deposition (Cornel

and'Whoriskey 1993; Brown and King 1995; Pohle et a\.2001). Pearson and Rosenberg

(1978) described three changes expected to occur in benthic invertebrate community

structure along an organic enrichment gradient in marine environments. They predicted

changes in invertebrate density, diversity, and biomass (Figure 1.1).

Along the gradient established between the under-cage environment and the un-

impacted area, two communities will occur: a normal community and a tolerant one. In the

area between, diversity may be elevated if members of both the un-impacted and the

affected communities co-occur (Pearson and Rosenberg 1978). Further along the gradient
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toward increasing organic deposition, invertebrate taxa richness will decline as sensitive

taxa are progressively eliminated. The abundance and dominance of organisms resistant to

organic enrichment will increase to a maximum in the absence of competition from these

excluded taxa (Hutchinson 1957; Dobrowolski 1987; Camargo 1992b; Doughty and

McPhail 1995; Pulliam 2000; Kirkagac et a\.2004). Groups of enrichment-toleranttaxa

inhabiting the profundal zone include tubificid oligochaetes and chironomids of the

Chironomini tribe. These taxa are larger-bodied than many other profundal taxa, including

those likely to be sensitive to enrichment (e.g. Harpacticoida and Ostracoda), though

smaller than others (e.g. Sphaeriidae) (Strayer 1985). A peak in total biomass may occur at

moderate levels of organic enrichment, either due to an increase in the relative abundance

of larger-bodied toleranttaxa,because of an increase in density regardless of changes in

mean species size (Pearson and Rosenberg 1978), or because individual biomass (average

weight of an individual of a particular taxon) is elevated by stimulation from increased

sediment nutritional value (Peeters et al, 2004; Vos e/ aL.2004). If environmental stress

associated with enrichment surpasses the tolerance of tolerant taxa,total density will

decline to zero, as will diversity and biomass.

To meet the objectives of this chapter, I examined the development of cage

aquaculture impacts on the zoobenthos before the establishment and during the first two

operating years of an experimenlal O. mykiss farm. For the first time, these impacts are

studied along a spatial gradient in farm waste loading, with samples obtained regularly at

different distances from the farm. This study is unique because it was conducted in an

experimental lake, free of the confounding nutrient inputs that affected past observational

studies at commercial farms.
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Methods

Study Design

An experimental O. mykiss farm was established in June 2003 in the north basin of

experimental Lake 375. The farm was approximately 10 m by 10 m by 10 m in volume

and was stocked with approximately 10,000 female O. mykiss, each weighing

approximately 100 g. From June to October in 2003 and2004, sediment core samples were

obtained approximately monthly along the 15 m isobath at different distances from the fish

farm. These distances included beneath the centre of the farm, at the edge of the cage and

1,3,5,15, and 45 m from the farm edge (Figure I.2). Five replicate core samples were

obtained from each distance between June 2003 and July 2004. Based on preliminary

analyses, the number of replicates was increased to seven at each site for July, August, and

September 2004. Two additional stations were added to the transect for these three

months; one at 10 m and another at20 m from the edge of the cage.

Core Samples

Cores from beneath the cage were obtained by SCUBA divers. All other cores were

obtained using a Kajak-Brinkhurst corer. The inner diameter of the tubes used to obtain

cores was 4.80 cm and they were 30.0 cm in length. They retrieved roughly the upper 25

cm of sediment with 5 cm of overlying water. Strayer (1985) found no zoobenthos deeper

than}} cm from the sediment surface in his study of an oligotrohpic lake with sediment

similar to L375's. Podemski's unpublished examination of the depth distribution of L315

zoobenthos suggests that a similar depth threshold would apply to this study. The majority

of invertebrates in the sediment would therefore have been captured in these cores.
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Core samples were washed through a250 ¡rm mesh to remove f,rne particles. The

residual samples were fixed in I0% formalin for two weeks, then transferredto 90Yo

ethanol, and finally to 7}Yo ethanol for long-term storage. Invertebrates were then

removed and sorted by hand, using a 6-50X dissecting microscope. The invertebrates were

identified to the lowest practical taxonomic level using recent keys (Merritt and Cummins

1996; Thorp and Covich 2001).

Chironomid larvae were slide-mounted in Euparal and identified to Genus using a

50-1000X compound microscope with differential inference and phase contrast (Sæther er

a|.2000). Individuals that could not be identified to Genus were categorized as

"unknown." All individuals were successfully identified to tribe. Chironomidae

identifications were confirmed by Dr. Ian R. 'Walker 
at the University of British Columbia.

Voucher specimens of all identified taxa have been deposited at the J.B. Wallis Museum at

the University of Manitoba.

Invertebrate Metrícs

Invertebrate diversity, density, and dry-weight biomass were determined for each

core. Guo and Li (2003) and Kirkagac et al. (2004) found that benthic invertebrate

richness was as responsive to aquaculture waste as Margalef, Simpson's, or the Shannon-

'Wiener diversity indices. Taxa richness was therefore used to measure diversity.

The number of individuals of each taxon within each core was counted to determine

abundance. Abundance was then converted to numbers *-' on the basis that each core

sample encompassed 18.096 cm2 of sediment surface area.

To measure biomass, the total formalin- and ethanol-preserved biomass of each

taxon, except the Chironomidae, was determined on a per core basis by drying the

86



organisms for 10 days at 40oC. Chironomidae were excluded so they could be identified to

a finer taxonomic level. The length of each Chironomidae larva was determined using a

computerized digitizing program developed by Roff and Hopcroft (1986), in which the

length of a curve is determined from a series of points. The system has high precision for

multiple measurements (Roff and Hopcroft 1986). Length was then converted into non-

preserved dry-weight based on the equation biomass (dry-weight): a t lengthó (Benke er

al. 1999). The appropnate a and b constants were obtained from the literature (Table 4.1)

(Benke et al. 1999). To determine total sample biomass, the chironomid weights were

divided by 1.95 to adjust for weight loss due to preservation (Howmlller 1972). It was

preferable to adjust chironomid non-preserved dry-weights to preserved dry-weights rather

than attempt to convert the preserved dry-weights of all other taxa to non-preserved dry-

weights because weight loss due to preservation varies amongst taxa (Leuven et al. 1985).

For example, Leuven et al. (1985) found that after a three-month period in 70% ethanol

mean weight loss varied 7.2% - 2I.9% between a gastropod, an isopod, a Hirudinea, and a

chironomid species. The fraction of dry-weight lost by preservation is not known for many

of the zoobenthic taxa found inL375; however, this fraction has been studied for

chironomids (e.g. Howmiller I972;Lewen et al. 1985). Adjusted chironomid weights

were then summed with weights of all other taxa to obtain total sample biomass as

preserved dry-weight. To determine mean individual biomass, total biomass was divided

by total abundance. Mean individual biomass was also calculated for each taxon; biomass

by taxon was divided by that taxon's abundance.
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Statistical Analyses

Statistical analysis of the zoobenthic community structure was conducted separately

for each sampling date. Taxathat were present in fewer than two replicates at less than 5o/o

of the sample's total density on a given sampling date were considered o'tate," and were

excluded from the community analysis for that date. At the generic level, most chironomid

taxa were considered rare. In order to include the Chironomidae it was therefore necessary

to lump them to the tribal level. The density measures of taxa not considered "rare" were

log-transformed prior to principal components analysis (PCA) using a covariance matrix.

Log-transformation produced linear relationships among variables. PCA was performed

using the PC-ORD v. 4.0 statistical software package (McCune and Mefford 1999).

The Pearson product moment correlation coefficient was measured between

significant principal component axes scores and distance from the farm to determine

whether observed community changes were occurring along a gradient in organic

deposition. These analyses were performed with the MINITAB v. 12.1 statistical software

package (MINITAB 1 998).

For each sampling date, differences in taxa richness, density, and both total and

mean individual biomass between stations were examined by one-way ANOVA and

Tukey's multiple comparison tests. Assumptions of normality and homogeneity of

residuals were tested using Anderson-Darling and Levene's tests, respectively. Where

necessary, raw data were log- or square-root transformed prior to statistical tests in order to

meet the assumptions of ANOVA. Where transforming the data did not alleviate violations

of ANOVA assumptions, the non-parametric Kruskal-V/allis test was used. All ANOVA,

Anderson-Darling, Levene's, Tukey's, and Kruksal-Wallis tests were conducted using the

MINITAB v. I2.l statistical software package (MINITAB i998).
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Total biomass and mean individual biomass obtained from the transect in June 2003

were compared with measures obtained in June 2004 with a one-tailed paired t-test. T-tests

were performed using MINITAB v. l2.l statistical software (MINITAB 1998).

Power analysis was performed to assess the number of replicates required to obtain

0.80 power to detect a significant difference between station means for all four biological

metrics. Power analysis was conducted using MINITAB v. l2.l (MINITAB 1998).

Results

Principal Components Analysis

There was a major change in community composition over the two years following

the farm's initiation. Before the farm became operational (June 2003), the first three PCA

axes were significant, as indicated by eigenvalues larger than their broken-stick eigenvalues

(McCune and Grace 2002) (Table 4.2). The first axis (PCl) explained 39.154% of the total

variance. It was dominated by Nematoda with an eigenvector value of -0.7329. The second

axis (PC2) explained 34.067% of the total variance. It was dominated by the chironomid

tribe Orthocladiini, with an eigenvector value of 0.6812. The third axis (PC3) explained

17.374% of the total variance. It was dominated by the bivalve family Sphaeriidae with an

eigenvector value of 0.6437 . The absolute eigenvector values of other taxa were less than

0.3. There was no trend between distance from the farm and any of these axes, with non-

significant Pearson product moment correlation coefficients þ > 0.05).

One year later (June 2004), only the first PCA axis was significant, explaining

84.097% of total variance. Along this axis there was a clear trend with distance from the

farm. The stations 15 m and 45 m from the cage edge were clustered in the direction of

increasing abundance of all taxa, whereas stations from beneath the farm to 5 m from the
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farm edge lay in the direction of decreasing abundance of alltaxa (Figure 4.I a). This

correlation was significant with a Pearson product moment correlation coefficient between

PCI score and distance from the farm of -0.861 (p < 0.001). All taxa had negative

eigenvectors on this axis; the primary variation in community structure was change in total

density and that the density of all taxa increased with distance from the farm. The axis

was dominated by change in Ostracoda density, with an eigenvector value of -0.8077.

By September 2004, this trend had strengthened. Again, there was only one

significant axis, explaining 91.8% of the total variance, and alltaxahad negative

eigenvectors on this axis. The trend with distance remained clear, with the stations beneath

the farm to 3 m from the farm's edge clustered in the direction of decreasing density for all

taxa. The stations 10 m to 45 m from the farm's edge were clustered at the opposite side in

the direction of increasing invertebrate abundance (Figure 4.1 b). This trend was

significant with a Pearson product moment correlation coefficient for PCl score and

distance from the farm of -0.6gI (p <0.001). The axis was dominated by change in the

density of Ostracoda (eigenvector value: -0.6199) and Tanytarsini (eigenvector value: -

0.6780).

Changes with Distance

Before the farm became operational in June 2003, there was variation in total

density, taxa richness, total biomass and mean individual biomass along the transect;

however, there were no significant differences between station means (Figure 4.2 a-c).

Mean individual biomass was low at all stations, with an all taxa - mean of 7.42 mg (SE :

+ 1.54) (Figure 4.3 a).
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Total density was the first metric to be detectably affected by farming. It was

significantly reduced beneath the cage by August 2003 (one-way ANOVA, Fa,zs :7.40, p <

0.001). Taxa richness and total biomass were first detectably affected in October 2003

(one-way ANOVA for taxa richness, F6,zB : 6.19, p < 0.001; one-way ANOVA for total

biomass, F6,28 : 10.46,p < 0.001). Both were significantly depressed beneath the cage, as

was observed with total density. Mean individual biomass was not significantly affected at

any distance from the farm in the first year of operation. It was first detectably affected in

May 2004 (one-way ANOVA, F6,rs : 5.72, p: 0.002). Unlike the other biological metrics

which were depressed beneath the farm, Tukey's results indicate mean individual biomass

increased beneath the cage.

By June 2004, the benthic invertebrate community was altered beyond the perimeter

of the farm (Figure 4.2 d-f). Based on Tukey's groupings, there were significantly fewer

taxa within 5 m of the farm's edge than at the stations l5 m and 45 m from the farm edge.

Because it was necessary to use the non-parametric Kruskal-Wallis test to compare total

densities, it was not possible to perform a multiple comparison test. However, it appears

that the pattern evident in taxa richness was repeated; total invertebrate density was

consistently lower within 5 m of the farm's edge. Density reductions occurred in all taxa,

with only Chironomini larvae and nematodes remaining beneath the cage. Total biomass

was more variable and the average values were higher than in June 2003 (one-tailed t-test

on mean total biomass paired by distance'. t: 6.52, df :7, p < 0.001). However, this was

true at all sampling locations along the transect, and no signif,rcant difference between

distances was detected (Figure 4.2 Ð. Mean individual biomass was also higher in June

2004 than in June 2003 (one-tailed t-test on average mean individual biomass paired by

station: t: 2.59, df : 7 , p: 0.020), but unlike total biomass, it was significantly elevated in
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the vicinity of the farm in June 2004 (Figure 4.3 b). The trend was not as consistent as that

observed for total density or taxa richness. A Tukey's multiple comparison test revealed

that mean individual biomass was significantly elevated (relative to the reference station 45

m from the farm edge) beneath the cage and 1 m from its edge, but not at the farm edge

between these stations. The mean individual biomass measures beneath the farm, under the

farm edge, and 1 m beyond the farm's edge were 0.87882 g (SE : + 0.22344 g),0.28707 g

(SE: + 0.10790 g), and 0.70237 g (SE: È 0.11801 g), respectively. Mean individual

biomass beneath the farm edge was more than an order of magnitude higher than at the

reference station 45 m from the farm edge (0.02029 g, SE: + 0.00796 g), but due to high

variability this difference is not significant (Figure 4.3 b). Conversely, no taxon-specific

mean individual biomass displayed a significant difference along the transect (one-way

ANOVAs,p > 0.05). Consequently, the observed significant increase in mean individual

biomass across alltaxa is not attributable to an increase in any particular taxon's mean

individual mass.

Total invertebrate density andtaxarichness was affected throughout the second

production season at the farm (Figure 4.2 g-i). Duringthe2004 sampling period, the size

of the affected area appeared to be stable at approximately 5 m from the farm's edge.

Total biomass was highly variable but was significantly reduced in the vicinity of the farm

in the September 2004 sampling period. Based on a visual comparison of standard error bar

overlap, it appears this difference resulted from total biomass measures of zero at the

stations where no invertebrates were found (beneath the cage edge and lm beyond the

farm). Variability in mean individual biomass also remained high throughout 2004 (Figure

4.3 c). Due to low invertebrate density in the vicinity of the farm, there were many missing

values. For example, in September 2004, of 63 core samples obtained from the transect,26
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contained no macroinvertebrates. There were no macroinvertebrate individuals collected

from the stations beneath or 1m beyond the cage edge. With missing values, uneven

numbers of individuals to measure between stations, and high variance, ANOVA

assumptions could not be met by transformation. There was no significant difference

(Kruskall -'Wallis, H:48.87, df : 8,p < 0.00i) in median mean individual biomass

befween stations in Septemb er 2004 (Figure 4.3 c).

Discussion

Community Changes: PCA

Before the farm became operational, the community was not affected by any

gradients parallel to the distance transect. During the first two seasons of farm activity,

proximity to the farm, and thus organic loading, became the principal force acting on the

community. There were two identifiable community types along the distance transect that

developed during this study. The first was located within 5 m of the farm's edge and was

affected by deposition of solid waste from the farm. This community was charactenzedby

the presence of only two taxa in low densities, approximately 75Yo chironomids in the tribe

Chironomini and 25o/o nematodes. The second community was located beyond 5 m from

the farm edge. In this region, the benthic invertebrate community was representative of

that found throughout the lake at 15 m depth. This community was dominated by

Ostracoda with variation in the relative abundance of Nematoda, Orthocladiini, and

Sphaeriidae. It generally had higher zoobenthic diversity and densities than the impacted

community. The transition zone befween these two communities was sufficiently narrow

that the spatial scale of our sampling was not fine enough to detect it.
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The boundary between affected and unaffected regions was steep in the zoobenthic

changes wrought by a marine salmonid cage farm in Puget Sound (Weston 1990). Weston

(1990) suggested this was because solid farm waste settled rapidly and was not dispersed

far from the cage perimeter. In a small freshwater dimictic lake, there would be even less

waste dispersal because flow rates are typically very low throughout the farming season

(Elberizon and Kelly 1998). Instead, the waste accumulates in a distinct pile beneath the

farm (Lick 1981; IOA 1990; Cornel and Whoriskey 1993). Samples obtained from this pile

are characteristic of the affected community, whereas samples obtained adjacent to the pile

are characteristic of the unaffected community.

The distribution of taxa is dependent on their habitat requirements (Hutchinson

1957). The accumulation of farm waste will alter environmental conditions, affecting the

zoobenthos on the basis of community members' environmental tolerances. There are

numerous environmental changes associated with fish farm waste deposition that could

account for the observed changes in the zoobenthos.

One environmental variable that could be responsible for some of the observed

changes in the zoobenthos near the farm is oxygen depletion, as oxygen is consumed in the

mineralization of organic carbon-rich farm waste (Loch et al. 1996; Findlay and Watling

1997; Schlesinger 1997 Kirkagac et aL.2004). The affected community was characterized

by Chironomini. They have been identif,red as enrichment opportunists capable of

surviving under the low dissolved oxygen levels associated with organic waste deposits

(Nebeker 1972; Hamburger et al. 1995; Scholz and Zerbst-Boroffka 1998; Clerk et al.

2000; Hamburger et aL.2000; Clerk et al.2004). They are well adapted to low oxygen

conditions with haemoglobin-like respiratory pigments that enable them to maintain

aerobic metabolism at2 mgOzL'r (Hamburger et a|.2000), and glycogen reserves that
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permit them to carry out anaerobic metabolism to survive months at levels as low as 0.2 mg

OzL-t (Scholz and Zerbst-Boroffka i998; Hamburger et at.2OO0). By September 2004,

the density of Tanytarsini larvae was one of the two taxonomic groups most strongly

inversely-correlated with the significant PCA axis and proximity to the farm. Their density

significantly decreased with proximity to the farm. Authors have noted that the

replacement of Tanytarsini larvae with Chironomini larvae is typical under oxygen

depletion because the Tanlarsini have higher oxygen requirements (Dobrowolski 1987;

Clerk et aL.2000; Clerk et a\.2004). Oxygen may be an important factor regulating

community changes associated with new cage farms in small dimictic lakes.

A second factor potentially responsible for the observed changes in the zoobenthic

community is elevated sedimentation associated with settling solid farm waste. Ostracoda

density dominated the significant PCA axes in June and September 2004. Ostracods can

persist at relatively low oxygen concentrations (e.g. 3 mg 02 L-r), and might therefore

tolerate dissolved oxygen reductions (Delorme 2001). Their abundance is generally a

function of water depth, food availability and substrate (Delorme 2001). As detritivore-

herbivores, their food's availability would likely increase from the deposition of nutrient

rich, organic waste underlying a cage farm (Strayer 1985). However, a change in substrate

could be responsible for their elimination as they require a stable sediment water interface

(Delorme 2001). They would therefore be excluded by high sedimentation rates caused by

settling farm waste.

A third possibility is that farm waste break-down products accumulated to reach

toxic levels. A likely candidate would include unionized ammonia, the toxic by-product of

protein decomposition (McCahon et al. l99I; Hickey et al. 1999). Elevated ammonia has

been observed where fish farm waste accumulates (Axler et al. 1996; Troell and Berg
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1997; Veenstra et aL.2003). In this study, pore-water unionized ammonia beneath the farm

might have reached 0.110 mg L-t (SE: + 0.005). This is below the concentration reported

to be acutely toxic to many zoobenthic invertebrates characteristic of L375 (Thurston et al.

1984; Arthur et al. 1987; Hickey and Vickers 1994; Maltby 1995; Monda et al. 1995;

Schubauer-Berigan and Monson i995). Chronic toxicity thresholds are not as well studied,

particularly for exposure times exceeding one months (Hickey et al. 1999). It is therefore

possible that chronic exposure resulted in population level effects on the L375 zoobenthos.

Similarly, the accumulation of waste-associated heavy metals such as zinc or copper

may have caused a toxic response among the zoobenthos exposed to fatm waste. Zinc and

copper concentrations have been observed to increase in sediment underlying marine cage

farms (Brooks and Mahnken 2003). The concentration of these metals permissible in

sediment is regulated by the federal and Ontario provincial governments in Canada. Based

on extensive empirical evidence, levels in excess of governmental guidelines are likely to

cause toxic responses among most benthic invertebrates (CCME 1995; Jaagumagi and

Persaud 1999).

Changes in Density

Benthic macroinvertebrate density was significantly depressed beneath the farm by

August 2003, within two months of the farm's activation. The rapid response of

zoobenthic density may be attributable to an immediate increase in sedimentation rate and

localized oxygen depletion. lnvertebrate density was a sensitive indicator of farming

impacts that was relatively simple to measure as it did not require invertebrate

identification. Even taxa such as the Chironomini, which are relatively tolerant of organic

enrichment, were present at only very low density in the vicinity of the farm. This
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indicates that environmental conditions beneath the farm were representative of the highest

loading rates in the Pearson and Rosenberg (1978) model, where the tolerance thresholds of

even enrichment specialists are exceeded.

The low-density zone observed in the vicinity of the farm is unusual compared to

observations in the published aquaculture literature. For example, Doughty and McPhail

(1995) examined the benthic invertebrate community of ten Scottish freshwater lochs with

cage farms. They found a general increase in total density due to the development of very

dense populations of oligochaetes within25 m of the farms. In Loch Awe, oligochaete

density reached 334 367 individuals m-2 atthe farm compared to an average 176

individuals m-2 at control sites (Doughty and McPhail 1995). In Dobrowolski's (1987)

study of a cage farm in polish Lake Letowskie, Chironomini larvae and Tubificidae were

responsible for elevated invertebrate density adjacent to acage farm. Unfortunately,

neither Doughty and McPhail (1995) nor Dobrowolski (1987) collected pre-farm data and

Doughty and McPhail (1995) did not report the ages of their farms. The farm in Lake

Letowskie became operational in 1970, but sampling was not conducted until 1977 . It 1s

therefore impossible to determine exactly how long it took these dense populations to

become established or whether the Chironomini and the Tubificidae were abundant prior to

farming.

Cornel and Whoriskey (1993) published the only Canadian study to address the

influence of a cage farm on the benthic invertebrate community of a lake. They found only

three benthic invertebrates, all chironomid lawae, in a total of 236 Ekman grab samples

obtained from stations located adjacent to a rainbow trout farm, at a mid-lake station ca.

240 m away, and at a remote reference station approximately 710 m away. However, they

used a 1 mm mesh sieve to wash their samples prior to sorting for invertebrates. This size
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sieve might retain a portion of the macrofauna, e.g.lawae of some of the larger

Chironomini, but certainly any ostracods or nematodes would be lost (Strayer 1985). Their

finding of low benthic invertebrate density is therefore compromised by sampling bias.

Guo and Li's (2003) findings better reflect those of this study, probably because

they too examined the development of benthic impacts during the first operating season of

a new farm. They found that benthic invertebrate density was depressed beneath a cage

farm in Lake Niushanghu, China relative to just outside the farm (the actual distance from

the farm is not reported). After one growing season, mean invertebrate density beneath

their cage was 16 individuals --' "o-pared 
with 165 individuals m-2 outside the farm.

Oligochaetes constituted 68.8% of the total density beneath the cage (11 individuals m-2),

but only 35.8% of the total density outside the cage (59 individuals m-2). Outside the cage,

the community was dominated by aquatic insects (5I.5% or 85 individuals m-';. Howevet,

the authors did not report invertebrate density from a control location or from along a

transect with distance from the farm, so it cannot be determined whether their farm

produced a peak in enrichment specialist density at some distance beyond the observed

depression. It should also be noted that their farm was located in relatively shallow water,

at a mean depth of 2.5 m. The background community at their site was therefore

characteristic of the littoral zone, whereas in our study the farm was situated over the

profundal zone. Modern Canadian cage farms are not situated over the littoral zone.

The development of a community of enrichment specialists requires that these taxa

be present in the lake or in nearby waters, and that they be sufficiently mobile at some stage

of their life cycle to encounter the farm waste. Tubificid oligochaetes are the most often

cited enrichment opportunist in freshwater receiving organic waste (Dobrowolski 1987;

Camargo I992a; Camargo 1992b; Brown and King 1995; Doughty and McPhail 1995;
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Loch et al. 1996; Guo and Li2003; Clerk et aL.2004; Kirkagac et aL.2004). Tubif,rcidae

oligochaetes such as Potamothrix spp. can tolerate levels of oxygen as low as 1 mg OzL-t,

whereas Chironomini larvae, another group of often cited enrichment opportunists, require

2 mg 02 L-l (Hamburger et al. 2000). No oligochaetes were present in any sample obtained

on any sampling date, but Chironomini larvae were present throughout the course of the

study. Hamilton (I97I) confirmed that enrichment specialist oligochaetes are not abundant

in ELA lakes. They are particularly rare in small shallow lakes like L375 (Hamilton 1971).

Non-tubificid oligochaetes are present inL375, but they are a relatively rare taxon, and

tubif,rcid oligochaetes have never been collected in L375 or its headwater lake (Podemski

2005 pers. comm.). Colonization of the waste deposit by enrichment specialists will likely

follow the principles of island biogeography theory; colonization dynamics will be

governed by the size of the organically enriched area, the distance to the nearest source of

colonists, and the mobility of those colonists (MacArthur and Wilson 1967). The surface

area of L375 is approximately 0.232km2, whereas the 'foot print' of the farm, the area

receiving solid waste, could be as large as 20 m by 20 m if it is assumed to extend 5 m from

the farm's edge. In this case, the 'island' suitable for specialist colonization would be only

400 m2. Adult chironomids are capable of dispersal through flight, and their floating egg

masses and planktonic first instar larvae can be distributed across the water's surface by

wind action, whereas tubificids spend their entire life cycle in the sediment. Tubificids

therefore have relatively low mobility (Lang 1998). These are likely the reasons that

Chironomini were able to colonize the area beneath the cage within the time-frame of this

study, whereas tubificids were not. As noted above, elevated densities beneath cage farms

were observed in farms that had been in operation for many years. No one has previously
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observed the development of a cage farm's impact on the profundal zoobenthos. Over

time, tubificids may come to colonize the region of sediment receiving farm waste.

Changes in Taxa Richness

Taxa richness was slower to register a change in the zoobenthic community than

invertebrate density. There was a significant difference between station means by October

2003, within four months of the farm's initiation. Taxa richness was likely a less sensitive

indicator of farming impacts than total density because it was more variable between

replicates. For example, in June 2003,before farming began, to obtain 0.8 statistical power

would require 12 replicates for taxa richness, but only two for invertebrate density.

Statistical power is a measure of the probability a statistical test will accurately detect a

treatment effect. It is defined as 1-8, where B is the probability that atest will accept the

null hypothesis that there is no effect of treatment when it is untrue. A statistical power of

0.8 means there is an80o/o likelihood of detecting a false null hypothesis.

The observed reduction in taxa richness in the vicinity of the farm corresponds with

observations from other aquaculture studies at cage farms (Dobrowolski 1987; Doughty

and McPhail 1995; Guo and Li20O3), and downstream of land-based farm effluent outfalls

(Camargo 1992a; Camargo I992b; Brown and King 1995; Selong and Helfrich 1998; Fries

and Bowle s 2002; Kirkagac et al. 2004). These reported reductions have been largely

attributed to the impacts of settleable solid wastes. As invertebrate taxa are differentially

sensitive to the stresses associated with organic enrichment, they are progressively

eliminated as enrichment increases.

The affected region inL375 was characterizedby extremely low densities of only

Chironomini and Nematoda, taxathatwere also present in the unaffected region. The
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waste-affected areawas not colonized by new taxa tolerant of organic enrichment, though

this may occur eventually.

Changes in Biomass

Invertebrate biomass metrics took longer to evince a detectable response to farm

activity than invertebrate density. A significant difference in average total biomass

between sampling sites was first detected in Octob er 2003, at the same time as the first

significant difference in mean taxa richness was observed. Again, variability between

replicates is likely responsible for the slower observed response time with this metric. The

pre-farming coefficient of variation for total biomass along the transectwas I25Yo,

compared to 5lo/o for total density. Power analysis indicated that it would require 17

replicate samples per distance station to obtain a 0.8 power to detect a difference in total

biomass, more than the 72 required for taxa richness and much more than the two required

for total density. For this reason, a significant difference in mean individual biomass along

the distance transect was not observed until May 2004.

The effect of organic loading on benthic invertebrate biomass in freshwater systems

has seldom been examined. Dobrowolski (1987) reported that high inter-annual variation

and a few large, pollution-sensitive molluscs controlled the response of total biomass to

organic enrichment in Lake Letowski. However, there was a consistent pattem in mean

individual biomass with increasing organic enrichment: a general decline in mean

individual biomass with proximity to the farm, but an increase directly beneath the cage.

When molluscs were excluded from the analysis, the increase in mean individual biomass

beneath the farm was more marked. Mean individual biomass provides insight into the

mechanisms behind observed biological changes (Morris and Keough2002). For example,
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an increase in mean individual biomass could be caused by stimulation if farm waste

improves food quality for the invertebrates residing nearby (Peeters et a\.2004;Yos et al.

2004). Total biomass, on the other hand, can be used to identify community changes where

aveÍage body size differs between taxa: for example, where larger-bodied Chironomini

replace smaller-bodied Tanytarsini. Both metrics are valuable, but the issue of rare, large-

bodied taxa must be addressed.

InL375, total biomass was variable between study years. It was signif,rcantly

higher across the entire transect in June 2004 than in June 2003; however, there was no

difference among the stations on either date (p > 0.05). The difference between sampling

years is likely due to normal inter-annual variability rather than the fish farm. By

September 2004, there was a significant difference in median total biomass measures

among the stations. It was necessary to use non-parametric statistics to measure this

difference, thus a multiple comparison test was not possible and the cause of the observed

difference is therefore uncertain. The difference is likely because there were no

macroinvertebrates at stations beneath the cage edge and 1 m away. Reduced abundance in

the vicinity of the farm, however, cannot be entirely responsible. Beneath the cage in

September 2004, one large Chironomini larva contributed as much to total biomass as the

23 individuals of various taxa found at the station 5 m from the farm edge. Chironomids,

particularly the Chironomini, can be quite large. They commonly contribute more to

profundal zoobenthic biomass than any other taxa (Strayer 1985). At reference stations

both 20 m and 45 m from the cage edge, chironomids contributed over 99o/o of the total

macrobenthic biomass, and Chironomini larvae alone contributed > 60yo. A few

chironomids in a core sample would yield a higher total biomass estimate than hundreds of
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Harpacticoida or dozens of Ostracoda. It is therefore a combination of the density of

zoobenthos and the identity of taxa present that controls total biomass inL375.

Compared with the rest of the transect, mean individual biomass was elevated

beneath the cage and lm beyond its edge in June 2004. Although the sediment within 1 m

of the farm developed significantly higher organic carbon, total nitrogen, and total

phosphorus concentrations than were present in reference sediment, it is unlikely that this

increase in overall mean individual biomass within 1 m of the farm was due to stimulation.

By examining mean individual biomass on a per taxon basis, there were no significant

differences along the transect for any taxa. ln other words, individuals of particular taxon

were not significantly larger near the cage than their counterparts far from the cage, rather a

community shift from small-bodied to large-bodied taxa dominance in the vicinity of the

farm was likely responsible for the increase in overall mean individual biomass. For

example, in June 2004, 7 5o/o of invertebrates beneath the farm were Chironomini, of which

the mean individual biomass across the entire transect was 0.833449 individual-l (SE:

+0.09340). In contrast, 45 m from the farm the community consisted of 74o/o Ostracoda

with a mean individual biomass across the transect of 0.00004 g individual-r lSE : +-

0.00001). This supports the argument that the increase in mean individual biomass was due

to a shift in community composition, not growth stimulation by nutrient rich farm waste;

however, it should also be noted that the power to detect a difference in overall mean

individual biomass is greater than the power to detect a difference in mean individual

biomass for a particular taxon because of the higher sample size.

The trend in mean individual biomass was inconsistent throughout the second

farming season, and in September 2004, there was no clear trend with distance. The power

to detect a difference was likely low because of missing values from beneath the farm and 1
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m from its edge, uneven numbers of individuals to measure between stations, and high

natural variance. Power analysis indicated 24 replicates from each station would be

required to yield 0.80 statistical power to detect a signif,rcant difference between sampling

stations along the transect sampled in September 2004.

Recommendations

In this study, both benthic macroinvertebrate density and taxa richness were rapidly

and consistently affected by farming activity to a distance 5 m from the cage edge. Density

is a less labour intensive metric to calculate than taxa richness, as invertebrates do not need

to be identified and fewer replicates are required to obtain the same statistical power. Taxa

richness provided little information not already apparent from density measures; therefore,

total zoobenthic density is recommended as the best invertebrate indicator of farming

impacts at new farms. If organic enrichment specialists colonize the affected area over

time, taxa richness may become a more useful metric as it would help distinguish high

densities due to a few tolerant taxa from densities produced by a more diverse unaffected

community.

Neither mean individual biomass nor total biomass was particularly effective at

detecting the impact of the farm on benthic invertebrates. This was most likely because of

high variability; many more replicates would be necessary to achieve acceptable power to

detect significant changes in biomass than changes in density or taxa richness. These

metrics are not recommended unless the research is aimed explicitly at determining

whether farm waste accumulation alters food quantity or quality for the invertebrate

community.
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Conclusion

With the increasing human population and the plateau of capture fisheries world-

wide, some of the responsibility for meeting protein needs will shift to aquaculture. The

future market potential for the industry is large, but it must develop in a sustainable

manner. This will require careful siting of cages and monitoring of effects.

This study has provided the most comprehensive examination to date of the impacts

of a freshwaler cage farm on benthic macroinvertebrates. It is also the only study to

document the development of changes over time occurring in the profundal benthic

invertebrate community after the initiation of fish farming.

Total invertebrate density was reduced within 5 m of the farm's edge. However, no

particular taxon displayed value as an indicator of enrichment from aquaculture, at least

during the first two years that the farm was active. Organic enrichment specialists such as

tubificids did not colonize the farm waste-affected sediment at the high densities observed

in other studies. The most distinct and obvious impact of the farm on the benthic

community inL375 was the development of the zone of low diversity and density within 5

m of the farm's edge. Faunal groups \¡/ere progressively eliminated from the community

with increasing proximity to the farm. Their elimination was likely based on differing

tolerance thresholds for waste associated stressors like unionized ammonia, oxygen

depletion, heavy metals or increased sedimentation. This produced a reduction in taxa

richness along the distance transect.

Mean individual biomass was elevated in the vicinity of the farm in the first part of

the second operating season, but the effect was inconsistent and it did not alter total

biomass. Low statistical power stemming from low invertebrate abundances, and therefore

small sample sizes, within 5 m of the farm edge may have been responsible for the
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inconsistency. The mean individual biomass of no particular taxon was elevated; this

increase in overall mean individual biomass was due to a community shift towards larger-

bodied taxa rather than any growth stimulation due to changes in food availability, although

again there was low statistical power.

Overall, the zoobenthos was sensitive to cage farming inL315. The invertebrate

community responded quickly to the initiation of farming. Within two months invertebrate

density was depressed beneath the farm. Two months later, taxa richness and total biomass

were also depressed beneath the farm. The farm's effect on benthic invertebrates was

localized. Total invertebrate density andtaxarichness proved sensitive metrics to monitor

the extent of the farm's impact on the benthic environment, being significantly reduced

within 5 m of the farm. In other words, there were two distinct communities, one affected

by farm waste that was charucterized by low density Chironomini and Nematoda, and

another unaffected or background community dominated by Ostracoda.
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Tables and Figures

Table 4.1. Coefficients used in length-mass conversion for Chironomidae larvae.

Values were obtained from Benke et al. (1999).

Taxa
Pseudochironomus
Protanypus
Ablabesmyia
Procladius
Orthocladiini
Chironomini
Tanytarsini

0.0059
0.0006
0.0010

0.00077
0.002

0.0007
0.0008

2.099
2.710
2.884
2.693
2.254
2.952
2.728
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Table 4.2. Station scores on the three significant principal components analysis axes

obtained from analysis of invertebrate density along the transect sampled in June 2003.
The first, second, and third axes explained39.2%o,34.Io/o, and 17.4o/o of the variation in the
dataset, respectively. Taxawith eigenvectors > 10.251 included: Harpacticoida (0.290),
Tanytarsini (-0. 25 9), Orthocladi ini (-0.4228), and Nematoda (-0. 73 3 ).

Station PC1 score PC2 score PC3 score

Centre
Edge
im
3m
5m

15m
45m

0.1025
0.3981
0.2225
-0.2064
-0.5388
0.0448

-0.6227

-0.1602
-0.612r
0.3710
0.1824
0.02t6
0.6679
-0.4705

-0.1931
0.2415
-03440
0.5546

-0.2770
0.1387

-0.1206
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Fig. 4.1. Station scores on principal components analysis conducted on density data

collected in June 2004 (a), and September 2004 (b). In (a), the first axis explained 84.I%
of the variation, and in (b), the first axis explained 91.8% of the variation. In (a) taxa with
eigenvectors > 10.251 included Tanytarsini (-0.299), Harpacticoida (-0.448), and Ostracoda

C0.808); and in (b), they included Harpacticoida (-0.257), Ostracoda (-0.620), and

Tanytarsini (-0.678).
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Fig. 4.2. Total density, taxa richness, and total invertebrate biomass with distance

from the farm sampled in June 2003 (a,b, & c), June 2004 (d, e, & f), and September 2004
(g,h, & i). The error bars reflect one standard error of the mean. The circles denote

Tukey's groups.
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F6,23:16.05

p < 0.001
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Fig. 4.3. Mean individual biomass with distance from the farm obtained in June

2003 (a), June 2004 (b), and September 200a @). Circles denote Tukey's goups. Error
bars depict one standard error of the mean. Note: the y-axis in part (a) is broken to display
the pattern in mean individual biomass evident at a smaller scale.
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F 6,28 : 3.77
p : 0.009
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H: 3.09 DF : 6
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Chapter V: General Conclusions - Interrelation of Chemistry and Biology

Summary of Findings

Chemistry

Pore-water ammonia and sediment nutrients responded quickly to farm activity.

Within one month of the farm's initiation, pore-water ammonia was significantly elevated

beneath the experim ental cage inL315 (Table 5.1). TOC, TN, and TP were also elevated

beneath the farm within one month; however, only one replicate per station was analysed

for TOC, TN, and TP in July and August 2003, and therefore it is impossible to say

whether the increases observed beneath the farm were significant until October 2003 (Table

5.1). Cu andZnwere measured only at the start and end of each growing season, but were

significantly elevated beneath the cage by October 2003 (Table 5.1).

The rate at which the farm's footprint expanded varied depending on which variable

was examined. The size of the farm's fooþrint on pore-water ammonia continued to

expand throughout the study. For example, in August2004, total ammonia was

signif,rcantly elevated beneath the center and edge of the farm, but by September 2004 it

was significantly elevated to 5 m beyond the farm's edge. The same was not true of all

chemical variables. For example, the region experiencing elevated TOC, TP, and TN did

not expand from August to September 2004. Metals were not measured frequently enough

to determine if they had stabilized, but the distance from the farm to which sediment metal

concentrations were affected increased between 2003 and 2004. Pore-water chemistry may

be less stable than sediment chemistry. Solutes in pore-water will be able to diffuse

through interstitial spaces andvia the overlying hypolimnion (Frazier et al. 1996; Tlusty e/
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a\.2000). Therefore, dissolved substances such as ammonia will be more mobile than

substances bound to sediment parlicles (Lick 1987).

Although all measured variables except sulfide were significantly affected, the

spatial extent of the affected area was not consistent. Total ammonia was elevated to 5 m

from the farm edge by September 2004. Due to variation in pH along the transect, toxic

unionized ammonia may have been elevated to an even greater distance from the farm.

Unfortunately, as sediment pH was not measured with pore-water ammonia, this remains

unknown. TOC and TP were significantly elevated to 1 m from the farm edge, and TN to

the edge of the cageby the end of the study. By this time, Cu andZnwere also

significantly elevated to I m beyond the cage edge. Their source was at least partially the

net material; consequently, their concentration at the cage edge was equal to (Zn) or greater

than (Cu) the concentration in sediment beneath the farm centre. The size of the farm's

footprint on sediment and pore-water chemistry, therefore, differed between variables'

Biology

Density, the first biological metric to be affected, was reduced by August 2003,

within two months of fish being introduced to the cage (Table 5.i). Diversity was

detectably reduced by October 2003,within four months of the farm's initiation (Table

5.1). Also by October 2003, total biomass was depressed beneath the cage (Table 5'1).

Mean individual biomass was significantly elevated beneath the farm first in li4ay 2004

(Table 5.1). It took longer to detect a significant response in taxa richness, total biomass,

and mean individual biomass because they were more variable than total density. For

example, in June 2003, the coefficient of variation for total density was 5 1% across all

replicates from all distances, whereas the coefficient of variation for total biomass was
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125%. Using power analysis, to have a statistical power of 0.8, 17 replicates would be

needed for total biomass, 12 for taxa richness, but only fwo for invertebrate density.

The size of the farm's footprint on invertebrate density and taxa richness was more

stable than on chemical variables. This is likely because the biological metrics reflect an

integration of effects over time, whereas the chemical variables respond over shorter time

scales. The farm's footprint on total density and taxa richness reached 5 m from the cage

edge by June 2004. The edge of the farm's effect on total density and taxa richness

remained stable there until the study ended in Septemb er 2004. This is unlike the effect of

the farm on pore-water ammonia, which continued to expand until the final sampling date.

Inter-annual comparisons of total biomass must be made with caution because this

measure was highly variable between sampling years, hence the necessity of having

reference locations for comparison in multi-year studies (unlike Guo and Li 2003 or

Weston 1990). Impact assessment is best achieved with control locations at un-impacted

sites and pre-impact data to provide reference data against which the post-impact condition

can be compared (Faith et al. I99I; Smith et al. 1,993): the so-called BACI approach.

Unfortunately, many aquaculture study designs include neither reference sites nor pre-farm

data. In this study, the response of mean individual biomass was inconsistent both between

dates, for example, showing differences between stations in June 2004bttt not in

September 2004, and between stations. For example, in June 2004 it was elevated under

the cage and 1 m from its edge relative to reference stations, but was not significantly

affected at the farm edge between these two affected stations. Mean individual biomass

was highly variable because low densities at stations near the farm produced missing values

and uneven sample sizes between stations. ln other words, low density at some sampling
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locations meant low power to detect differences between mean individual biomass values at

the sampling sites along the distance transect.

The two most consistently affected biological metrics were density and taxa

richness. Effects on total and mean individual biomass were obscured by uneven and low

sample sizes, resulting from extremely low densities in the vicinity of the cage. This led to

inconsistency both spatially along the distance transect and temporally between sampling

dates.

Interrelation of Chemical and Biological Metrics

Biological and chemical variables are inextricably linked in any ecosystem

(Redfield 1958). The chemical variables were the first to exhibit an effect of farming.

They were followed by total macroinvertebrate density, then by the other invertebrate

metrics. Biological metrics were likely slower to respond to farm activity than chemical

ones because organisms often have biological mechanisms that enable them to resist

change. For example, if dissolved oxygen decreases to < 0.5 mg L-l, invertebrates such as

Potamothro sp., an oligochaete with glycogen reserves, could persist upwards of four

months before they would be eliminated from the community on the basis of their oxygen

requirements (Hamburger et a\.2000). As a result, community scale changes due to

toxicity or chronic stress happen over longer timescales than changes in chemistry. In this

way, biological metrics present an integrated overview of effects over time, whereas

chemical variables offer a snapshot of the chemical state of the environment at the instant

of sampling. Changes to the benthic environment incurred from farm waste additions

rendered the area within 5 m of the cage edge unsuitable forL375 benthic invertebrates. In

terms of niche theory, the environmental state was altered such that it no longer met the
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requirements of the zoobenthic species' fundamental or Grinellian niche (Pulliam 2000).

Individuals of every taxon were subsequently eliminated from this region, yielding very

low densities. With few individuals of any taxon able to persist within 5 m of the farm's

edge, few taxa were present, yielding low taxa richness. Zoobenthic taxa richness is a

reflection of processes acting on individuals and their respective environmental tolerances,

i.e., it is indirectly affected by farm waste (Beveridge et al. 1994; Pulliam 2000).

Similarly, with such low densities, no individuals were contributing to total biomass. Farm

waste, therefore, directly affected sediment chemistry, which in tum affected invertebrate

density directly, and taxa richness and biomass measures indirectly.

Neither the chemistry nor the biological metrics had broad transition boundaries

between affected and unaffected regions. Any gradient between the two was too steep to

be detected given the spatial resolution of this study. This is likely because of the low flow

rates typical of small stratified lakes (Elberizon and Kelly 1998); farm waste is not

transported far from the cage, rather it settles nearly straight down and is deposited directly

beneath where it is released, creating a pile of waste. Samples obtained from atop the pile

yield metrics that evince a response to farm waste loading, but those obtained beside or

beyond the pile do not.

The observed changes in density were likely the result of environmental stress

induced by the farm waste. For example, the unionized fraction of total ammonia is toxic

to invertebrates. The majority of toxicity studies on unionized ammonia levels examined

acute rather than chronic toxicity (Thurston et al. 1984; Arthur et al. 1987: Hickey and

Vickers 1994; Maltby 1995;Monda et al. 1995; Schubauer-Berigan and Monson 1995)'

Based on these studies, 1.5 mg NH3 L-l would be sufficient to provoke an acute toxic

response in many of the taxa found in the L375 benthic invertebrate community (Table
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5.2). Inthe affected region, the maximum concentration that pore-water unionized

ammonia might have reached was 0.110 mg L-r (SE : + 0.005). This value was calculated

from the total ammonia concentration measured directly beneath the cage in September

2004 combined with pH measured in July 2005. While this is too low to cause acute

toxicity, it exceeds the federal Canadian Environmental Quality Guideline for unionized

ammonia of 0.019 mg L-I. Some evidence of toxicity might therefore be expected.

Hickey et al. (1999) conducted one of the few examinations of chronic unionized

ammonia toxicity to macroinvertebrates. Of the nine invertebrates they studied, they found

Deleatidium spp. (Ephemeroptera) were most sensitive to their 29-day trial, with an EC56 of

0.145 mg NH3 L-I. The EC5e was defined as the effective concentration at which 50o/o of

the Deleatidium spp. present in the control were absent in the treatment. This included

individuals lost to mortality and to drift. The no observed effect concentration was

calculated as 0.066 mg NH3 L-t , i.e., the concentration at which the abundance of

Deleatidium spp. in the control was not signif,rcantly different from that in the treatment. ln

another study by Hickey and Vickers (i994), they determined that the 96 hr LCso for

Deleatidium spp. was 0.45 mg NH3 L-r. The ratio of 96-hr acute to 29-day chronic toxicity

for Deleatidium spp. was therefore 3.1:1. There is evidence that the acute to chronic

toxicity ratio will not be constant for all species (Kenaga 1982; Duboudin et a\.2004). In

his review, Kenaga (1982) found 43o/o of invertebrate and vertebrate species tested on a

rage of industrial organic chemicals, pesticides, and heavy metals had acute to chronic

ratios less than 9'.I, i.e.,3.1:1 is a low or conservative number. Assuming, therefore, that

the acute to chronic ratio is in the range of 3. I : I for most members of the L37 5 zoobenthos,

0.48 mg NH3 L-l would be suff,rcient to cause chronic toxicity. By the same logic, 0.22mg

NH3 L-l would correspond to the no observed effects level for most of the benthic
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invertebrates in L375. This is above the maximum pore-water concentration calculated for

this study; therefore, the reductions in total density should not be attributed entirely to

ammonia toxicity. It is worth noting that the invertebrates in L375 were exposed to

ammonia in the sediment nearby the cage for more than29 days, and there are no chronic

toxicity studies to determine the effects thresholds for chronic ammonia exposure over

comparable time periods. The close spatial alignment between the footprint of elevated

ammonia and the footprint of the farm's effect on invertebrate density by the end of the

study suggests the two are related; however, there is weak temporal alignment. Elevated

pore-water ammonia was first observed at the station 5 m from the farm edge only in

September 2004, whereas invertebrate density was first affected at this station in June

2004. The detected reductions in density therefore preceded detectable elevations in pore-

water ammonia. This suggests other environmental factors were also influencing the

zoobenthos.

Elevated heavy metal concentration in affected sediments may also pose toxicity

problems to invertebrates. In this study, Cu and Znreached their maximum concentrations

at the 5 m station in Septemb er 2004. Maximum concentrations were 0.200 mg Cu g-t (SE

: + 0.01) and 1.335 mgZn g-t (SE: + 0.050). These concentrations exceed both the

federal PEL and Ontario SEL sediment quality guidelines of 0.197 mg g-r and 0.110 mg g-r

for Cu and 0.315 mg g-1 and 0.820 mg g-1 for Zn. These levels are empirically derived.

The provincial guidelines are the severe effects levels at which most benthic organisms

would be eliminated, and the federal guidelines are the probable effects levels above which

adverse biological effects are usually or always observed in laboratory and/or field tests.

Levels of sediment Cu and Zn observed in excess of these thresholds could therefore be

expected to pose toxicity issues for the exposed invertebrates. However, sediment beyond
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1 m from the farm's edge did not experience significantly elevated Cu or Zn. Therefore,

Cu and Zn elevation cannot explain density depression at the spatial scale it was observed.

A third potential causative factor in the observed density reduction within 5 m of

the cage edge is reduced oxygen availability. Pore-water dissolved oxygen levels were not

measured in this study, although the accumulation and decomposition of organic

aquaculture waste likely depletes oxygen due to its high biological and chemical oxygen

demand (BOD and COD) (Bergheim and Sivertsen 1981). Oxygen diffuses approximately

104 times more slowly in water than in air (Schlesinger 1997). Increased consumption

coupled with oxygen's slow diffusion rate canproduce reductions in dissolved oxygen

where farm waste accumulates. Dissolved oxygen reductions have been observed in areas

exposed to farm waste (Axler et al. 1996; Troell and Berg 1997; Yokom et al. T997; Clerk

et a\.2004). Replacement of Tanytarsini larvae by Chironomini larvae is usually

considered evidence of oxygen depletion (Dobrowolski 1987; Clerk et al.2004). The

Tanytarsini were strongly correlated with the significant principal components analysis axis

in Septemb er 2004, so their density was strongly and inversely correlated with proximity to

the farm. However, Chironomini density was also strongly inversely correlated with the

PCA axis. Although Chironomini did not replace Tanytarsini at the densities present prior

to farm operations or at levels observed at the reference station 45 m from the farm's edge,

they were the only chironomid lawae to persist within the affected region. Dissolved

oxygen should be measured in future studies, as it could be a causative factor in the

invertebrate community's response.

A fourth potential factor in the observed density depression is not a chemical

variable at all; it is the physical disturbance caused by large amounts of settling organic

material. Increased sedimentation rates are commonly observed in regions receiving the
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solid settleable fraction of farm waste. Below the centre of a cage farm in tropical Lake

Kariba, Zimbabwe, Troell and Berg (1997) observed sedimentation rates 10 to 30 times

higher than those observed at control sites, reaching4g g^'' dayl in1994. Axler et al.

(1996) described the deposition of organic mater beneath cage farms in two Minnesotan

mine-pit lakes as akin to the deposition of an algal bloom in a very productive lake. The

benthic invertebrate community is affected by increasing sedimentation rates in freshwater

(Bergtold and Traunspurger 2005) and marine environments (Chou et al. 2004). Ostracods

may be particularly affected by changes in sedimentation rate (Delorme 2001). They are

detritivore-herbivores that would likely benefit from increased nutrient-rich organic matter

in the sediment underlying a cage farm (Strayer 1985), and they can persist at relatively

low oxygen concentrations (e.g. 3 mg L-r), so could likely tolerate the associated increase

in oxygen demand (Delorme 2001). However, they require a stable sediment water

interface and would be excluded by high sedimentation rates (Delorme 200I). Ostracods

dominated the PCA axis in both June 2004 and September 2004, indicating that, like

Tanytarsini, their density was strongly inversely correlated with proximity to the farm;

sedimentation rate is worthy of further investigation. Bioassays using sediment from

different distances from a cage farm could be used to differentiate between changes due to

sediment chemistry and the effect of increased sedimentation and invertebrate burial.

Whole Lake Implications

Eutrophication

While the increase in sediment TP, TOC, and TN was spatially limited to within 1

m of the cage edge, alterations to sediment nutrient content may affect the whole lake. The

potential of cage farms to accelerate eutrophication is one of the main concerns of
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aquaculture regulators (Foy and Rosell l99la; Foy and Rosell 1991b; 'Walker et a|.2003;

Yan 2005), and is a contentious issue for lakeside communities (Axler et al. 1996; Axler et

al. 1998; Westers 2000). Diaz et al. (200I), for example, examined the influence of cage

aquaculture on the phytoplankton community in the Alicura Reservoir, Argentina. They

found that the density of larger bodied blue-green Cyanophyceae increased at the expense

ofnanoplanktonic species, and that Chlorophyceae replaced Chrysophyceae and

Dinophyceae as the dominant phytoplankton in the vicinity of the cage farm. These

changes correspond with a shift towards a more eutrophic algal community (V/etzel2001).

Such changes could impact the whole lake as algae are distributed throughout the

epilimnion by wind mixing.

The mechanisms governing TP release from accumulated farm waste remain

unclear. The majority of TP released by farms is associated with the solid and settleable

waste fraction (Foy and Rosell 1991b), it is not therefore immediately available to algae in

the euphoti c zone (Schindler et al. 1980). However, when combined with reductions in

dissolved oxygen, Fe, and Al in sediment in the vicinity of the farm, increases in TP could

lead to internal loading (Schlesinger 7997; Wetzel 2001). As Fe and Al availability for TP

binding is reduced vtaburialby farm waste and reduction to soluble forms following

oxygen depletion, the TP may be released into the hypolimnion. Upon fall turnover, this

TP could be mixed into the whole lake, where it may influence the algal community as

observed byDiaz et al. (2001). Temporetti and Pedrozo (2000) conducted one of the only

studies to examine the release rates of phosphorus from sediment enriched by fish farm

waste. Their study was also conducted at the Alicura Reservoir. They found that calcium

and organic matter content of the sediment controlled the availability of phosphorus, not

Fe. Insufficient research has been conducted to determine whether their results are
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applicable to a range of lake and sediment types. In addition, if the dense populations of

deposit feeding Tubificidae or Chironomini larvae develop as predicted, they would greatly

increase bioturbation and thereby affect nutrient cycling in the vicinity of cage farms

(Graneli 1979; Robbins 1982; Krantzberg and Stokes 1985; Strayer 1985; Nickell et al.

2003). Such populations could increase the assimilative capacity of the sediment, but could

also lead to increased phosphorus flux back to the water column (Nickell et al.2003). The

flux of phosphorus from farm waste enriched sediment requires further study before

general conclusions may be drawn.

Trophic Effects

Drastic reductions in zoobenthic density could affect the trophic structure of an

entire lake. Although the reduction in density of invertebrates in the affected region was

extreme, it was spatially limited to a maximum area of 400 m', o, 5 m from the farm's edge

in all directions. Given the localized nature of this impact, it is unlikely to produce a

significant loss of food for the fish community inL375 as a whole. It is worth noting,

however, that the remote reference station 45 m from the farm's edge is still located within

the experimental lake. It is possible, therefore, that whole-basin trophic structure impacts

would not be detected by this study design. If eutrophication is occurring or does occur in

the future, it would alter the whole lake's food web, rather than affecting only the region in

the vicinity of the farm that receives farm waste.

Recommendations for Future Studies

Farming practices are continuously evolving, therefore caution is advised when

applyng published observations to current cage farm operations. To help readers assess
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the applicability of results, authors should report the FCR of their farm, the farm's annual

production, and the size of the receiving water body. They should also report any unusual

characteristics, such as when the farm is situated over the littoral zone, or other salient

morphometric and methodological details. Unfortunately, many authors failed to report

even the FCR of their study farms. In addition, the majority of published studies lack pre-

farm data or adequate reference samples, and most were conducted at commercial farms in

water bodies with confounding nutrient inputs from agricultural or forestry run-off, sewage

treatment, etc. This makes it difficult to assess what impacts observed by previous

researchers were actually due to farming.

In this study, I aimed to address these problems by examining the development of

aquaculture impacts across a spatial gradient at an experimental farm in the absence of

confounding nutrient inputs. Knowledge gaps remain, and future studies should be

designed to address the remaining gaps in our scientific understanding of the effects of fish

farming in freshwater lakes.

As the farm's impact on the measured sediment and pore-water chemistry did not

align spatially and temporally with the scale of the observed impact on the benthic

community, it is possible a contributing environmental variable was missed. This

highlights the importance of monitoring benthic invertebrates. It was unknown a priori

which environmental factors would most strongly influence the invertebrate community.

Monitoring the invertebrate community highlighted a gap in our chemical analyses. While

pore-water unionized ammonia was too low to be the cause of acute toxicity (Hickey and

Vickers lgg4), the spatial scale of the farm's footprint on arnmonia agreed closely with that

on total density by September 2004. It was therefore well correlated with invertebrate

community changes, and may have indicative value. Little is known regarding the long
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term (>29 day exposure) chronic toxicity of unionized ammonia to zoobenthic

invertebrates. Further research in this areamay show that unionized ammonia is a

causative factor in the observed density depression. Chronic toxicity studies over time

scales ranging from2-4months are recommended to determine the effects of long term

ammonia exposure. It is also possible that the zoobenthos were affected by a variable not

measured in this study. Reduced pore-water dissolved oxygen levels and increased

sedimentation rates in the vicinity of cage farms are two likely factors that were not

included in this study. ln the future both of these variables should be examined to compare

with the benthic invertebrate response to farm waste addition.

Sediment pH is critical because it controls the proportion of total ammonia that is

present as the toxic unionized fraction in stratified dimictic lakes like L375 (Emerson et al.

lg75). To give total ammonia measurements biological significance, pH and temperature

should be measured at the same time. The observed trend in pH (depressed beneath the

farm with a peak at the station 5 m from the farm edge) requires additional analyses to

explain. The presence of organic and carbonic acids as well as the presence of alkalinity

affecting cations and anions should be measured in the future, to discern the mechanism

behind observed variability in pH.

Unlike previous studies (Dobrowolski 1987; Doughty and McPhail 1995), I did not

find dense populations of enrichment specialists such as Tubifex tubifex (Mueller) or

Limnodrilus hoffmeisteri Claparede underlying the cage. This is likely because

establishment of such dense populations would be governed by the principles of island

biogeography (MacArthur and Wilson 1967). The distribution of a species is determined

by environmental conditions (its fundamental or Grinellian niche) and interspecific

interactions such as competition and predation (its Hutchinsonian realized niche) (Pulliam
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2000). Source-sink dynamics and dispersal limitations are also critical factors influencing

a species' distribution (Pulliam 2000). A species may be present in a region where its

environmental tolerances are exceeded (sink habitat), if the population can be intermittently

replenished by dispersal from neighbouring regions where conditions are nearer ideal

(source habitat) (Pulliam 1988). Conversely, a species can be absent from its realized niche

by limitations on dispersal (Kadmon and Pulliam 1993). If the species is rare or not very

mobile, it may not encounter a patch of habitat, no matter how suitable. Colonization will

be based on the probability of rare and relatively non-mobile taxa such as oligochaetes

encountering the smalf island' constituted by the affected region. Hamilton's (1971)

survey of fifteen lakes at the experimental lakes area (ELA) confirmed that enrichment

specialist oligochaetes are not abundant in ELA lakes. Their densities only exceeded 50

individuals tn-' in lakes much larger (52.0 to 181 ha) and deeper (maximum depth 30 to

32.7 m) than the study lake375. Enrichment specialists such as T. tubifex or L. hoffmeisterí

were not present in oligotrophicL3T5 prior to the farm's initiation (Podemski 2005 pers.

comm.). The 250 pm mesh sieve used to wash samples was fine enough to retain them if

they had been present (Strayer i985). Had the predicted dense population of oligochaete

enrichment specialists developed, they should have been detected. Development of dense

tubificid oligochaete populations may take several years to occur, even assuming they are

present near the farm. Guo and Li (2003) did not observe these populations in the f,trst year

of a cage farm's operations either, although tubificids were present at the beginning and

end of their study. The benthic community in the vicinity of the farm should continue to be

measured at the begiruring and end of each growing season to determine the time scale over

which a colonization event could be expected to occur in a small oligotrophic lake like

L375.
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The risk of eutrophication from aquaculture TP inputs is of major concern to the

industry and its regulators; however, the mechanisms behind internal loading from farm

waste associated TP are poorly understood. It is generally agreed that Fe and Al

complexation with TP control its flux out of the sediment (Schlesinger 1997; Wetzel200l).

Temporetti and Pedrozo (2000) found that calcium and organic matter concentrations in the

sediment were more important in controlling TP release from beneath fish farms. The

research necessary to define critical values for Fe and Al in sediment to retain TP from

aquaculture waste in a range of sediment types is lacking. Critical values for sediment TP

concentrations have been set, but likely also require further study. The Ontario provincial

severe effects level for sediment TP (2.000 mg g-') (Jaagumagi and Persaud 1999), for

example, is likely too low to be applicable to lakes similar to L375. It was exceeded prior

to the farm's initiation and at reference stations throughout the study. Review of this limit

is recommended before it is enforced for commercial farms in small, soft bottomed lakes.

The factors controlling TP release from aquaculture waste must be thoroughly understood

before meaningful limits can be set for the industry.

The distance beyond a farm to which farm waste's benthic impacts are detectable

varies among studies, and the factors controlling farm footprint size are unclear. In this

study, the maximum distance from the farm to which benthic impacts were observed was 5

m from the cage edge after only two years. Studies conducted atlarger farms in larger

lakes have reported impacts detected to 25 m (Doughty and McPhail 1995) or even 50 m

away (Guo and Li 2003). A farm's footprint size appears to depend on the flow rate of the

water body and the loading rate from the farm; however, this has not been tested.

Increasing the number of sampling stations along a distance transect could locate the edge

of the farm's footprint on the benthos more precisely. This could elucidate processes
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occurring at this boundary, and quantify the nature of the gradient between the affected and

unaffected regions. Delineating the boundary of the farm's effect is important to regulators

as permits granted to farmers are spatially explicit: farmers are allowed a specific area

beyond which their farm must not significantly affect the receiving environment (Thorburn

et a|.2004). The ability to predict the size of a farm's fooþrint on the basis of lake

morphometry, flow rates, farm size and production levels would facilitate regulation.

Recommendations for Monitoring

Monitoring Study Design

The design of a monitoring program must reflect its purpose. Permits issued to

aquaculturists usually specify an area beyond which there must be no detectable impact on

the receiving environment: the licensed operational zone (Thorbum et al. 2004). ln

general, aquaculture impacts monitoring programs are aimed at ensuring the conditions of

such permits or tenure agreements are not violated. Sampling at an unimpacted reference

location is critical in order to assess the impact of a farm (Smith et al. 1993} It will

determine if the license agreement is violated when compared with reference samples.

Sampling beneath the cage will indicate the maximum impact of the farm, and when

compared with the reference site would inform monitors if the benthic environment's

assimilative capacity is exceeded.

Chemistry

Pore-water total ammonia concentration coupled with pH and temperature

measurement is recommended as the most useful chemical variable for monitoring. Pore-

water total ammonia concentration was affected to a greater distance from the farm than

any of the other chemical variables (5 m from cage edge). To be biologically meaningful,
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pH and temperature must be measured alongside total ammonia (Emerson et al. I975).

While water column ammonia levels are examined in the majority of studies, benthic

invertebrates will be most directly affected by pore-water ammonia. Pore-water ammonia

will always be higher than water column ammonia (Frazier et al. 1996;Whiteman et al.

1996). While it is a more labour intensive variable to measure, it is also more biologically

meaningful and should be included in future monitoring efforts at commercial farms

overlying soft sediment. The size of the farm's footprint on pore-water ammonia continued

to expand throughout the study, and had not stabilized by the end of the second growing

season. Ammonia should therefore be measured at the beginning and end of the growing

season at new farms to ensure elevated ammonia levels do not cross the licensed

operational zone boundary, at least until the footprint size stabilizes.

Pore-water sulfide measurement has been recommended for monitoring marine

farms, but it did not respond to the L375 farmwithin the farm's first two years of

operation. This was likely because any sulfide generated was immediately complexed with

sediment Fe (Schindler et al. 1980; Cook et al. 1986). It may become elevated in sediment

pore-water over time due to declining Fe availability via burial and reduction, but is clearly

not a good early waming indicator. Other chemical parameters such as pore-water

ammonia concentration will have been affected long before this occurs, and could pose

toxicity issues to invertebrates before changes in sulfide concentration are detectable. ln

addition, sulfide is extremely labour intensive to measure, and requires expensive

equipment. It is therefore not recommended for aquaculture monitoring programs in

freshwater.

Sediment TP, Fe, and Al are meaningful measures because of eutrophication risks

and the potential ramifications for sediment nutritional value. They were not, however,
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affected to the same distance from the farm as total ammonia and invertebrates, and

therefore cannot explain observed changes in the zoobenthos. Farms are therefore more

likely to produce a detectable impact on pore-water ammonia or invertebrate density

beyond their tenure site boundary before changes in such elements are detectable. In

addition, it is unclear how significant Fe and Al are to flux rates of TP from sediment

receiving aquaculture waste. Despite the political urgency of this issue, until appropriate

limits for TP inputs applicable to a broad variety of lakes and based on sound science can

be developed, routine monitoring of sediment TP, Fe, and Al is not recommended.

Heavy metals including Cu and Zn are of concern as they are often persistent in the

environment (Birge et al. 1987) and can be toxic to invertebrates (Birge et al. 1987:'Hart et

a\.2007; Huggett et al.200I; Brooks and Mahnken 2003). Sediment Cu and Zn exceeded

both the Canadian probable effects level (197 þgCng-l and 3I5 ¡t"gZn g-'), and the Ontario

provincial severe effects level (1 l0 þgCu g-t and 820 þgZng-t) in the region underlying

the farm edge. The zoobenthos living beneath the farm edge may experience toxicity as a

result of Cu and Zn exposure. However, zoobenthic invertebrate density was severely

depressed 5 m beyond this region. Cu and Zntoxicity cannot, therefore, explain the

observed invertebrate response. Also, because Cu seems to have originated primarily in the

anti-fouling compound applied to the cage material, it should not be problematic at farms

with untreated nets. As treated nets are unnecessary at freshwater farms, it would be more

effective to dissuade the use of treated nets than to include Cu in widely applied monitoring

programs (Meeker 2005 pers. comm.). In addition, Cu and Znwere only detectably

elevated within I m of the farm's edge, and so the likelihood of these metals being elevated

beyond the licensed operation al zone is very low. However, Zn originated at least partially

from the farm waste, and should be monitored beneath farms, especially because heavy
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metals tend to be persistent in the environment (Birge et al. 1987). Cu and Zn onginating

from fish farms could therefore continue to pose toxicity problems during post-farming

recovery. Sampling beneath farms in the year prior to renewal or revision of an existing

licence or site tenure agreement should be adequate to protect against metal accumulation

(Thorburn et a|.2004).

If multiple variables are measured, principal components analysis provides a useful

tool for summarizing the environmental impacts across a spatial gradient. The major

advantage of this technique is the ease with which it can be interpreted because each axis

represents a composite of real measured variables (Jongman et a|.2005). Other

multivariate techniques are preferable if the relationship among variables is not

approximately linear (McCune and Grace 2002), but in this case the relationship among

both the chemical variables and taxa densities were approximately linear after log

transformation. Linearity between variables should be tested, rather than assumed;

however, in this case, PCA was an ideal technique for both the chemical and community

data. PCA may assist monitors in identifying which variables are of particular importance

at farms with differing sediment types and bathymetry. Monitors could use PCA to reduce

the number of parameters measured to include only those most responsive to farm waste

inputs at a given farm.

Biology

Chemical metrics were less variable among replicates and less labour intensive to

measure than biological metrics. Generally, fewer replicates were required to achieve the

same power of analysis; 3-4 replicates vs. 7 for invertebrate metrics. It is, therefore,

tempting to use chemical metrics as a surrogate for biological monitoring. However,
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invertebrate response was detected to a greater distance from the farm than any of the

measured chemical variables except pore-water ammonia, and the spatial agreement

between pore-water ammonia and the zoobenthic impacts did not occur until the last

sampling date. The zoobenthos could thereby be affected beyond a farm's licensed

operational zone even if pore-water ammonia concentration appears unaffected. Where the

chemical state is highly variable over time, chemical sampling must be repeated to account

for this variability. Conversely, one sample of the fauna can offer insight into the longer

term average chemical state of the environment. Previous authors have shown that loading

from aquaculture varies over time (IOA 1990; Gavine et al. 1995; Troell and Berg 1997;

Bureau et al.2OO3). Faunal sampling is advisable when examining the effects of cage

farms. Chemical monitoring of the parameters included in this study should not be used as

a surrogate for biological monitoring.

A common means of monitoring the invertebrate community is to examine only the

taxa determined to be indicative of impact. Ostracoda and Tanytarsini dominated the PCA

axis that corresponded with distance from the farm in 2004. However, these taxa increased

in density with distance from the farm, and were thus sensitive to enrichment. Without the

predicted enrichment-tolerant taxa supplanting the sensitive taxa, there are no invertebrate

indicators of enrichment, only indicators of disturbance'

The best indicator of farm waste loading inL37 5 appears to be a significant

reduction in benthic invertebrate density. This is likely to be the case at new farms, though

more established farms could have dense populations of indicative enrichment specialist

taxa underlying them. Reductions in total density within 5 m of the farm's edge were

striking, and the effect of the farm remained stable at this distance from the cage

throughout the second operating season. Annual sampling should be adequate to ensure

131



farms do not violate their tenure agreements. If the size of a farm's footprint remains stable

beyond the first few years of operation, sampling frequency could be fuither reduced to

only the year prior to renewal or revision of an existing licence. Density depression in the

vicinity of the farm was easily detected with seven replicates. For example, the power to

detect differences in total invertebrate density along the transect in September 2004 with

seven replicates was ) 0.999. ln contrast, because of the extremely low densities found

beneath the cage and 3 m from its edge, power analysis indicated 24 replicates from each

station would be required to yield a 0.8 power to detect a significant difference in mean

individual biomass along the transect sampled in Septemb er 2004. Obtaining seven

replicates per station is already very labour-intensive and costly to process. For example,

for a single transect (63 core samples), it took two people two days to sample the transect,

and one person ten days to extract the invertebrates from the sample residue and sort them

to family or order, two days for one person to prepare the invertebrates for drying, and a

day for one person to weigh them: a total of 17 person-days. An additional advantage of

total density is that it does not require that invertebrates be identified to a fine taxonomic

scale. Seven replicates provided the same power to detect a difference in taxa richness

along the Septemb er 2004 transect as to detect a difference in total density. Taxa richness,

however, requires that the invertebrates be identified to apractical taxonomic level. Total

density evinced a response to the farm's operation before measures of taxa richness or

biomass; was at least as consistently responsive to farm waste; and was less time

consuming to measure. It is therefore recommended as the sole measure of the zoobenthos

in aquaculture monitoring programs at early stage farms in small oligotrophic lakes. If

dense populations of organic enrichment specialists develop as a farm ages, however,

additional metrics such as family richness should be added to the monitoring regime'
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Propos ed Monitoring Scheme

A monitoring scheme designed to ensure tenure agreement compliance at new

farms should consist of sampling total invertebrate density and pore-water ammonia, pH,

and temperature. The samples should be obtained a minimum of annually during the first

two to three years of farm operation. Thereafter, if the size of the farm's footprint appears

stable, sampling might be reduced to occur only in the year prior to license renewal. If

dense populations of enrichment specialist taxa develop beneath the farm, taxa richness

should be added to the monitoring regime. Samples should be obtained from beneath the

farm or at the farm edge, at the licensed operational zone boundary, and from an

appropriate un-impacted reference location in order to adequately assess whether the farm

is affecting the environment beyond its authorized site and to assess the direct impact of the

farm on the receiving environment. Three replicates will likely be adequate for chemical

variables, and seven replicates would likely be sufficient for total density measurements;

however, power analysis should be conducted after the first sampling period to ensure

neither too many nor too few replicates are being obtained.

Conclusion

I have documented for the first time the development of chemical and biological

impacts of a new freshwater f,rsh farm on the benthic receiving environment across a spatial

gradient. It is also the first study in which the impacts of a fish farm in the absence of the

confounding nutrient inputs usually inescapable at commercial farms situated in large lakes

with multiple uses (e.g. sewage treatment, capture f,tsheries, agriculture, forestry, lake side

residences, recreation) have been examined. The findings of this study help fill knowledge

gaps that have limited the freshwater aquaculture industry's development in Canada. The
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farm's effects on the benthic environment and its zoobenthic invertebrate community

develop quickly and were spatially limited to within 5 m of the farm's edge.

The combined effects of Fe and Al reduction and TP increases in sediment may

have lake wide implications. Available phosphorus levels may increase in the lake over

time due to internal loading from TP released from the sediment. The amount of intemal

phosphorus loading due to the farm waste accumulating beneath the L375 cage is currently

unknown. The flux of phosphorus from the sediment is an area in need of further

investigation. Sediment calcium and organic matter controlled phosphorus release from

sediments beneath a cage farm in the Alicura Reservoir, not iron (Temporetti and Pedrozo

2000). It is possible that iron may not be the controlling factor inL375 either. Further

research is required before the risk of eutrophication can be quantified.

Pore-water ammonia and total invertebrate density were consistently altered to 5 m

from the farm's edge, and could have indicative value for monitoring the effects of

freshwater cage farming. Effects on benthic invertebrates, while extreme, were localized

and unlikely to pose food supply issues to native fish populations. Monitoring programs

are wamed against relying exclusively on once-off chemical sampling, because of temporal

variability and because changes in the invertebrate community were detected a greater

distance from the farm than any of the observed chemical variables except pore-water

ammonia. Chemical variables are useful, but should be measured where solid farm waste

will have its most direct effect: in sediment and pore-water, rather than the water column.
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Tables and Figures

Table 5.1. Results of first sampling transect to show a significant difference
between station means in one-way ANOVAs on log-transformed chemical and biological
metrics.

Variable Date F-value p-value

Pore-water total ammonia
Total organic carbon
Total nitrogen
Total phosphorus
Copper
Zinc
Total density
Taxa richness
Total biomass
Mean individual biomass

F6,r¿: 50.29
F6,r¿ : 43I.06
F6,l+:698.03
F6,30 :248.77
F4, e : 585.55
Fq,s : 477.16
F6,2s :7 '40
F6,2g:6.10
F6,28 : I0.46
F6;"9: 4.I2

July 03

October 03

October 03

October 03

October 03

October 03

August 03

October 03

October 03

May 04

< 0.001
< 0.001
< 0.001
< 0.001
< 0.00i
< 0.001
< 0.001
< 0.001
< 0.001

0.007
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Table 5.2. Lethal concentration (mg L-r), produ cing 50%o mortality after exposure to
unionized ammonia for the specified duration, excepting sphaeriids and gastropods. Values
for Sphaeriidae and Gastropoda are EC5es where the response for Sphaeriidae is burial and

for Gastropoda is retreat into shell. NR indicates not reported.

Organism Species Name Duration LCro pH Reference

Amphipod

Amphipod

Isopod

Amphipod
Gastropod

Gastropod

Ephemeropteran

Trichopteran

Sphaeriid

Sphaeriid

Oligochaete

Oligochaete

Oligochaete

Oligochaete

Oligochaete

Oligochaete

Chironomid

Chironomid

Chironomid

Chironomid

Chironomid

96tt 2.05

96tu s.02

96hr 3.374
96 hI r.97

96 hr 0.31

96 hI 0.45

96 hr 0.4

96 1rr r.1067

96hr 0.59

96trr 0.69

l0 d 0.455

10 d 0.6s1

i0 d 0.768

10 d 1.2

96 1]1 1.92

96tÍ 1.65

10 d 0.72

10 d 1.58

10 d 4.61

P ar acalli op e fluv i ati lis
(Thomson)
Gammarus pulex
(Linnaeus)
Caecidotea racovilzai
(W.D.Williams)
Crangonyx
pseudogracilis
Bousfield
Physa gtrina (Say)
Potamopyrgus
antipodarum
(J.E. Gray)

Deleatidium spp.

Pycnocentria evecta
McLachlan
Musculium transversum
(sav)
Sphaerium
novaezelandiae
(Deshayes)

Lumbriculus variegatus

Lumbriculus v ariegatus

Lumbriculus v ariegatus

Lutnbri culus variegatus

Lumbri culus variegatus
Litnno dri lus hoffrneis t eri
Claparede
Chironomus riparius
Meigen
Chironomus tentans
Fabricius

Chironomus tentans

Chironomus tentans

Chironomus tentans

(Hickey and Vickers
0.18 7 .6 1994)

NR (Williams et al. 1.984)

7.9 (Arthur et al. 1987)

8.04 (Arthur et al. 1987)
8.05 (Arthur et al. 1987)

(Hickey and Vickers
7.6 t994)

(Hickey and Vickers
7.6 1994)

(Hickey and Vickers
7.6 1994)

8.3 (Arthur et al. 1987)

(Hickey and Vickers
8.2 1994)

(Hickey and Vickers
8.2 1994)

(Schubauer-Berigan
6.5 and Monson 1995)

(Schubauer-Berigan
7.2 and Monson 1995)

(Schubauer-Berigan
7.8 and Monson 1995)

(Schubauer-Berigan
8.6 and Monson 1995)

NR (Williams et al. 1984)

NR (Williams et al. 1984)
(Schubauer-Berigan

6.5 and Monson 1995)
(Schubauer-Berigan

7.2 and Monson 1995)
(Schubauer-Berigan

7.8 and Monson 1995)
(Schubauer-Berigan

48 hr

10 d 13.8 8.6 and Monson 1995
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Appendix I: Taxa Recovered from L375

List of taxa recovered from sampling transect at 15 m depth in L37 5 in 2003 and 2004; ND
indicates not determined.

Phylum Class Order Family Genus

Arthropoda
Arthropoda
Arthropoda
Arthropoda

Arthropoda
Arthropoda
Arthropoda
Arthropoda
Arthropoda
Arthropoda
Arthropoda
Arthropoda
Arthropoda
Arthropoda
Arthropoda
Arthropoda
Arthropoda
Arthropoda
Arthropoda
Arthropoda
Arthropoda
Arthropoda
Arthropoda
Mollusca
Nematoda

Insecta
Insecta
Insecta
Insecta

Insecta
Insecta
lnsecta
Insecta
Insecta
Insecta
Insecta
Insecta
Insecta
Insecta
Insecta
Insecta
Insecta
Insecta
Insecta
Malacostraca
Malacostraca
Maxillopoda
Ostracoda
Bivalvia
ND

Diptera
Diptera
Diptera
Diptera

Diptera
Diptera
Diptera
Diptera
Diptera
Diptera
Diptera
Diptera
Diptera
Diptera
Diptera
Diptera
Diptera
Diptera
Diptera
Amphipoda
Mysida
Harpacticoida
Metacopina
Veneroida
ND

Chaboridae
Chironomidae
Chironomidae
Chironomidae

Chironomidae
Chironomidae
Chironomidae
Chironomidae
Chironomidae
Chironomidae
Chironomidae
Chironomidae
Chironomidae
Chironomidae
Chironomidae
Chironomidae
Chironomidae
Chironomidae
Chironomidae
ND
Mysidae
ND
ND
Sphaeriidae
ND

ND
Chironomus spp.

Sergentia spp.
Phaenopsectra spp.
Microps ectra cf . radialis
type
Tanytarsus spp.
Stempellinella spp.
Stempellina spp.
Pseudochironomus spp.
Thienemanniella spp.
Cricotopus spp.
P ar aki effer i e I I a ni g r a

Parakiffiriella spp. B type
H eterotris s o cladius spp.
Eukiffiriella spp.
Corynoneura spp.
Ablabesmyia spp.
Procladius spp.
Protanypus spp.

ND
Mysis spp.
ND
ND
ND
ND
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