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Abstract 

Genetic diversity is the most fundamental level of biodiversity, yet little is known about its 

broad spatial structure across taxa. Spatial variation in species richness, on the other hand, 

is the most notable and well-described biogeographic pattern in nature, but our 

understanding of its causes remains underdeveloped. Linking pattern to process requires 

shifting focus from the species level to population genetic diversity—the level at which 

evolution acts. Until recently, it was not possible to incorporate estimates of genome-wide 

diversity indicative of population processes into analyses of species richness patterns due 

to a lack of comparable multi-species, population-level data. To address this gap, I compiled 

publicly archived, raw, neutral, nuclear molecular genetic data to build an aggregated 

database of metrics of genetic composition in North American terrestrial vertebrates 

comprised of 99 species (44 mammal, 25 bird, 19 amphibian, and 11 reptile), totaling 

58,946 individual genotypes from 1,682 sample sites across the United States and Canada. I 

hypothesized that these genetic and species levels of biodiversity are closely connected by 

demographic processes related to environmental carrying capacity determined by 

environmental energy availability, niche heterogeneity, and habitat loss and fragmentation 

due to human causes. I used statistical approaches to detect patterns of spatial structure 

and structural equation modelling to simultaneously analyze environmental effects on 

genetic and species levels. In general, genetic diversity and population connectivity were 

consistently negatively affected by habitat degradation both across urban-rural gradients 

and within urban areas. Accordant with known patterns, species diversity increased with 

energy and niche availability. Populations tended to have lower genetic diversity and were 

more genetically differentiated in species richness hotspots. Overall, these results suggest 

that genetic diversity and species richness are jointly affected by environmental carrying 

capacity related to historic and contemporary factors, but these relationships do not 

always hold across taxonomic groups. Understanding the relationships between genetic 

diversity, species richness, and environments is important because they contribute to 

ecosystem resilience in changing environments. The wealth of raw genetic data now 

available is exciting because of the new opportunities for exploring previously hidden 

levels of biodiversity it brings, and its value as a conservation tool. 
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Chapter 1: Introduction 

Effective biodiversity conservation requires a multilevel approach with targeted action 

directed at ecosystem, species, and genetic levels (Convention on Biological Diversity 2016; 

Pollock et al. 2017). The sustainability and resilience of ecosystems depend jointly on 

species and genetic diversity in ecological communities (Oliver et al. 2015). Although there 

are several facets of biodiversity, including phylogenetic, genetic, and trait or functional 

diversity (Pollock et al 2020), much attention has been devoted to the conservation of 

species biodiversity, which is more visible and more easily actionable, for instance through 

endangered species listing. Genetic diversity informs conservation practice; however, at 

present genetic monitoring tends to be limited to agriculturally important or charismatic 

species (Hoban et al. 2020). Population genetic diversity is the most fundamental level of 

biodiversity because it contributes to a population’s capacity to adapt to environmental 

change. Compared to species richness, less is known about the spatial distribution of 

genetic diversity across species. Deeper knowledge about the broad-scale biogeography of 

genetic diversity is needed for conservation practitioners to take it into account more 

widely, for example in regional management and the designation of protected areas. 

Unprecedented human-caused global change makes it imperative to take multifaceted 

conservation approaches to preserve species and ensure they have the adaptive potential 

to withstand ongoing change (Pollock et al. 2020). 

 

Macrogenetics approaches 

Questions regarding the genetic variation of natural populations across species have 

always been central to population and conservation genetics. Molecular markers, which 

first came into common use in population genetics in the 1960s – 70s, led to a proliferation 

of tools, theory, and studies quantifying genetic variation in natural populations across 

diverse taxa (Charlesworth and Charlesworth 2017). The steady accumulation of molecular 

genetic data since then has opened the door to data synthesis approaches. In 1998, John 

Gillespie wrote that “sequencing is so easy that data are accumulating more rapidly than 

they can be interpreted” (Gillespie 1998). As early as 1976, conservation geneticists took 
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advantage of this rapid data accumulation to test the predictions of theoretical population 

genetics in real populations and to understand how species’ life history, ecological traits, 

and environments shape genetic variation (Soulé 1976; Nevo 1978; Hamrick et al. 1979; 

Frankham 1995). Advances in sequencing and open data storage have renewed interest in 

repurposing publicly archived genetic data to address new questions, and this approach 

has now been formalized as a subdiscipline called macrogenetics (Leigh et al. in review; 

Blanchet et al. 2017; Schmidt and Garroway 2021). The central importance of 

spatiotemporal patterns of genetic diversity to evolutionary biology has been stressed from 

the beginning (Nevo 1978); however, the form of and statistical approaches used in 

macrogenetics has matured. Recent macrogenetics studies build on a rich tradition of 

mobilizing open genetic data and existing knowledge of evolutionary theory, population 

biology, and community ecology to understand how theory translates into real world 

population variation. 

 

Biodiversity gradients 

Spatial variation in species richness is the most notable and well-described biogeographic 

pattern in nature. The latitudinal species richness gradient—the pattern of increasing 

species richness towards the equator—has been known to naturalists for at least 3 

centuries (Willig et al. 2003). Nearly 30 hypotheses have been proposed to explain the 

processes underlying the gradient, yet our understanding of its causes remains 

underdeveloped (Pontarp et al. 2019). Linking pattern to process requires shifting focus 

from the species level to population genetic diversity—the level at which evolution acts. 

Hypotheses for the species richness gradient generally fall into three broad categories: 

evolutionary speed, evolutionary time, and ecological limits. Evolutionary speed 

hypotheses suggest that rates of speciation and extinction vary across latitudes to create 

species richness clines. In high energy equatorial regions, shorter generation times and 

higher mutation rates may lead to faster speciation, but relative environmental stability 

ensures lower rates of extinction (Mittelbach et al. 2007). Evolutionary time hypotheses 

posit that populations in tropical regions, which were minimally affected by periods of 

glaciation, have had more time to evolve and speciate than those at higher latitudes 
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(Pontarp et al. 2019). Finally, ecological limits hypotheses are couched in demographic 

variation across latitudes, where high energy, resource rich tropical habitats are capable of 

supporting larger populations and communities (Currie et al. 2004; Storch et al. 2018). 

Larger populations have greater chances of persisting, and larger communities tend to have 

higher species diversity (Hubbell 2001). 

Biodiversity gradients have been considered at other levels, including phylogenetic (Smith 

et al. 2005; Alexander Pyron and Wiens 2013; Igea and Tanentzap 2020) and functional 

diversity (Stevens et al. 2003; Devictor et al. 2007), but genetic diversity is the least 

explored. However, some hypotheses proposed to underlie the species richness gradient 

are applicable at a genetic level as well, particularly energy-richness hypotheses because 

they are directly related to carrying capacity and population size. Indeed, community 

ecology and population genetics are linked by demographic processes (Lowe et al. 2017), 

and these fields have borrowed hypotheses in the past. Ecological limits hypotheses are 

supported by the neutral theory of biodiversity (communities with more individuals tend 

to be more diverse; Hubbell 2001) which was inspired by the neutral theory of molecular 

evolution (Kimura 1983) in population genetics (larger populations have higher genetic 

diversity). Under ecological limits hypotheses, we could therefore expect a positive 

correlation between genetic diversity and species richness. Ecological limits are generally 

related to temperature and productivity gradients that set population-level carrying 

capacities, however, environmental heterogeneity and niche availability also limit the 

number of species able to coexist in an area (Allouche et al. 2012; Stein et al. 2014). Thus, 

the interplay between niche availability and energy availability likely regulates species 

diversity and genetic diversity simultaneously via population size. In this case, a positive 

correlation is not the default expectation, because more heterogeneous environments may 

support more specialized species at smaller population sizes.   

Evolutionary time, evolutionary speed, and ecological limits hypotheses rarely consider 

contemporary environmental factors that may affect biodiversity. Yet, rapid environmental 

change is already affecting population genetic diversity—particularly that associated with 

human land use (Palumbi 2001; Johnson and Munshi-South 2017; Otto 2018; Schmidt et al. 

2020). Predicting how human factors such as urbanization and climate change will affect 
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the distribution and adaptability of wildlife populations requires a cohesive understanding 

of the relationships between environments, species richness, and genetic diversity, and 

how these relationships might shift on short timescales. The clear conceptual links between 

genetic diversity and species richness suggest that it may be feasible to take conservation 

and management approaches targeting both of these levels at once. Although correlations 

between species and genetic diversity have been tested in species-specific contexts 

(Vellend 2005; Evanno et al. 2009; Watanabe and Monaghan 2017), such studies tend to 

focus on adaptive genetic variation in species that directly interact, such as plants and 

pollinators. It remains unclear how environments might shape genetic and species 

diversity through neutral processes affecting population size and gene flow (but see 

Evanno et al. 2009; Laroche et al. 2015), because these links have yet to be empirically 

tested across several species simultaneously. 

 

Objectives 

Until recently, it was not possible to incorporate estimates of genome-wide diversity 

indicative of population processes into analyses of species richness patterns due to a lack 

of comparable multi-species, population-level data. To address this gap, I took a 

macrogenetics approach and built a georeferenced database of genetic metrics by 

harvesting raw, archived molecular genetic data for 99 species (44 mammals, 25 birds, 19 

amphibians, and 11 reptiles), totaling 58,946 individual genotypes from 1,682 sample sites 

in North America. Microsatellites are widely used in ecology and evolution studies and are 

among the most common nuclear marker available in public repositories (Schell 2018; 

Miles et al. 2019). The typical number of loci used in wildlife studies (~10 loci) provides a 

good estimate of neutral genome-wide variation with little information to gain from more 

dense sampling e.g. with more loci or single nucleotide polymorphism data (Mittell et al. 

2015). For each site in this aggregated dataset, I estimated four metrics of genetic 

composition: gene diversity, allelic richness, effective population size (an indicator of the 

strength of drift), and population-specific FST (an index of population differentiation). I 

used this database to explore the effects of historical environments and contemporary 

threats to biodiversity in three major objectives. I first used the strong theoretical basis for 
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predicted evolutionary change in cities (Johnson and Munshi-South 2017) to understand 

whether urbanization, relative to more natural environments, consistently reduces genetic 

diversity in mammals and birds (Chapter 2), and amphibians (Chapter 3). Next, I tested 

whether variation in habitat quality and availability within cities consistently affects 

genetic diversity across terrestrial vertebrates (Chapter 4). Third, I identified continent-

scale patterns in genetic diversity and the common causes of patterns of genetic diversity 

and species richness in mammals (Chapter 5) and amphibians (Chapter 6) considering 

them representative of endo- and ectotherm patterns. Finally, I explored the conservation 

utility of macrogenetics approaches with different genetic marker types (Chapter 7). 

 

A note on methods 

Much of this thesis relies on two concepts: the relationship between genetic diversity and 

population size, and quantifying spatial variation in genetic diversity. I’ll briefly discuss 

these ideas here to provide some context, but they will be expanded upon in the following 

chapters.  

The neutral theory of molecular evolution suggests that most mutations that persist in 

populations are selectively neutral or nearly so (Kimura 1983). Not being directly subject 

to selective processes, the frequencies of neutral genetic variants in a population are most 

strongly affected by the random sampling of gametes over time. This random fluctuation of 

allele frequencies in a population is genetic drift. The strength of genetic drift is inversely 

related to population size: it is strong in small populations where random sampling can 

have a greater effect on allele frequencies. It is weaker in large populations where the loss 

of alleles due to sampling will not have much impact on allele frequencies. Genetic drift can 

eventually cause neutral alleles to become randomly fixed or lost from a population, over 

time eroding genetic diversity. This is why, in general, large populations have more genetic 

diversity than small ones. But the relationship between the strength of genetic drift and 

population size only holds if we assume an ideal population with constant size, randomly 

mating individuals, and non-overlapping generations. Because this is almost never true in 

real populations, we use the effective population size in place of the census population size 
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(Charlesworth and Charlesworth 2010; Ellegren and Galtier 2016). The effective 

population size is the size of an ideal population which experiences the same amount of 

genetic drift as the measured population. We can think of it as the number of individuals 

contributing to the next generation. In this way, the effective population size is a measure 

of the strength of drift. Natural selection is more efficient when genetic drift is weak 

(Ellegren and Galtier 2016), thus populations with larger effective population sizes are in 

general better able to adaptively respond to new selection pressures.  

Understanding the ways environments shape population size, structure, and genetic 

diversity requires identifying spatial variation in genetic composition. However, other 

factors than the ones we’re interested in (e.g., urbanization) can affect patterns of genetic 

diversity. Some sources of variation in genetic diversity depend on species traits which 

affect the effective population size, such as body size or fecundity (Romiguier et al. 2014). 

Other sources of variation are spatial. For example, isolation-by-distance will generate a 

spatial signal in data where distant populations are more genetically distinct than nearby 

populations due to reduced gene flow. Or, populations in locations which were historically 

glacial refugia may still retain high levels of genetic diversity (Hewitt 2000). To isolate an 

effect of the factor of interest, we must first account for existing spatial patterns of genetic 

diversity. We can accomplish this using distance-based Moran’s eigenvector maps (MEMs) 

(Borcard and Legendre 2002; Borcard et al. 2004; Dray et al. 2006; Legendre and Legendre 

2012).  

Distance-based MEMs are a type of eigenvector-based analysis used to model spatial 

structure in ecological data (Legendre and Legendre 2012). The eigenvectors identified 

with MEMs are conceptually similar to principal components generated in principal 

components analysis. MEMs capture spatial variation in the data and, like principal 

components, are orthogonal and can be used as covariates in regression models. MEMs 

were developed in community ecology but are used in landscape genetics to account for 

effects of unmeasured environmental variables (Manel et al. 2010; Garroway et al. 2013; 

Driscoe et al. 2019; Schmidt et al. 2020; Coscia et al. 2020). With MEMs, we can parse the 

amount of variation in genetic diversity attributable to spatial and non-spatial processes. 

MEMs are especially useful because they capture spatial variation at all spatial scales 
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detectable within the data. Distance-based MEM analysis produces n – 1 MEMs (n being the 

number of sample sites), but only the subset of eigenvectors corresponding to positive 

spatial autocorrelation are used. They are ordered according to spatial scale explained, 

with the first eigenvector explaining the broadest autocorrelation pattern. The eigenvalues 

associated with each MEM are proportional to Moran’s I index of spatial autocorrelation 

(Dray et al. 2006). Here, I used MEMs to control for spatial autocorrelation and existing 

spatial patterns in genetic diversity to measure the effect of urbanization in Chapters 2 and 

3. Then I got curious about what was causing all this spatial structure in the data, which led 

to Chapters 5 and 6. 

 

References 

Alexander Pyron, R., and Wiens, J.J. 2013. Large-scale phylogenetic analyses reveal the 

causes of high tropical amphibian diversity. Proc. R. Soc. B Biol. Sci. 280(1770). 

doi:10.1098/rspb.2013.1622. 

Allouche, O., Kalyuzhny, M., Moreno-Rueda, G., Pizarro, M., and Kadmon, R. 2012. Area-

heterogeneity tradeoff and the diversity of ecological communities. Proc. Natl. Acad. 

Sci. U. S. A. 109(43): 17495–17500. doi:10.1073/pnas.1208652109. 

Blanchet, S., Prunier, J.G., and De Kort, H. 2017. Time to Go Bigger: Emerging Patterns in 

Macrogenetics. Trends Genet. 33(9): 579–580. doi:10.1016/j.tig.2017.06.007. 

Borcard, D., and Legendre, P. 2002. All-scale spatial analysis of ecological data by means of 

principal coordinates of neighbour matrices. Ecol. Modell. 153(1–2): 51–68. 

doi:10.1016/S0304-3800(01)00501-4. 

Borcard, D., Legendre, P., Avois-Jacquet, C., and Tuomisto, H. 2004. Dissecting the spatial 

structure of ecological data at multiple scales. Ecology 85(7): 1826–1832. 

Charlesworth, B., and Charlesworth, D. 2010. Elements of evolutionary genetics. Roberts & 

Company Publishers, Greenwood Village, Colorado, USA. 

Charlesworth, B., and Charlesworth, D. 2017. Population genetics from 1966 to 2016. 



8 
 

Heredity 118(1): 2–9. doi:10.1038/hdy.2016.55. 

Convention on Biological Diversity. 2016. Strategic Plan for Biodiversity 2011–2020. 

Available from https://www.cbd.int/convention/articles/?a=cbd-02. 

Coscia, I., Wilmes, S.B., Ironside, J.E., Goward‐Brown, A., O’Dea, E., Malham, S.K., McDevitt, 

A.D., and Robins, P.E. 2020. Fine‐scale seascape genomics of an exploited marine 

species, the common cockle Cerastoderma edule, using a multimodelling approach. 

Evol. Appl. 13(8): 1854–1867. doi:10.1111/eva.12932. 

Currie, D.J., Mittelbach, G.G., Cornell, H. V., Field, R., Guégan, J.F., Hawkins, B.A., Kaufman, 

D.M., Kerr, J.T., Oberdorff, T., O’Brien, E., and Turner, J.R.G. 2004. Predictions and tests 

of climate-based hypotheses of broad-scale variation in taxonomic richness. Ecol. Lett. 

7(12): 1121–1134. doi:10.1111/j.1461-0248.2004.00671.x. 

Devictor, V., Julliard, R., Couvet, D., Lee, A., and Jiguet, F. 2007. Functional homogenization 

effect of urbanization on bird communities. Conserv. Biol. 21(3): 741–751. 

doi:10.1111/j.1523-1739.2007.00671.x. 

Dray, S., Legendre, P., and Peres-Neto, P.R. 2006. Spatial modelling: a comprehensive 

framework for principal coordinate analysis of neighbour matrices (PCNM). Ecol. 

Modell. 196(3–4): 483–493. doi:10.1016/j.ecolmodel.2006.02.015. 

Driscoe, A.L., Nice, C.C., Busbee, R.W., Hood, G.R., Egan, S.P., and Ott, J.R. 2019. Host plant 

associations and geography interact to shape diversification in a specialist insect 

herbivore. Mol. Ecol. 28(18): 4197–4211. doi:10.1111/mec.15220. 

Ellegren, H., and Galtier, N. 2016. Determinants of genetic diversity. Nat. Rev. Genet. 17(7): 

422–433. doi:10.1038/nrg.2016.58. 

Evanno, G., Castella, E., Antoine, C., Paillat, G., and Goudet, J. 2009. Parallel changes in 

genetic diversity and species diversity following a natural disturbance. Mol. Ecol. 

18(6): 1137–1144. doi:10.1111/j.1365-294X.2009.04102.x. 

Frankham, R. 1995. Effective population size/adult population size ratios in wildlife: A 

review. Genet. Res. (Camb). 66: 95–107. doi:10.1017/S0016672308009695. 



9 
 

Garroway, C.J., Radersma, R., Sepil, I., Santure, A.W., De Cauwer, I., Slate, J., and Sheldon, B.C. 

2013. Fine-scale genetic structure in a wild bird population: The role of limited 

dispersal and environmentally based selection as causal factors. Evolution 67(12): 

3488–3500. doi:10.1111/evo.12121. 

Gillespie, J. 1998. Population Genetics: A Concise Guide. Johns Hopkins University Press, 

Baltimore and London. doi:10.2307/2533705. 

Hamrick, J.L., Linhart, Y.B., and Mitton, J.B. 1979. Relationships between life history 

characteristics and electrophoretically detectable genetic variation in plants. Annu. 

Rev. Ecol. Syst. 10: 173–200. 

Hewitt, G.M. 2000. The genetic legacy of the Quaternary ice ages. Nature 405(6789): 907–

913. 

Hoban, S., Bruford, M., D’Urban Jackson, J., Lopes-Fernandes, M., Heuertz, M., Hohenlohe, 

P.A., Paz-Vinas, I., Sjögren-Gulve, P., Segelbacher, G., Vernesi, C., Aitken, S., Bertola, L.D., 

Bloomer, P., Breed, M., Rodríguez-Correa, H., Funk, W.C., Grueber, C.E., Hunter, M.E., 

Jaffe, R., Liggins, L., Mergeay, J., Moharrek, F., O’Brien, D., Ogden, R., Palma-Silva, C., 

Pierson, J., Ramakrishnan, U., Simo-Droissart, M., Tani, N., Waits, L., and Laikre, L. 2020. 

Genetic diversity targets and indicators in the CBD post-2020 Global Biodiversity 

Framework must be improved. Biol. Conserv. 248: 108654. 

doi:10.1016/j.biocon.2020.108654. 

Hubbell, S.P. 2001. The Unified Neutral Theory of Biodiversity and Biogeography. Princeton 

University Press, Princeton NJ. 

Igea, J., and Tanentzap, A.J. 2020. Angiosperm speciation cools down in the tropics. Ecol. 

Lett.: ele.13476. doi:10.1111/ele.13476. 

Johnson, M.T.J., and Munshi-South, J. 2017. Evolution of life in urban environments. Science 

358(6363): eaam8327. doi:10.1126/science.aam8327. 

Kimura, M. 1983. The Neutral Theory of Molecular Evolution. Cambridge University Press, 

Cambridge. 



10 
 

Laroche, F., Jarne, P., Lamy, T., David, P., and Massol, F. 2015. A neutral theory for 

interpreting correlations between species and genetic diversity in communities. Am. 

Nat. 185(1): 59–69. doi:10.1086/678990. 

Legendre, P., and Legendre, L. 2012. Numerical Ecology. In 3rd edition. Elsevier. 

Leigh, D.M., van Rees, C.B., Millette, K.L., Breed, M.F., Schmidt, C., Bertola, L.D., Hand, B.K., 

Hunter, M.E., Jensen, E.L., Kershaw, F., Liggins, L., Luikart, G., Manel, S., Mergeay, J., 

Miller, J.M., Segelbacher, G., Hoban, S., and Paz-Vinas, I. (In review). Opportunities and 

challenges of macrogenetic studies. Nat. Rev. Genet. 

Lowe, W.H., Kovach, R.P., and Allendorf, F.W. 2017. Population genetics and demography 

unite ecology and evolution. Trends Ecol. Evol. 32(2): 141–152. 

doi:10.1016/j.tree.2016.12.002. 

Manel, S., Poncet, B.N., Legendre, P., Gugerli, F., and Holderegger, R. 2010. Common factors 

drive adaptive genetic variation at different spatial scales in Arabis alpina. Mol. Ecol. 

19(17): 3824–3835. doi:10.1111/j.1365-294X.2010.04716.x. 

Miles, L.S., Rivkin, L.R., Johnson, M.T.J., Munshi‐South, J., and Verrelli, B.C. 2019. Gene flow 

and genetic drift in urban environments. Mol. Ecol. 28(18): 4138–4151. 

doi:10.1111/mec.15221. 

Mittelbach, G.G., Schemske, D.W., Cornell, H. V., Allen, A.P., Brown, J.M., Bush, M.B., Harrison, 

S.P., Hurlbert, A.H., Knowlton, N., Lessios, H.A., McCain, C.M., McCune, A.R., McDade, 

L.A., McPeek, M.A., Near, T.J., Price, T.D., Ricklefs, R.E., Roy, K., Sax, D.F., Schluter, D., 

Sobel, J.M., and Turelli, M. 2007. Evolution and the latitudinal diversity gradient: 

Speciation, extinction and biogeography. Ecol. Lett. 10(4): 315–331. 

doi:10.1111/j.1461-0248.2007.01020.x. 

Mittell, E.A., Nakagawa, S., and Hadfield, J.D. 2015. Are molecular markers useful predictors 

of adaptive potential? Ecol. Lett. 18(8): 772–778. doi:10.1111/ele.12454. 

Nevo, E. 1978. Genetic variation in natural populations: Patterns and theory. Theor. Popul. 

Biol. 13(1): 121–177. doi:10.1016/0040-5809(78)90039-4. 



11 
 

Oliver, T.H., Heard, M.S., Isaac, N.J.B., Roy, D.B., Procter, D., Eigenbrod, F., Freckleton, R., 

Hector, A., Orme, C.D.L., Petchey, O.L., Proença, V., Raffaelli, D., Suttle, K.B., Mace, G.M., 

Martín-López, B., Woodcock, B.A., and Bullock, J.M. 2015. Biodiversity and resilience of 

ecosystem functions. Trends Ecol. Evol. 30(11): 673–684. 

doi:10.1016/j.tree.2015.08.009. 

Otto, S.P. 2018. Adaptation, speciation and extinction in the Anthropocene. Proc. R. Soc. B 

285(1891): 20182047. doi:10.1098/RSPB.2018.2047. 

Palumbi, S.R. 2001. Humans as the world’s greatest evolutionary force. Science 293(5536): 

1786–1790. doi:10.1017/CBO9781107415324.004. 

Pollock, L.J., O’Connor, L.M.J., Mokany, K., Rosauer, D.F., Talluto, M. V., and Thuiller, W. 2020. 

Protecting Biodiversity (in All Its Complexity): New Models and Methods. Trends Ecol. 

Evol. 35(12): 1119–1128. doi:10.1016/j.tree.2020.08.015. 

Pollock, L.J., Thuiller, W., and Jetz, W. 2017. Large conservation gains possible for global 

biodiversity facets. Nature 546(7656): 141–144. doi:10.1038/nature22368. 

Pollock, L.J., O’Connor, L.M.J., Mokany, K., Rosauer, D.F., Talluto, M. V., and Thuiller, W. 2020. 

Protecting Biodiversity (in All Its Complexity): New Models and Methods. Trends Ecol. 

Evol. 35(12): 1119–1128. doi:10.1016/j.tree.2020.08.015. 

Pontarp, M., Bunnefeld, L., Cabral, J.S., Etienne, R.S., Fritz, S.A., Gillespie, R., Graham, C.H., 

Hagen, O., Hartig, F., Huang, S., Jansson, R., Maliet, O., Münkemüller, T., Pellissier, L., 

Rangel, T.F., Storch, D., Wiegand, T., and Hurlbert, A.H. 2019. The latitudinal diversity 

gradient: novel understanding through mechanistic eco-evolutionary models. Trends 

Ecol. Evol. 34(3): 211–223. doi:10.1016/j.tree.2018.11.009. 

Romiguier, J., Gayral, P., Ballenghien, M., Bernard, A., Cahais, V., Chenuil, A., Chiari, Y., 

Dernat, R., Duret, L., Faivre, N., Loire, E., Lourenco, J.M., Nabholz, B., Roux, C., 

Tsagkogeorga, G., Weber, A.A.T., Weinert, L.A., Belkhir, K., Bierne, N., Glémin, S., and 

Galtier, N. 2014. Comparative population genomics in animals uncovers the 

determinants of genetic diversity. Nature 515(7526): 261–263. 

doi:10.1038/nature13685. 



12 
 

Schell, C.J. 2018. Urban evolutionary ecology and the potential benefits of implementing 

genomics. J. Hered. 109(2): 138–151. doi:10.1093/jhered/esy001/4807252. 

Schmidt, C., Domaratzki, M., Kinnunen, R.P., Bowman, J., and Garroway, C.J. 2020. Continent-

wide effects of urbanization on bird and mammal genetic diversity. Proc. R. Soc. B Biol. 

Sci. 287(1920): 20192497. doi:10.1098/rspb.2019.2497. 

Schmidt, C., and Garroway, C.J. 2021. The conservation utility of mitochondrial genetic 

diversity in macrogenetic research. Conserv. Genet. 

Smith, S.A., Stephens, P.R., and Wiens, J.J. 2005. Replicate patterns of species richness, 

historical biogeography, and phylogeny in holarctic treefrogs. Evolution 59(11): 

2433–2450. doi:10.1111/j.0014-3820.2005.tb00953.x. 

Soulé, M. 1976. Allozyme variation: its determinants in space in time. In Molecular 

Evolution. Sinauer Associates, Sunderland, MA. pp. 60–77. 

Stein, A., Gerstner, K., and Kreft, H. 2014. Environmental heterogeneity as a universal driver 

of species richness across taxa, biomes and spatial scales. Ecol. Lett. 17(7): 866–880. 

doi:10.1111/ele.12277. 

Stevens, R.D., Cox, S.B., Strauss, R.E., and Willig, M.R. 2003. Patterns of functional diversity 

across an extensive environmental gradient: Vertebrate consumers, hidden treatments 

and latitudinal trends. Ecol. Lett. 6(12): 1099–1108. doi:10.1046/j.1461-

0248.2003.00541.x. 

Storch, D., Bohdalková, E., and Okie, J. 2018. The more-individuals hypothesis revisited: the 

role of community abundance in species richness regulation and the productivity–

diversity relationship. Ecol. Lett. 21(6): 920–937. doi:10.1111/ele.12941. 

Vellend, M. 2005. Species diversity and genetic diversity: parallel processes and correlated 

patterns. Am. Nat. 166(2): 199–215. doi:10.1086/431318. 

Watanabe, K., and Monaghan, M.T. 2017. Comparative tests of the species-genetic diversity 

correlation at neutral and nonneutral loci in four species of stream insect. Evolution 

71(7): 1755–1764. doi:10.1111/evo.13261. 



13 
 

Willig, M.R., Kaufman, D.M., and Stevens, R.D. 2003. Latitudinal Gradients of Biodiversity: 

Pattern, Process, Scale, and Synthesis. Annu. Rev. Ecol. Evol. Syst. 34(1): 273–309. 

doi:10.1146/annurev.ecolsys.34.012103.144032. 

 

  



14 
 

Chapter 2: Continent-wide effects of urbanization on bird and mammal 

genetic diversity 

 

C. Schmidt1, M. Domaratzki2, R.P. Kinnunen1, J. Bowman3,4, C.J. Garroway1 

1Department Biological Sciences, University of Manitoba, Winnipeg, MB, Canada R3T 2N2 
2Department of Computer Science, University of Manitoba, Winnipeg, MB, Canada R3T 2N2 
3Environmental and Life Sciences Graduate Program, Trent University, Peterborough, ON, 

Canada K9L 0G2 
4Wildlife Research and Monitoring Section, Ontario Ministry of Natural Resources and 

Forestry, Peterborough, ON, Canada K9J 8M5 

 

Status: published in Proceedings of the Royal Society B (DOI: 10.1098/rspb.2019.2497)  



15 
 

Abstract: Urbanization and associated environmental changes are causing global declines 

in vertebrate population sizes. In general, population declines of the magnitudes now 

detected should lead to reduced effective population sizes for animals living in proximity to 

humans and disturbed lands. This is cause for concern because effective population sizes 

set the rate of genetic diversity loss due to genetic drift, the rate of increase in inbreeding, 

and the efficiency with which selection can act on beneficial alleles. We predicted that the 

effects of urbanization should decrease effective population size and genetic diversity, and 

increase population-level genetic differentiation. To test for such patterns, we repurposed 

and reanalyzed publicly archived genetic data sets for North American birds and mammals. 

After filtering, we had usable raw genotype data from 85 studies and 41,023 individuals, 

sampled from 1,008 locations spanning 41 mammal and 25 bird species. We used census-

based urban-rural designations, human population density, and the Human Footprint Index 

as measures of urbanization and habitat disturbance. As predicted, mammals sampled in 

more disturbed environments had lower effective population sizes and genetic diversity, 

and were more genetically differentiated from those in more natural environments. There 

were no consistent relationships detectable for birds. This suggests that, in general, 

mammal populations living in proximity to humans can be expected to have less capacity to 

respond adaptively to further environmental changes, and be more likely to suffer from 

effects of inbreeding. 

 

Keywords: urbanization, genetic diversity, evolution, mammals 
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Background 

Human activities are among the most prominent and efficient drivers of contemporary 

evolution (Palumbi 2001). In some cases, human-caused evolution in wild populations is 

well understood and predictable. For instance, we have a well-founded expectation that 

populations of pests and disease agents will respond adaptively to our attempts at 

controlling them (Palumbi 2001). It is also clear that humans inadvertently alter 

evolutionary change in wild populations through land use and habitat degradation 

(Johnson and Munshi-South 2017; Otto 2018). Whether the indirect effects of human 

activities on evolutionary change can cause predictable evolutionary outcomes is less well 

understood. We hypothesized that human land use, by limiting population size and 

fragmenting habitat, reduces effective population size and genetic diversity in wild 

populations leading to increased genetic differentiation. To investigate this prediction, we 

repurposed and reanalyzed publicly archived raw nuclear genetic data sets for North 

American birds and mammals to test for general relationships between urbanization and 

the genetic diversity of populations.  

 

Urbanization is one of the most pervasive causes of habitat fragmentation and general 

landscape change. In addition to the ~700,000 km2 occupied by cities (Liu et al. 2018), 

nearly 75% of the Earth's land surface has been modified by humans, primarily in support 

of city dwellers (Barnosky et al. 2012). This human-caused degradation of the planet’s land 

surface has consistently reduced its capacity to support wildlife (WWF 2018). As a result, 

vertebrate populations have on average declined in size by ~60% between 1970 and 2014 

(WWF 2018). Reductions in population size at this level should decrease genetic diversity 

by increasing the strength of genetic drift—allele frequency variation due to the random 

sampling of gametes from one generation to the next. Indeed, there have been general 

declines in the genetic diversity of populations since the industrial revolution (Leigh et al. 

2019).  While genetic drift is a neutral evolutionary process that operates independently of 

the selective value of alleles, it reduces the efficiency of deterministic evolutionary 

processes like selection by causing allele frequencies to randomly deviate from expected 

values. When drift is strong relative to selection, random gamete sampling becomes the 

predominant cause of allele frequency change. In addition, increased drift and inbreeding 
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can eventually lead to reduced mean fitness in small populations.  If wildlife populations 

living in proximity to humans generally experience reductions in population size and 

connectivity, and thus increased drift, then they may systematically become less genetically 

diverse than those living in less disturbed environments. By altering a population’s genetic 

composition in this way, human-caused environmental change could make evolutionary 

responses to such change less efficient. 

 

The fragmented nature of cities leads to specific expectations about how evolutionary 

processes will be altered within them based on basic population genetic theory (Johnson 

and Munshi-South 2017) (Fig. 2.1). Assuming a finite population of constant size with 

individuals that randomly mate, die out, and are completely replaced by their offspring 

each generation, populations will lose genetic diversity at a rate inversely proportional to 

population size. In reality, natural populations always deviate from these assumptions. 

Fortunately, we can substitute the concept of effective population size for census 

population size and the predictive utility of the theory holds. The effective population size 

is the size of an idealized population which conforms to the preceding assumptions and 

produces the same rate of drift as observed in the measured population. We can think of 

effective population size as a measure of the rate at which genetic drift causes a population 

to lose genetic diversity. Nearly all violations of these assumptions cause the effective 

population size to be much lower than the census population size, underscoring that drift 

plays a more important role in determining genetic diversity and the efficiency of selection 

than what might be expected from census population size alone. Specifically, we predicted 

that reduced census population size and gene flow in cities would lead to smaller effective 

population sizes, decreased genetic diversity, and increased genetic differentiation in urban 

populations.  

 

Collecting and processing raw publicly archived genetic data 

We tested for general relationships between the human modification of terrestrial habitats 

and the genetic composition of North American mammals and birds using archived 

microsatellite data from 85 studies, including 41,023 individuals sampled at 1,008 

georeferenced sample sites, spanning 66 species (Table S2.1, Table S2.2). In particular, we 
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studied the effects of urbanization and the human footprint (Sanderson et al. 2002). We 

conducted a systematic search of online repositories for all available bird and mammal 

microsatellite data available for North America and applied a series of filtering steps (see SI 

Methods) to build a database of georeferenced neutral genetic diversity in wild 

populations. Our approach was made possible due to the accumulation of data in public 

data archives, and a still-changing culture of open data in ecological and evolutionary 

research. Access to raw data originally generated for unrelated purposes allowed for a 

particularly powerful synthetic analysis. This was because we could consistently calculate 

population genetic parameters of interest for our question, whether or not they were 

presented in the original publications. In addition, the fact that these data were collected to 

address different questions reduces the likelihood that study system selection—perhaps a 

tendency to explore evolutionary responses to humans in systems where such responses 

are expected—biased our findings.  

 

We chose to analyze data sets that used neutral microsatellite markers because 

microsatellites were the most common molecular marker type available in data 

repositories (Miles et al. 2019), and because the evolutionary processes that we are 

interested in are best measured with neutral markers. Although the number of loci 

surveyed in microsatellite studies is often small relative to surveys of genome-wide 

markers, the typical number of microsatellites used (~10 loci) in fact estimates genome-

wide diversity well with little gain in accuracy with additional genotyping (Mittell et al. 

2015). Variation in microsatellite loci will likely capture recent, fine-scale changes in 

population structure due to their high mutation rates and variability. While questions 

about adaptive genetic variation are also interesting, adaptive diversity is currently more 

difficult to generally define and interpret than neutral genetic diversity, and there are still 

relatively few data sets suitable for this type of multi-population and multi-species analysis.  

 

We tested for effects of urbanization and the human footprint on estimates of four 

population genetic parameters calculated for each site: effective population size, gene 

diversity, allelic richness, and the fixation index FST (196 bird sites, of which 129 sampled 

non-migratory species and were reanalyzed separately, and 812 mammal sites, Fig. 2.2; 
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Table S2.1). We estimated contemporary effective population size of the parental 

generation using a single sample linkage disequilibrium method to quantify genetic drift 

(Hill 1981; Waples 2006; Do et al. 2014). Of available methods, this approach is one of the 

more accurate and it is relatively robust to departures from underlying assumptions about 

population structure (Gilbert and Whitlock 2015). Estimators of effective population size 

perform poorly when sampling error swamps signals of genetic drift, and this meant that 

effective population size was not estimable at some sites, which we excluded from analysis 

(see SI Methods for details). Gene diversity (Nei 1973) is a measure of genetic diversity that 

accounts for the evenness and abundance of alleles, and it is not significantly affected by 

sample size or rare alleles (Charlesworth and Charlesworth 2010). We calculated rarefied 

allelic richness, the number of alleles per locus corrected for sample size, as a second 

measure of genetic diversity (Leberg 2002). To quantify genetic differentiation among 

sites, we estimated site-specific FST (Weir and Goudet 2017).  

 

Modelling strategy 

We focused our analyses on the continental United States and Canada due to the historical 

and demographic similarities of cities and land-usage in this region (La Sorte et al. 2007), 

and to ensure that species have had broadly similar exposures to past climate variation 

(Hewitt 2000). We chose three indices of urbanization and human presence. First, we 

classified a sample as coming from an urban or rural site based on United States Census 

Bureau (U.S. Census Bureau 2016) and Statistics Canada (Statistics Canada 2016) 

classifications of urban areas and population centers which are designated based on 

population density (Appendix S2). Second, we measured human population density at each 

site, which may capture aspects of the continuous nature of the effects of human presence 

that would not be apparent in the binary urban-rural classification. Lastly, we used the 

Human Footprint Index (Sanderson et al. 2002) as a measure of human presence because it 

incorporates data from multiple land use types including human population density, built-

up areas, nighttime lights, land cover, and human access to coastlines, roads, railways, and 

navigable rivers.  
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Current levels of genetic diversity will reflect many past processes in addition to 

urbanization and human-caused environmental degradation more generally. Such 

processes include exposure to Pleistocene glaciations as well as species-specific life history 

traits, such as body mass and longevity, each of which could shape effective population size 

and thus genetic diversity. Because exposure to past environments (Hewitt 2000; Shafer et 

al. 2010) and life history trait variation (Stearns 1992) vary spatially, we expect the effects 

of such processes to create spatial variation in genetic diversity. We can account for such 

spatial patterns by including variables describing spatial patterns in genetic diversity 

directly in our models, even when the variables themselves are unmeasured (Manel et al. 

2010). This can be accomplished with distance-based Moran’s Eigenvector Maps, or 

dbMEMs (Borcard et al. 2004; Dray et al. 2006; Manel et al. 2010). Briefly, dbMEMs are 

orthogonal spatially explicit eigenvectors that summarize spatial autocorrelation (Moran’s 

I) patterns in data across all scales. We used dbMEMs that described spatial variation in our 

measures of the genetic composition of sample sites in our regression models to explicitly 

account for processes causing spatial patterns in the data (Dray et al. 2006, 2012). Neutral 

genetic diversity also varies with species life history traits which may lack spatial structure 

(Romiguier et al. 2014). We therefore included species as a random effect, allowing both 

slopes and intercepts to vary, in a generalized mixed modeling framework to capture 

variation in genetic diversity not already accounted for by dbMEMs (see SI for detailed 

methods). 

 

We used Bayesian generalized linear mixed models to test for relationships between 

genetic diversity and urbanization (Bürkner 2017, 2019). We treated each of our four 

population genetic parameters (effective population size, allelic richness, gene diversity, 

and site-specific FST) as dependent variables in a series of regression models. Each genetic 

parameter was fit to each urbanization variable (urban-rural, human population density, 

and Human Footprint) in separate models that also contained terms for species as a 

random effect, and spatial variables (dbMEMs) when they were important descriptors of 

spatial patterns in genetic data. Finally, we fit a null model to each population genetic 

parameter that contained the random effect for species and spatial variables only. The 

defining feature of such hierarchical models is that they are models of models – parameter 
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estimates and intercepts were estimated for each species and the distribution of these 

species-specific estimates allows us to generalize effects of urbanization across species. We 

fit these models for bird and mammal data independently. Migratory behavior in birds may 

affect spatial patterns in genetic diversity depending on where samples were taken, and 

whether they were sampled during the breeding season. Therefore, we also ran these 

models separately for non-migratory birds only (7 species, 129 sites; Table S2.1). 

 

Results and Discussion 

Relationships between all measures of urbanization and the genetic composition of 

mammal populations were consistently in the predicted directions (see the position of 

parameter estimates and the breadth of 95% credible intervals in Fig 3a). Effective 

population size, allelic richness, and gene diversity tended to be negatively related to the 

measures of urbanization, and sites sampled in areas with greater human presence tended 

to be the most genetically differentiated (Fig. 2.3a; Table 2.1). Contrasting these trends, we 

found no clear evidence for consistent effects of urbanization and the human footprint on 

the genetic composition of non-migratory bird samples when analyzed alone (Fig. 2.3b; 

Table 2.1), or when migratory and non-migratory species were combined for analyses (Fig. 

S2.1).  

 

To assess model fits we estimated marginal R2 (R2m), the variance explained by the fixed 

effects, and conditional R2 (R2c), the variance explained by both fixed and random effects 

(Nakagawa and Schielzeth 2013). For mammals, all models containing indices of human 

disturbance explained more variation in the genetic composition of populations than null 

models (Table 2.1). Human population density explained the most variation in each 

measure of the genetic composition of mammal sample sites (effective population size: R2m 

0.28; R2c 0.25; gene diversity R2m 0.12; R2c 0.70; allelic richness R2m 0.07; R2c 0.70; FST R2m 

0.22; R2c 0.35) except allelic richness, where explained variance was similar among all 

urban predictors (Table 2.1). 

 

The lack of consistent evidence for genetic effects of urbanization on birds may in part be 

due to the limited number of data sets available compared to data availability for mammals 
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and features of those species. Data from seven species remained after excluding migratory 

species: the California scrub jay (Aphelocoma californica), black-capped chickadee (Poecile 

atricapillus), boreal chickadee (Poecile hudsonicus), barn owl (Tyto alba), cactus wren 

(Campylorhynchus brunneicapillus), spotted owl (Strix occidentalis), and Ridgway’s rail 

(Rallus obsoletus). These species have distinctive ecological and life history traits which 

vary such that we might not expect to find consistent effects of human presence for these 

data (Fig. S2.3). For example, the first four species are human commensals whose 

population sizes may be expected to increase in proximity to humans. Indeed, exploration 

of the species-specific effects underlying our mixed model suggests that genetic diversity 

increases with urbanization for each of these species except barn owls. In contrast, 

Ridgway’s rail and spotted owl are specialized to California salt marshes and old growth 

forests, respectively, and thus may respond negatively to human presence. However, our 

results could also be attributable to birds’ motility. Cities and their surrounding areas are 

characterized by disjoint patches of habitat interspersed among paved surfaces, buildings, 

and grassy or agricultural areas (Marzluff and Ewing 2001). Birds’ ability to fly may buffer 

against the effects of habitat fragmentation and allow for gene flow from undisturbed 

populations (Buchmann et al. 2013) in situations where mammal movements would be 

more restricted. Indeed, a global analysis of 57 mammal species found that the movements 

of individuals living in areas with a high Human Footprint Index were considerably 

reduced relative to those in less disturbed areas (Tucker et al. 2018), which suggests that 

fragmentation could underlie the patterns we detect in mammals. 

 

 In addition to an overall pattern in mammals of reduced gene flow and stronger drift, we 

note that individual species varied in the strength of their responses to urbanization in our 

analyses (Fig. S2.2). This variation could be due to differences in ecological or life history 

traits which render species amenable to or susceptible to urbanization. Surprisingly, we 

found even synanthropic mammals (e.g., red foxes Vulpes vulpes, and mule deer Odocoileus 

hemionus) were negatively affected by urbanization at a genetic level (Fig. S2.2).  

 

Few other studies have synthetically reanalyzed raw molecular genetic data from online 

repositories to test for effects of human land-use on genetic diversity. Miraldo et al. 
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(Miraldo et al. 2016) and Millette et al. (Millette et al. 2020) reanalyzed raw mtDNA 

sequence data at a global scale across multiple taxa to assess spatial patterns of variation in 

sequence diversity, and to explore their relationships with measures of human disturbance. 

These studies arrived at somewhat contradictory results. Miraldo et al. (Miraldo et al. 

2016) looked at sequence variation in two mitochondrial genes in mammals, cytochrome b 

and cytochrome oxidase subunit I, and found that while genetic variation in cytochrome 

oxidase subunit I increased in less disturbed environments, cytochrome b variation was not 

obviously related to human disturbance. Millette et al.’s more recent work (Millette et al. 

2020) spanned more taxa, including both birds and mammals, and examined variation 

across spatial scales as well as temporal variation in genetic diversity as measured at 

cytochrome oxidase subunit I. Interestingly, they detected no overarching trend for a loss of 

genetic diversity associated with proximity to humans (measured by human population 

density), and no systematic decline in diversity through time. They found considerable 

spatial, temporal, and taxonomic variation in diversity trends.  

 

How can we explain our results in light of this previous work? Our first thought is that 

differences could be due to the general lack of relationship between mtDNA diversity and 

population size  (Bazin et al. 2006). Habitat fragmentation and reduced population sizes 

are hypothesized to be the leading mechanisms causing reduced genetic diversity – if these 

processes are not captured well by mtDNA markers, trends may be difficult to detect. 

Additionally, the studies by Miraldo et al. (Miraldo et al. 2016) and Millette et al. (Millette et 

al. 2020) were global in scope. This is certainly a strength of their work, but underlying 

spatial differences may be harder to detect and control for at this scale. By focusing on 

North America, we attempted to control for variation in the timing and nature of 

disturbances that would otherwise be difficult at a global scale. Taken together, it is clear 

that there are interesting spatial trends in genetic variation, and the exploration of their 

underlying causes warrants further study.  

 

While there has not to our knowledge been other synthetic analyses of raw nuclear genetic 

data similar to ours, there have been recent syntheses based on published measures of 

genetic variation (DiBattista 2008; Miles et al. 2019). Bautista (2008) found that allelic 
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richness and heterozygosity (an amalgam of expected and observed) tended to be lower for 

mammals described as coming from disturbed populations relative to those from 

undisturbed populations and, similar to us, found no differences for bird species. Miles et 

al. (2019) too found that allelic richness tended to be reduced in urban populations across 

a diverse array of taxa. Expected heterozygosity and FST tended to be lower in urban areas, 

but this trend was not universal and not significant. They also noted clear instances where 

urbanization appeared to facilitate gene flow and diversity. We too find some positive 

effects of urbanization (Fig S2) but our results more strongly suggest a general negative 

and less idiosyncratic effect of urbanization on the genetic composition of mammal 

populations. We suspect that differences in effect sizes and consistency between our work 

and these previous studies are in part due to our having access to raw genetic data sets. 

This meant we could calculate our genetic and disturbance measures consistently across 

our entire data set. For example, we could avoid procedures that might add noise to 

relationships such as combining two measures of heterozygosity and, by calculating a site 

specific FST metric, not have to take means of pairwise measures. Because our populations 

were georeferenced we were able to take a spatially explicit population-level approach that 

compared genetic composition to the same measures of disturbance across space. An 

advantage of using literature-based data is that the sample size in terms of species 

numbers was higher than ours for each of these literature-based syntheses. Regardless, 

these syntheses and ours paint a consistent picture of the effects of urbanization on genetic 

diversity. 

 

Urbanization and the broader human footprint are leading causes of the current high rates 

of species and population-level biodiversity losses (McKinney 2006; Aronson et al. 2014). 

The population genetic patterns we detected reflect patterns in genome-wide nuclear 

genetic diversity that are ultimately the result of disturbances related to human presence 

at the ecosystem, community, and population levels. The consistent effects for mammals 

across our three measures of human disturbance suggest that this pattern is not confined 

to just urban spaces – human land use is an issue for the genetic diversity of species in 

general. This has considerable importance for understanding the current nature and future 

consequences of biodiversity loss. While monitoring individuals within populations is the 
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best tool for detecting population trends and assessing risk, such direct monitoring of many 

species is not logistically possible. Our results suggest that calls for intraspecific genetic 

monitoring programs are warranted and feasible (Mimura et al. 2017). A relatively small 

number of genetic markers reflects genome-wide diversity well (Mittell et al. 2015) and is 

capable of detecting the effects of human presence. In fact, publicly archiving data with 

publications, originally intended to ensure data posterity, safe-keeping, and research 

reproducibility, could be better utilized for this task. Access to raw molecular data sets will 

continue to increase for the foreseeable future, and can be used for monitoring regardless 

of the original purpose. However, for this to be a useful component of genetic monitoring, 

more researchers will need to adhere to the standards and best practices for data sharing 

to maximize reusability (Whitlock 2011; Michener 2015). This includes using standardized 

file and metadata formats that are clearly communicated in data package metadata, and 

including all relevant methodological information. In the data searches presented here, a 

majority (192/313 = 61%) of datasets were excluded because they did not meet our study 

criteria (Data S1). However, an additional 36 datasets were excluded for reasons associated 

with difficulty accessing or interpreting data (Data S1): for example, not being able to 

download files (i.e., only metadata was available, or only select datasets were deposited), or 

unclear methodological detail (i.e., no species designations, delineation between study 

groups was unclear, or lack of spatial reference). We were able to resolve such issues in 

many cases by contacting the authors, however this might not always be practical for larger 

studies and limits the ability to automate the data collection process.  

 

Relative to populations in more natural environments, mammal populations in proximity 

to humans have a reduced capacity to spread beneficial alleles in response to selection 

pressures, have reduced genetic diversity which can reduce mean population fitness (Reed 

and Frankham 2003; Szulkin et al. 2010), and are more genetically isolated from natural 

populations. We are extensively and irreversibly creating environmental change while 

simultaneously reducing the capacity of some populations to evolve in response. Reducing 

fragmentation and facilitating population connectivity are therefore key to preserving 

genetic diversity in mammals. Current estimates suggest that by 2050, just 10% of the 

planet’s surface will be unaltered by humans (WWF 2018). Land transformation processes 
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are eroding genetic diversity in mammals, compounding direct effects of habitat loss in a 

way that threatens the long-term existence of populations that persist. 
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Table 2.1. Model summaries for mammals, non-migratory birds, and all birds. Four models were constructed per response 

variable, each including one of three proxies of urbanization: urban-rural category, human population density (popden), and 

Human Footprint Index (HFI). The fourth model did not include any measure of urbanization and had only dbMEMs as fixed 

effects (spatial model), or, where no dbMEMs were selected, a null model. Coefficient of variation, R2, values are an indicator of 

model fit; marginal R2 describes the proportion of variation explained by fixed effects, while conditional R2 is the variation 

explained by both fixed and random effects. 

 

Class variable sites 
Fixed effects 

coefficient 
95% CI 

Marginal R2 Conditional R2 
dbMEMS covariate lower upper 

Mammals effective population size 639 5             

    urban-rural -0.51 -0.87 -0.16 0.04 0.24 

    popden -1.10 -2.44 -0.28 0.28 0.25 

    HFI -0.27 -0.47 -0.05 0.05 0.25 

    none -- -- -- 0.01 0.22 

 gene diversity 812 13     
  

    urban-rural -0.18 -0.33 -0.04 0.04 0.69 

    popden -0.35 -0.68 -0.12 0.12 0.70 

    HFI -0.12 -0.21 -0.02 0.04 0.70 

    none -- -- -- 0.03 0.69 

 allelic richness 812 21     
  

    urban-rural -0.11 -0.29 0.05 0.07 0.69 

    popden -0.15 -0.33 0.00 0.07 0.70 

    HFI -0.11 -0.18 -0.03 0.07 0.70 

    none -- -- -- 0.06 0.69 

 FST 795 10     
  

    urban-rural 0.25 0.02 0.50 0.10 0.33 

    popden 0.47 0.11 0.96 0.22 0.35 

    HFI 0.15 0.04 0.28 0.11 0.34 



34 
 

    none -- -- -- 0.09 0.32 
          

Birds (non-
migratory) 

effective population size 87 0             

    urban-rural -0.20 -1.27 0.80 0.01 0.20 

    popden -0.21 -1.05 0.49 0.03 0.20 

    HFI -0.37 -0.87 -0.15 0.07 0.22 

    none -- -- -- 0.00 0.19 

 gene diversity 129 3     
  

    urban-rural 0.01 -0.38 0.41 0.03 0.80 

    popden 0.13 -0.09 0.42 0.03 0.80 

    HFI 0.04 -0.18 0.25 0.03 0.80 

    none -- -- -- 0.02 0.80 

 allelic richness 129 0     
  

    urban-rural 0.10 -0.77 0.82 0.02 0.24 

    popden -0.09 -0.42 0.23 0.01 0.17 

    HFI 0.05 -0.37 0.41 0.02 0.22 

    none -- -- -- 0.00 0.16 

 FST 128 2     
  

    urban-rural -0.13 -0.70 0.41 0.06 0.13 

    popden -0.05 -0.45 0.31 0.06 0.13 

    HFI -0.06 -0.38 0.24 0.06 0.13 

    none -- -- -- 0.04 0.10 
          

Birds (all) effective population size 125 1          

    urban-rural -0.18 -0.85 0.50 0.08 0.17 

    popden -0.20 -0.74 0.31 0.10 0.17 

    HFI -0.12 -0.48 0.30 0.08 0.18 

    none -- -- -- 0.06 0.15 

 gene diversity 196 2     
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    urban-rural -0.03 -0.20 0.15 0.00 0.90 

    popden 0.04 -0.07 0.15 0.00 0.90 

    HFI -0.03 -0.05 0.07 0.00 0.90 

    none -- -- -- 0.00 0.90 

 allelic richness 196 1     
  

    urban-rural 0.20 -0.27 0.62 0.03 0.35 

    popden -0.03 -0.24 0.20 0.02 0.29 

    HFI 0.11 -0.12 0.32 0.03 0.33 

    none -- -- -- 0.01 0.30 

 FST 190 1     
  

    urban-rural 0.00 -0.35 0.34 0.02 0.05 

    popden 0.04 -0.22 0.34 0.02 0.05 

    HFI 0.08 -0.12 0.31 0.03 0.07 

    none -- -- -- 0.01 0.04 
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Figure 2.1. Urbanization is expected to cause smaller effective population sizes, lower 

genetic diversity, and increased population differentiation in comparison to natural 

habitats (a). As habitats become increasingly urbanized, they experience greater 

fragmentation (b), resulting in smaller patch sizes with lower connectivity. Smaller patches 

limit supportable population sizes wherein genetic drift becomes the predominant 

evolutionary force and movement between patches in urbanized areas (black circles) 

becomes difficult, reducing gene flow. 
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Figure 2.2. Map of 1,008 sample sites for the 66 mammal and bird species native to North 

America examined in this study. 812 sites were mammals (white points) and 129 birds 

(orange points). Using microsatellite markers, we calculated effective population size, gene 

diversity, allelic richness, and population-specific FST for each site. Sites are overlaid on a 

map of the Human Footprint Index (HFI) where values range from 0 (wild habitat) to 100 

(disturbed habitat). Note HFI resolution was reduced for the purposes of visualization. 
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Figure 2.3. GLMM coefficients for fixed urban and human disturbance effects in mammals 

(top), and non-migratory birds (bottom; for bird results including migratory species, refer 
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to Fig. S2.1 and SI Table S2.2). Open circles represent coefficient estimates, bold lines are 

90% credible intervals, and narrow lines are 95% credible intervals. Sample size differed 

between variables, i.e. sites where effective population size was not calculable were 

excluded, and calculation of population-specific FST for all sites within a study required at 

least two sample sites. Mammals: effective population size n = 639; gene diversity and 

allelic richness n = 812; FST n = 795. Birds (non-migratory): effective population size n = 

87; gene diversity and allelic richness n = 129; FST n = 128. 
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Abstract: Habitat loss and fragmentation are leading causes of vertebrate population 

declines. These declines are thought to be partly due to decreased connectivity and habitat 

loss reducing animal population sizes in human transformed habitats. With time this can 

lead to reduced effective population size and genetic diversity which restricts the ability of 

wildlife to cope with environmental change through genetic adaptation. However, it is not 

well understood whether these effects are generally applicable across taxa. Here, we 

repurposed and synthesized raw microsatellite data from online repositories for 19 

amphibian species sampled at 554 georeferenced sites in North America. For each site, we 

estimated gene diversity, allelic richness, effective population size, and population 

differentiation. Using binary urban-rural census designations, and continuous measures of 

human population density, the Human Footprint Index, and percent impervious surface 

cover, we tested for generalizable effects of human land use on amphibian genetic 

diversity. We found no consistent relationships between urbanization and any of our 

genetic metrics. These results contrast with consistent negative effects of urbanization in 

mammals and species-specific positive and negative effects in birds. In the context of 

widespread amphibian declines, our results suggest that habitat loss and local extinction of 

populations in human transformed habitats is a more immediate concern than declining 

genetic diversity in populations that persist. 

 

Keywords: heterozygosity, habitat fragmentation, anthropogenic disturbance, ectotherm, 

frogs, salamanders    
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Introduction 

Populations of terrestrial vertebrates are experiencing declines globally due to habitat loss 

and the conversion of natural land for human purposes (WWF 2018). Proportionately more 

amphibians (41%) are threatened with extinction than are mammals (25%), reptiles 

(22%), or birds (13%) (Hoffmann et al. 2010). Due to data deficiencies for many 

amphibians this risk is likely underestimated (Stuart et al. 2004). Habitat transformation 

by humans is among the foremost threats to vertebrate biodiversity, in terms of both 

species losses and declining population sizes (Hamer and McDonnell 2008). Amphibians 

are clearly sensitive to habitat degradation (Hamer and McDonnell 2008; Collins et al. 

2009), but we do not yet know whether amphibians exhibit generalizable population 

genetic responses to urbanization and other human land uses. 

Genetic diversity is the most fundamental level of biodiversity. It is important for 

conservation because it reflects a population’s ability to adaptively respond to 

environmental change (Pereira et al. 2013). Small populations typically have lower genetic 

diversity, higher rates of inbreeding depression, experience stronger effects of genetic drift, 

and have a reduced capacity to respond to environments adaptively and purge deleterious 

alleles via selection— this reduces long-term population viability (Frankham 1995). These 

genetic effects are a consequence of low effective population size (Falconer and Mackay 

1996). The effective population size is the size of an ideal population with constant size, 

randomly mating individuals, and non-overlapping generations that produces the same 

rate of genetic drift as the measured population. Over time, the random loss or fixation of 

alleles caused by drift becomes the dominant force driving evolutionary change in 

populations with small effective sizes, regardless of census population size.  

Habitat fragmentation and loss due to urbanization is a major cause of population decline 

(WWF 2018). This is because it divides populations and impedes dispersal between them, 

leading to greater genetic differentiation and smaller effective population sizes, which in 

turn reduces genetic diversity and strengthens genetic drift (Johnson and Munshi-South 

2017; Miles et al. 2019; Schmidt et al. 2020). Mammals are the most well-studied taxa in 

urban evolutionary ecology (Schell 2018; Miles et al. 2019) and they tend to adhere to the 
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expectation of increased drift and genetic differentiation in disturbed environments 

(DiBattista 2008; Schmidt et al. 2020). Whether these effects are generalizable across other 

groups is unclear (Miles et al. 2019). For example, birds’ flight ability may buffer them 

against the effects of habitat fragmentation, and species-specific effects of urbanization on 

genetic diversity in birds suggests that other factors associated with urban habitats 

primarily affect population dynamics (Schmidt et al. 2020).  

Urbanization can have particularly negative consequences for amphibian populations due 

to their specialized habitat requirements. Declines in abundance are associated with the 

reduction and isolation of wetlands, wetland vegetation, and forest cover (Hamer and 

McDonnell 2008; Collins et al. 2009). Some species, especially those that rely on vernal 

pools, are unable to complete their life cycles in urban environments where aquatic and 

terrestrial habitats are separated by roads and other urban infrastructure (Hamer and 

McDonnell 2008). Locally, amphibians have patchy distributions that form metapopulation 

structures at regional scales. Limited population connectivity due to wetland destruction 

and fragmentation can sever connections within the metapopulation network, causing 

population isolation (Hamer and McDonnell 2008). The genetic diversity of amphibian 

populations could thus be especially vulnerable to continued land-use change. Genetic 

diversity and population connectivity were reduced in urban populations of some species 

(Arens et al. 2007; Noёl et al. 2007; Munshi-South et al. 2013a), while other species appear 

to be more tolerant of urbanization or had higher genetic diversity in urban populations 

(Hamer and McDonnell 2008; Browne et al. 2009; Furman et al. 2016; Lourenço et al. 2017; 

Nowakowski et al. 2018; Fusco et al. 2020). 

Here, we tested for general effects of urbanization on gene diversity, allelic richness, 

effective population size, and population-specific FST across a sample of North American 

amphibians by repurposing archived georeferenced microsatellite data. We harvested data 

amounting to 13,680 individual genotypes from 19 species sampled at 554 sites in Canada 

and the United States (Table S3.2). Synthesizing and repurposing data collected for 

different questions is powerful because it is unlikely that study system selection, for 

instance a focus on systems where strong effects are suspected, would bias our findings. 



44 
 
 

Additionally, this approach allowed us to consistently calculate both genetic and 

environmental variables that were not necessarily presented in the original papers. We 

focused on North America to control for effects of regional history on genetic diversity and 

population structure (Hewitt 2000; Schmidt et al. 2020). Additionally, the southeastern 

United States is an important hotspot for salamander species diversity. We focused on four 

measures of landscape change that encompass different aspects of urbanization and human 

presence. We considered census-based urban/rural designations as a broad scale 

categorical measure of urbanization. We used human population density measured per 

square kilometer as a finer scale continuous measure of human presence. The Human 

Footprint Index was a more comprehensive fine-scale measure of human presence and 

disturbance which incorporates population density, built-up areas, night-time lights, land 

cover, and human access to coastlines, roads, railways and navigable rivers (WCS and 

CIESIN 2005). Lastly, we measured the percent of impervious surface cover at each site 

which was available at a finer resolution (30 m). 

 

Methods 

Data assembly. We conducted a systematic search of online repositories for raw 

microsatellite data in February 2019 using the DataONE interface (Jones et al. 2017) 

through R (R Core Team 2019). We focused on microsatellites because they are widely 

used for genetic monitoring of wildlife populations, and raw data is commonly archived in 

online repositories (Miles et al. 2019). Neutral microsatellite markers provide good 

estimates of genome-wide diversity (Mittell et al. 2015) in addition to their capturing 

useful information about population demography. We searched for species names using a 

list of amphibian species native to North America from the IUCN Red List database (for 

example, “Ambystoma maculatum”), in addition to the terms: “microsat*”, “short tandem*”, 

or “single tandem*”. We obtained 51 search results. Twenty-three results were duplicates 

(owing to different data versions archived in the Dryad repository) and were removed (see 

Data S1 for complete list of search results).  
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We screened the remaining data for suitability according to the following criteria: raw, 

neutral microsatellite data available (i.e., called allele sizes); species present in data were 

on search list; the location of data collection was North America; and the original study 

design would not have effects on genetic diversity, such as island populations, or 

populations having recently undergone a bottleneck for reasons unrelated to urbanization. 

In some cases, multiple datasets from one research group included the same species 

sampled at overlapping sites. In these cases we kept the dataset with a greater number of 

sample locations to avoid resampling the same populations. Ultimately 20 out of 28 unique 

datasets were retained for reanalysis (Table S3.2). If sample coordinates were unavailable, 

locations were georeferenced in ArcMap Desktop version 10.3.1 (ESRI, Redlands, CA) using 

sample site maps published in papers. 

Next, we imported selected datasets into R using the adegenet package (Jombart et al. 

2017). We calculated two measures of genetic diversity, gene diversity (Nei 1973) and 

allelic richness. We also calculated effective population size, and population-specific FST 

(Weir and Goudet 2017). Gene diversity is a measure of the spread and evenness of alleles 

in a population. It primarily takes into account allele frequencies and is therefore is only 

minimally affected by different sample sizes (Charlesworth and Charlesworth 2010). Allelic 

richness is a count of alleles in a population that is typically standardized to a minimum 

sample size by rarefaction (Leberg 2002). Here, we set a minimum sample size of 5 

individuals. Gene diversity and allelic richness were calculated in adegenet (Jombart et al. 

2017). We estimated the effective population size of the parental generation using the 

linkage disequilibrium method (Waples and Do 2010) in Neestimator v. 2 (Waples and Do 

2008; Do et al. 2014). This method is among the more precise, especially for smaller 

effective population sizes (Waples and Do 2010). However, in large populations signals of 

drift are overwhelmed by sampling error which hinders estimation of effective population 

size. If too few individuals or loci were sampled to provide information on the strength of 

genetic drift, an estimate of infinity is returned. We excluded these estimates from our 

analyses (Fig. S3.1). Finally, population-specific FST is a measure of population 

differentiation which estimates how far populations in a sample have diverged from a 
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common ancestor (Weir and Goudet 2017). This method requires at least 2 populations per 

dataset, and we were unable to estimate FST when this requirement was not met. 

Population-specific FST was calculated with the ‘betas’ function in the hierfstat package 

(Goudet and Jombart 2015). 

Human influence. We focused on four metrics which capture varying aspects of the effects 

of humans and urbanization. First, we assigned each site to urban or non-urban categories 

depending on whether they fell within census-designated urban areas and population 

centers in the United States and Canada (Statistics Canada 2016; U.S. Census Bureau 2016). 

Next, we measured the average human population density per km2 and the Human 

Footprint Index (WCS and CIESIN 2005) at each site within a buffer zone. We used 1, 5, 10, 

and 15 km buffers around each site to test whether relationships between genetic metrics 

and human presence were scale-dependent. Finally, we measured percent impervious 

surface at each site with no buffer because data was available at a finer, 30 meter 

resolution (Brown de Colstoun et al. 2017). We also assessed the effects of roads at each 

site (University and Georgia 2013) independent from the Human Footprint Index, as this 

metric may have more proximate effects on amphibian population size and structure. 

However, total road length was strongly correlated with human population density and the 

Human Footprint Index, therefore we present these analyses in the SI. There was no 

evidence for scale dependence, and we report results from the 10 km buffer for human 

population density and the Human Footprint Index in the main text as this allowed for 

comparison to results for mammals and birds from previous work using this analytical 

approach (Schmidt et al. 2020). Full results for all scales are presented in SI Fig. S3.2.  

Analysis. We examined the effects of human land transformation on genetic diversity (gene 

diversity and allelic richness), effective population size, and population differentiation 

(population-specific FST). However, there are likely spatial patterns in the distribution of 

genetic diversity present in the data dues to sample site arrangements (closer sites are 

more similar), local environment, population structure and demography, historical factors 

such as climate and glaciation cycles, or species life history (e.g. dispersal distance). 

Following Schmidt et al. (2020), we controlled for factors that could create spatial structure 
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in the data with distance-based Moran’s eigenvector maps (MEMs). This method produces 

spatial eigenvectors with positive eigenvalues directly proportional to Moran’s I index of 

spatial autocorrelation. MEMs capture spatial variation across all scales perceivable by the 

data (Borcard and Legendre 2002; Borcard et al. 2004; Dray et al. 2006). For example, in a 

multi-species context, broad scale spatial variation may be generated by climatic factors 

which can affect several species simultaneously, while patterns at finer scales could result 

from local environmental variation or species traits. MEMs are used in landscape genetics 

to control for spatial patterns caused by unknown factors, and as proxies for unmeasured 

environmental variables in regressions (Manel et al. 2010). We computed MEMs in the 

adespatial package (version 0.3.8) (Dray et al. 2017) and used a forward selection 

procedure to select MEMs that described important spatial variation in gene diversity, 

allelic richness, effective population size, and population-specific FST (Blanchet et al. 2008).  

Next, we tested for effects of human presence on the population genetics of sample sites 

using hierarchical models in a Bayesian framework. For each genetic measure (gene 

diversity, allelic richness, effective population size, and population-specific FST) we fitted a 

series of five linear mixed models. Four models each included a measure of human 

presence (urban/rural classification, human population density, Human Footprint Index, 

and impervious surface cover) and selected MEMs, while the fifth model was a null model 

which included MEMs only or was intercept-only if no spatial autocorrelation was detected. 

We allowed relationships to vary for each species by including species as a random effect 

allowing slopes and intercepts to vary. Random slope and intercept models can be 

interpreted as first estimating the effects of human presence across populations within 

species, then generalizing coefficient estimates across species. Using this random effect 

structure also allows us to examine how species-specific effects contribute to the overall 

coefficient estimate, e.g., whether coefficients with credible intervals overlapping 0 are due 

to no effects across species, or a combination of species with positive and negative effects. 

Effective population size and human population density were log-transformed, and all 

variables were scaled and centered before analysis allowing us to compare effect sizes 

across models. Bayesian regression models were run using brms (Bürkner 2019) with 4 



48 
 
 

chains, 5000 iterations (1000 burn-in iterations), and default uniform priors. We calculated 

marginal (R2m) and conditional R2 (R2c) values to determine the proportion of variation 

explained by fixed effects, and fixed and random effects together, respectively.  

Finally, we also fit phylogenetically controlled models by fitting a phylogenetic covariance 

matrix generated with the ‘taxize’ and ‘ape’ packages in R (Chamberlain and Szocs 2013; 

Paradis and Schliep 2019). Phylogenetic controls are typically fit to account for the 

possibility that unreplicated events in a species group’s evolutionary history drive patterns 

in data. Urbanization is a recent phenomenon, and so any relationships we find would 

indeed be replicated. We were primarily interested in whether species, regardless of their 

evolutionary relationships, tend to lose genetic diversity in response to urbanization. 

Nevertheless, phylogenetically controlled models could be interesting from other 

perspectives. Parameter estimates from phylogenetic regressions did not differ from 

models without phylogenetic control, and so we present these results in the SI (Fig. S3.3, 

Table S3.1).  

 

Results 

Data synthesis 

From 20 previously published datasets, we obtained raw microsatellite genotypes from 

13,680 individuals of 19 species sampled at 554 sites in Canada and the United States (Fig. 

3.1; Table S3.2). The median number of individuals sampled per site was 21 (range: 5 – 

299), and the mean number of sampled loci was 11.15 (range: 5 – 20). The average gene 

diversity across species was 0.68 ± 0.16 SD, and for allelic richness was 5.16 ± 2.11 SD. 

Species-specific summaries are presented in Table S3.2. 

We were able to measure population-specific FST for all but 2 sample sites where only a 

single site was sampled. Mean FST was 0.11 ± 0.15 SD. Finally, we were only able to 

estimate effective population size for 387 sites. The median effective population size was 

45.5 individuals, however, the range varied widely between sites (range: 1.3 – 7847.8). 
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Effects of urbanization 

Human presence and urbanization did not tend to have strong effects on amphibian genetic 

diversity or population structure (Fig. 3.2, Table 3.1). Census-based urban/rural 

classification and percent impervious surface cover had no detectable effects on any 

genetic metric. There was a trend of higher genetic diversity and effective population sizes, 

and lower population differentiation at sites with higher Human Footprint Index and 

population density. However, the only clear effects were a negative effect of the Human 

Footprint Index on population-specific FST and a positive effect of human population 

density on effective population size (Fig. 3.2). Responses to population density varied 

consistently in strength and direction regardless of spatial scale, and effects of the Human 

Footprint Index began to be distinguishable with a 10 km buffer (Fig. S3.2). Urban 

predictors had particularly low explanatory power for effective population size and allelic 

richness relative to null models (Table 3.1). For gene diversity, models with population 

density or Human Footprint Index—continuous measures of urbanization—explained the 

largest amount of variation (19% and 17% respectively; Table 3.1). These relationships 

remained after accounting for phylogenetic relatedness (Fig. S3.3; Table S3.1). Effects of 

human presence on genetic diversity varied slightly between species (Fig. 3.3). Genetic 

diversity in Cope’s giant salamander (Dicamptodon copei), the Rocky Mountain tailed frog 

(Ascaphus montanus), and the spring peeper (Pseudacris crucifer) tended to increase in 

more urban habitats whereas genetic diversity decreased with urbanization for northern 

dusky salamanders (Desmognathus fuscus) and California red-legged frogs (Rana draytonii) 

(Fig. 3.3). There was no clear direction of effect for the remaining 14 species.  

 

Discussion 

In general, genetic diversity and population structure in North American amphibians were 

not related to the measures of urbanization and human disturbance we tested. Responses 

to human presence measured by the Human Footprint Index and population density 
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trended in the same directions. In contrast to our expectations, amphibians showed a 

tendency towards lower levels of population differentiation, higher effective population 

sizes, and greater genetic diversity in transformed environments. Species-specific 

responses to urbanization (Fig. 3.3) suggest that pronounced positive effects in a few 

species drove this pattern: Cope’s giant salamander, the Rocky Mountain tailed frog, and 

the spring peeper had higher genetic diversity in increasingly urban habitats. Cope’s giant 

salamander and the Rocky Mountain tailed frog are both species with restricted ranges that 

were only sampled in low to moderately disturbed areas (Fig. 3.3), and are sensitive to 

anthropogenic disturbance (Spear and Storfer 2010; Trumbo et al. 2013; Metzger et al. 

2015). It is unclear what may have caused the positive relationships with genetic diversity 

and population connectivity we find here. Species- or population-specific evolutionary 

history likely contributed to these results, however our analysis speaks to general 

interspecific patterns, and species-specific causes of variable responses to urbanization 

would require additional focal work.  

Spring peepers on the other hand are an early successional species with a large range in 

eastern North America. In general, widely distributed generalist species, pond breeders, 

and species with aquatic development are more tolerant of habitat disturbance (Hamer and 

McDonnell 2008; Nowakowski et al. 2018). This may explain the positive trend we found in 

spring peepers as well as the absence of effects in other widely distributed species, 

including spotted salamanders (Ambystoma maculatum), streamside salamanders (A. 

barbouri), and wood frogs (Lithobates sylvaticus). Human-made ponds and still waters in 

moderately transformed areas (e.g., agricultural land, parks, golf courses) may provide 

important breeding habitats for some amphibian species (Babbitt and Tanner 2000; 

Dimauro and Hunter 2002; Barry et al. 2008; Brand and Snodgrass 2010; Saarikivi et al. 

2013; Nowakowski et al. 2018). Indeed, abundance in a closely related species, the boreal 

chorus frog (P. maculata), was also increased in more urban environments, perhaps due to 

a preference for open habitats, or increased availability of potential breeding habitats near 

roads (Browne et al. 2009). 
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Genetic diversity and population connectivity were unaffected by urbanization in the 

remaining 16 species. However, these findings should not be taken as indicating that the 

loss of genetic diversity due to urbanization is not a concern for amphibians. Three non-

mutually exclusive factors could have contributed to this result which we discuss in turn: 

sample locations, temporal population size fluctuations, and sensitivity to habitat loss. 

First, a majority of sample sites in our aggregated dataset were located in natural to 

moderately transformed landscapes (Human Footprint Index < 50; Fig. S3.4), and relatively 

few species were sampled in highly urbanized habitats. The only species with populations 

consistently sampled in highly urbanized sites was the northern dusky salamander, which 

showed a marked, albeit non-significant, decline in genetic diversity with increasing human 

disturbance (Fig. 3.3) (Munshi-South et al. 2013b). It is thus possible that our ability to 

detect effects on genetic diversity and population structure was limited because 

populations in densely developed urban habitats were unsampled, or perhaps unavailable 

for sampling due to extirpations and population declines.  

Moreover, using macrogenetics approaches to test the effects of urbanization on amphibian 

genetic diversity may generally be difficult to detect due to unstable population sizes. 

Amphibian abundances at sites can vary across orders of magnitude from year to year 

(Collins et al. 2009). It may be that for many species, genetic signals of urbanization are 

swamped by population fluctuations associated with recurrent bottlenecks. Indeed, allelic 

richness—the number of alleles—is more sensitive to population bottlenecks than is gene 

diversity, which measures the evenness and spread of alleles (Corunet and Luikart 1996). 

Allelic richness data might thus be noisier than gene diversity for amphibians. Highly 

variable population sizes could have caused the discrepancy in model explanatory power 

we find between these two measures of genetic diversity: proximity to humans and spatial 

patterns explained substantially more of the variation in gene diversity (10-19%) than 

allelic richness (2-4%; Table 3.1). 

Finally, amphibians’ complex physiology, life history, and habitat requirements likely make 

them more sensitive than other vertebrates to human-caused habitat loss (Gibbs 1998), 

especially considering that increased human presence is associated with declines in 
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wetland area and connectivity (Gibbs 2000). Compared to birds and mammals, amphibian 

movements are naturally more constrained due to strict physiological and environmental 

requirements (e.g., proximity to aquatic and terrestrial environments, presence of 

ephemeral ponds, forest cover, and soil moisture), which also contributes to patchy 

population distributions (Collins et al. 2009). Thus in general, habitat fragmentation and 

loss related to human disturbance may limit dispersal and reduce the probability of 

recolonizing areas where species were previously extirpated (Guzy et al. 2012). At a 30 m 

resolution, most sites included in our analyses were located in areas with 0 % impervious 

surface cover, even if other metrics at broader scales indicated higher levels of 

urbanization. This suggests that urban amphibian populations can maintain levels of 

genetic diversity comparable to natural populations in small habitat patches in urban 

areas. Our results therefore suggest that with regards to urbanization, the outcomes of 

habitat loss and degradation—such as local extinction—are of a more immediate concern 

than gradual long-term declines owing to reduced genetic diversity in this taxon. This 

would explain losses at species and population levels without our detecting declines in 

genetic diversity. This is concerning because temporary wetlands which may benefit 

several species are typically not a priority for habitat conservation, and due to their small 

size, can dry out easily and are more vulnerable to pollution in human-dominated habitats 

(Hamer and McDonnell 2008). 

As habitat specialists, amphibian populations in general appear to be more threatened by 

habitat loss in cities compared to other vertebrate taxa. Varied life histories and ecological 

needs across taxa play an integral role in how species cope with land-use change.  While 

patterns of reduced genetic diversity and increased differentiation in mammals are quite 

consistent (DiBattista 2008; Schmidt et al. 2020), this pattern seems to not generally apply 

to all vertebrate classes. In addition to a lack of discernible general effects in amphibians, 

responses to urbanization in birds were equally likely to be negative or positive depending 

on species (Schmidt et al. 2020). This suggests that vagility is a major trait determining 

how different taxa responds to urbanization, and that perhaps variation in other traits has 

secondary role. In light of previous findings (DiBattista 2008; Miles et al. 2019; Schmidt et 
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al. 2020) and our results for amphibians, it appears that there is no one size fits all answer 

to questions about the effects of urbanization on genetic diversity (Miles et al. 2019). 

Nevertheless, although the direction of effect might vary, it is clear that urbanization alters 

the genetics of wildlife populations quite broadly.  
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Table 3.1. Model summaries for the effects of urbanization and human presence on 

population genetic composition. Five models were run for each response variable, four of 

which included a measure of human presence. The last was a null model including only 

spatial predictors as fixed effects if spatial autocorrelation was detected, otherwise was an 

intercept-only model. Marginal R2 refers to the proportion of variation explained by fixed 

effects, and conditional R2 is the variation explained by both fixed and random effects. 

 

Variable Covariate Coefficient (95% CI) Marginal; Conditional R2 

effective population    
size urban/rural 0.35 (-0.13 – 0.79) 0.01; 0.32 

n = 387 human population density 0.16 (0.03 – 0.31) 0.03; 0.32 

 Human Footprint Index 0.15 (-0.01 – 0.34) 0.02; 0.32 

 % impervious surface 0.05 (-0.04 – 0.13) 0.00; 0.31 

 none – 0.00; 0.31  

gene diversity    
n = 554 urban/rural -0.14 (-0.92 – 0.71) 0.10; 0.74 

 human population density 0.21 (-0.07 – 0.52) 0.19; 0.76 

 Human Footprint Index 0.28 (-0.04 – 0.59) 0.17; 0.77 

 % impervious surface -0.04 (-0.25 – 0.20) 0.02; 0.73 

 none – 0.11; 0.74 

allelic richness    
n = 554 urban/rural -0.16 (-0.50 – 0.21) 0.03; 0.59 

 human population density 0.02 (-0.09 – 0.16) 0.03; 0.59 

 Human Footprint Index 0.07 (-0.08 – 0.26) 0.04; 0.60 

 % impervious surface 0.02 ( -0.14 – 0.27) 0.01; 0.60 

 none – 0.02; 0.59 

FST    
n = 552 urban/rural 0.04 (-1.25 – 1.28) 0.15; 0.58 

 human population density -0.27 (-0.65 – 0.07) 0.18; 0.59 

 Human Footprint Index -0.44 (-0.86 – -0.02) 0.19; 0.61 

 % impervious surface 0.09 ( -0.23 – 0.37) 0.05; 0.55 

 none – 0.18; 0.56 
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Figure 3.1. Map showing the locations of 554 sample sites from 19 species included in our 

analyses. White points are salamanders, and orange points are frogs. We harvested raw 

microsatellite data sampled from each site to estimate gene diversity, allelic richness, 

effective population size, and population-specific FST. Sites are overlaid on a map of the 

Human Footprint Index (HFI), which ranges from 0 (most wild) to 100 (most transformed).  
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Figure 3.2. Coefficients from Bayesian linear mixed models. Effect sizes (open circles) are 

shown with 90% (bold lines) and 95% (thin lines) credible intervals. Note sample sizes 

differed between genetic measures (see Table 3.1). Effects appear generally small and 

inconsistent, however, there is a positive relationship between effective population size 

and human population density, and a negative relationship between population-specific FST 

and the Human Footprint Index.
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 1 

Figure 3.3. Species-specific effects of the Human Footprint Index on genetic diversity. The left graph shows species-specific 2 

coefficients for the effect of the Human Footprint Index on gene diversity; the right graphs are gene diversity plotted against 3 

the Human Footprint Index for each species. Grey shading around regression lines represent 95% confidence intervals. Few 4 

species respond positively to urbanization (Rocky mountain tailed frog, Ascaphus montanus; Cope’s giant salamander, 5 

Dicamptodon copei; and spring peeper Pseudacris crucifer). In most species however, genetic diversity appears to have no 6 

relationship with measures of urbanization and human presence.  7 



65 
 
 

Chapter 4: Systemic racism alters wildlife genetic diversity 

 
Chloé Schmidt, Colin J Garroway 

Department of Biological Sciences, 50 Sifton Rd, University of Manitoba, Winnipeg, 
Manitoba R3T 2N2 Canada 

 

Status: under review in PNAS   



66 
 
 

Abstract: Humans are the defining feature of urban ecosystems, but the ways that our 

social decision-making affect evolution in urban wildlife populations are not well 

understood (Schell et al. 2020; Des Roches et al. 2021). In the United States, systemic 

racism—specifically government-mandated ‘redlining’ policies—have had lasting effects on 

the built structure of cities due to the racial segregation of neighborhoods (Schell et al. 

2020). However, it is not known whether varying habitat structure and natural resource 

availability due to segregation affects evolution in urban wildlife. We repurposed public 

genetic data from 35 terrestrial vertebrate species sampled in 202 urban locations to show 

that systemic racism creates environments that reduce the efficiency of selection and 

neutral genetic diversity, and cause animal populations to become less well connected. The 

relationship between neighborhood racial composition and animal genetic diversity was 

mediated by habitat disturbance. This suggests that systemic racism alters evolutionary 

processes acting on urban wildlife populations in ways that negatively affect their chances 

of persistence. Limited capacity to support large, well-connected wildlife populations 

reduces access to nature and builds on existing environmental inequities shouldered by 

predominantly non-white neighborhoods. 

 

Keywords: urban evolution, redlining, effective population size, population isolation, 

Human Footprint Index 
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Introduction  

Historic and ongoing systemic racism and racial segregation have played a prominent role 

in the development and structure of cities in the United States (Rothstein 2017; Schell et al. 

2020). One of the most direct causes of present-day racial segregation was the 

government-sponsored practice of redlining, which graded neighborhoods based on 

desirability and systematically excluded racial and ethnic minorities—namely Black 

Americans—from homeownership in better-ranked neighborhoods. During the suburb 

boom in the 1950s, discriminatory redlining policies and practices related to lending, 

insurance, zoning, and public housing collectively encouraged white Americans to move 

into new suburban communities and simultaneously pushed Black Americans and other 

racial and ethnic minorities to reside towards urban cores (Rothstein 2017). Lower-

ranking redlined neighborhoods subsequently received less public investment and 

typically became densely populated, had more industrial infrastructure, and less green 

space (reviewed in Rothstein 2017; Schell et al. 2020). Racial segregation and spatial 

isolation were often reinforced by physical barriers such as highways, railroad tracks, and 

sometimes walls (Rothstein 2017). These practices, although outlawed in the Fair Housing 

Act of 1968, created a socially-structured geography associated with socioeconomic and 

environmental inequity that persists in American cities (Rothstein 2017; Watkins and 

Gerrish 2018). 

 

Evolutionary effects of systemic racism 

Accumulating knowledge of the effects of systemic racism on the structure of urban 

environments now allows us to turn an eye towards its effects on evolution in urban 

wildlife. In a comprehensive review, Schell et al. (Schell et al. 2020) show that 

socioeconomic decision-making and racial inequality have created environmental 

conditions that can alter the distribution and demography of wildlife in cities in ways that 

should cause evolutionary change (Schell et al. 2020; Des Roches et al. 2021). However, 

these ideas have received little empirical attention. Residential racial segregation creates 

disparities in natural resource availability, land use, pollution, and habitat connectivity, 
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such that neighborhoods that historically excluded minorities tend to be better wildlife 

habitat (Schell et al. 2020). This means that local environmental carrying capacities in cities 

are likely predicted by the racial makeup of neighborhoods. In general, larger, more 

connected populations have better chances of persisting in an area, are less strongly 

affected by genetic drift, and have higher genetic diversity which determines their capacity 

to respond to environmental change. Cities are now where people primarily interact with 

and benefit from nature (Fuller and Irvine 2013), and their design is becoming increasingly 

important for the conservation of native biodiversity (Aronson et al. 2014). Managing 

wildlife for conservation and human well-being requires a comprehensive understanding 

of eco-evolutionary processes in cities, and this extends to identifying the ways that human 

social patterns shape evolution in urban wildlife.  

We test the hypothesis that systemic racism produces urban environments that alter 

population demography and thus evolutionary change in city-dwelling populations of 

amphibians, birds, mammals, and reptiles across the continental United States. It is now 

clear that urbanization and human land use in general affect the genetic composition of 

wildlife populations when compared to populations in more natural environments 

(Johnson and Munshi-South 2017; Leigh et al. 2019; Schmidt et al. 2020). How evolutionary 

processes shape genetic diversity within cities is less well understood. We predicted that 

levels of genetic diversity and connectivity among urban wildlife populations would vary 

with the racial composition of neighborhoods, increasing in predominantly white, less 

environmentally disturbed areas. The effect of systemic racism on ecological and 

evolutionary change in urban wildlife is likely mediated by differential resource 

distribution and habitat degradation (Schell et al. 2020). We explored this idea by testing 

the effects of the racial composition of neighborhoods on genetic diversity alone, and while 

statistically controlling for habitat degradation.       

Residential segregation has contributed to the present marked wealth disparities across 

racial groups in the United States (Pager and Shepherd 2008; Reskin 2012). Although 

discriminatory housing policies are now illegal, Black Americans are still less likely to own 

homes, prospective homeowners are steered towards predominantly Black neighborhoods, 
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and homes they do own are less likely to appreciate (Reskin 2012), presenting a racialized 

barrier to wealth accumulation. The ecological effects of wealth on wildlife can be notable. 

Wealth, or “luxury effects”, alter habitat quality, population dynamics, and the species 

composition of urban wildlife communities. However, the strength of luxury effects vary 

regionally and across taxa (Jenerette et al. 2011; Roman et al. 2018; Schell et al. 2020). 

Additionally, the greatest disparities in urban forest cover across the racial mosaic appear 

on public, rather than private land, reflecting the effect of biased municipal investment in 

communities rather than the effects of individual wealth (Watkins and Gerrish 2018). For 

these reasons the environmental effects of structural racism cannot be captured by 

neighborhood wealth alone, and here we focus on habitat disturbance more generally.  

 

Quantifying genetic diversity in terrestrial vertebrates 

We tested our hypothesis by building a database of georeferenced publicly archived, raw, 

neutral microsatellite data sets (Schmidt et al. 2020) (Fig. 4.1; Methods). We aggregated 

6,284 individual genotypes from 7 amphibian, 11 bird, 14 mammal, and 3 reptile species 

native to North America. The typical numbers of microsatellite loci used in molecular 

ecological research estimate genome-wide diversity well (Mittell et al. 2015). We 

conducted a systematic search for microsatellite data in online data repositories in R (R 

Core Team 2019) using a list of species names for terrestrial vertebrates native to North 

America (Methods). By repurposing raw data, we were able to consistently calculate our 

chosen metrics of genetic composition and environmental variation across the entire 

aggregated dataset. For each sample site, we calculated the effective population size using a 

linkage disequilibrium method (Do et al. 2014), gene diversity (Nei 1973), standardized 

allelic richness, and measured genetic divergence using site-specific FST (Weir and Goudet 

2017). The effective population size is an estimate of the strength of genetic drift, gene 

diversity and allelic richness are two measures of genetic diversity, and site-specific FST 

was our estimate of relative genetic differentiation among sites. We excluded sites not 

located within US Census-designated urban areas (U.S. Census Bureau 2016).  
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We calculated the percentage of residents identifying as white in census blocks located 

within 0.5, 1, and 5 km of each sample site in our dataset using demographic data from the 

2010 US Census (Manson et al. 2019). We present results from 0.5 km buffers here, but 

note results were consistent across all scales (Fig. S4.1). We chose this metric of 

neighborhood racial segregation because white Americans are the most separated 

demographic. According to the 2010 Census, the average white American lives in a 

predominantly white neighborhood, while other racial groups typically live in more diverse 

neighborhoods (Logan and Stults 2011). Thus, the proportion of white residents in a 

neighborhood captures environmental heterogeneity caused by racial segregation well. We 

quantified disturbance at each site with the Human Footprint Index (WCS and CIESIN 

2005). The Human Footprint Index measures human-caused habitat transformation from 

the most wild to the most disturbed. It provides a broad index of habitat degradation by 

incorporating human population density, roads, railways, access to navigable rivers, built-

up areas, land cover, and nighttime lights. The percentage of white residents in a 

neighborhood was negatively correlated with the Human Footprint Index (Pearson’s r = -

0.52; 95% confidence interval: -0.60 – -0.43), demonstrating that in our dataset, 

predominately non-white neighborhoods were located in more disturbed environments.  

We tested the effect of racial composition on the genetic composition of species at sample 

sites using Bayesian hierarchical models (Bürkner 2019). We controlled for variation 

across taxonomic class and species using a random effect structure with random intercepts 

for species nested in class, allowing slopes and intercepts to vary within species (Methods). 

Here, random slope and intercept models estimate the effect of racial composition on each 

species, and the distribution of species-specific parameter estimates shrink towards an 

overall mean— the effect size across all species. This is a feature of hierarchical models that 

is highlighted in a multi-species context. Shrinkage allows levels of a random effect to 

inform each other, yielding more robust estimates of effect size, at the same time detecting 

general effects across species that may be difficult to detect in single-species analyses 

(Harrison et al. 2018). Moran’s I tests detected no residual spatial autocorrelation in the 

models.  
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Effects of racial segregation on genetic variation 

We detected consistent relationships between genetic composition and the racial 

composition of neighborhoods (Fig. 4.2). Species tended to have larger effective population 

sizes, higher genetic diversity, and were less genetically differentiated in neighborhoods 

with higher proportions of white residents (Fig. 4.2; Table 4.1). This result suggests that 

demographic and evolutionary processes in urban wildlife vary within American cities in 

ways that make population persistence in minority neighborhoods more difficult.  

We then fit separate models relating the Human Footprint Index alone, and both the 

Human Footprint Index and the racial composition of neighborhoods together, to our 

measures of genetic composition. This was to explore whether the effects of the 

neighborhood racial composition might be mediated by habitat degradation and reduced 

natural resource availability. Specifically, we used adjusted R2 values to determine whether 

models including both racial composition and the Human Footprint Index explained more 

variation than either covariate alone. In each model the Human Footprint Index was 

negatively related to genetic diversity, effective population size, and connectivity (Table 

4.1). The amount of variation explained by racial composition and human disturbance was 

low across all models (Table S4.1). For all genetic metrics, the proportion of variance 

explained by models including both racial composition and the Human Footprint Index was 

similar to the variation explained using only one of these covariates (Table 4.1). These 

results suggest that segregation drives the unequal distribution of resources and creates 

landscape heterogeneity that shapes demography and genetic diversity in urban wildlife.  

Ecologically, our results suggest that majority non-white neighborhoods support smaller, 

more fragmented, less genetically diverse wildlife populations. Source-sink dynamics could 

potentially create this pattern, because wildlife from natural and less disturbed sites 

further from city centers have limited access to urban cores (Schell et al. 2020). Notably, 

the effects of racial composition and habitat degradation on genetic composition were 

consistent across taxa and cities. Previous work along urban-rural gradients suggests that 

mammal populations were generally negatively affected by increasing human disturbance, 
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but responses in birds were species-specific with both increases and decreases in diversity 

detected (Schmidt et al. 2020), and effects were not detectable in amphibians (Schmidt and 

Garroway 2020). When considering habitat variation within cities, it appears urban wildlife 

populations, regardless of taxa or location, tend to be larger and harbor higher genetic 

diversity in less disturbed habitat patches. This was true even for common urban species in 

our dataset, including coyotes and black-capped chickadees. These results are concerning 

because urban biodiversity is important for human mental and physical well-being (Russell 

et al. 2013), and disparities in access to nature build on existing health-related 

environmental disamenities in minority neighborhoods including greater exposure to air 

pollution and heat-island effects (Bailey et al. 2017; Schell et al. 2020). 

Urban evolutionary ecology research is only beginning to more deeply explore the effects 

of spatial heterogeneity within cities generated by human social processes (Schell et al. 

2020; Des Roches et al. 2021). This will require more informed, comprehensive sampling of 

urban habitats. In our dataset, 87% of sites were located in predominantly white 

neighborhoods. If we are to fully consider environmental heterogeneity within and across 

cities to understand the spectrum of ways humans affect their environments, better 

sampling by a more diverse research community is needed. However, racial diversity is 

particularly low in ecology and evolution (Graves 2019; O’Brien et al. 2020). Black 

students, for example, earned just 1% of ecology and evolutionary biology doctorates 

awarded in the United States in 2019 (National Science Foundation and National Center for 

Science and Engineering Statistics 2019). Research in urban evolutionary ecology will 

become an increasingly important resource for decision-makers and city planners to make 

cities sustainable habitats for wildlife while meeting human needs (Des Roches et al. 2021). 

It is clear that systemic racism is altering evolutionary processes acting on urban wildlife 

populations. To achieve environmental equity, and ultimately cities that support humans 

and wildlife alike, it is necessary to confront systemic biases and social processes in urban 

evolutionary ecology research. 

 

Methods 
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Data compilation 

To create the database of genetic metrics, we performed 3 systematic searches of online 

data repositories between 2018 and 2020 using the DataONE interface for R (Jones et al. 

2017) with the keywords “str”, “microsat*”, single tandem*”, “short tandem*”, and species 

name (e.g. “Alces alces”). DataONE is a network of public data repositories, such as Dryad. 

We used existing datasets described in (Schmidt et al. 2020); (Schmidt and Garroway 

2020) where detailed methods for dataset assembly can be found. We augmented this 

dataset in February 2019 with data from reptiles, and in November 2020 with additional 

mammal data using the same inclusion criteria. In brief we retained datasets with neutral 

microsatellite datasets sampled from native species located in North America where study 

design would not influence genetic diversity (e.g., island or managed populations). We 

retrieved 68 total search results for reptiles, 28 of which were duplicates. In total 11 

datasets met our inclusion criteria. For additional mammal data we obtained 37 search 

results, of which 10 were duplicates and 8 were added to our database. We measured 

effective population sizes, allelic richness, gene diversity, and population-specific FST for 

each sample site from raw microsatellite datasets. We estimated effective population size 

of the parental generation using the linkage disequilibrium method in Neestimator (Do et 

al. 2014). We were unable to estimate effective population size when sampling error 

overwhelms signals of genetic drift, as is the case when too few individuals were sampled 

or populations are extremely large. We calculated allelic richness and gene diversity using 

the adegenet package in R (Jombart et al. 2017). Allelic richness is sensitive to the number 

of sampled individuals, thus we standardized this measure to the minimum sample size 

across the entire dataset (5 individuals; (Leberg 2002). Gene diversity (Nei 1973) is a 

heterozygosity metric that is minimally affected by sample size variation (Charlesworth 

and Charlesworth 2010). Finally, population-specific FST (Weir and Goudet 2017) is a 

relative measure of genetic differentiation that estimates how far populations have 

diverged from a common ancestor in a sample. We computed this metric with the hierfstat 

package (Goudet and Jombart 2015), and note that it can only be computed when at least 2 

populations were sampled per dataset. 
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Because this study focuses on the effects of human demographics within cities, we excluded 

non-urban sites from this analysis based on whether they were located within the 

boundaries of census-designated urban areas (U.S. Census Bureau 2016). Data from 43 

studies were ultimately included, and the final dataset consisted of 268 sites across all taxa 

(Tables 1, 2). Of these, we were able to estimate effective population size at 226 sites, thus 

we retained these sites for analysis for effective population size, gene diversity, and allelic 

richness. Site-specific FST was estimable at 222 sites. The datasets included a site-level 

measure of the Human Footprint Index (WCS and CIESIN 2005) from previous analyses 

(Schmidt and Garroway 2020; Schmidt et al. 2020). We then obtained demographic data 

from the United States Census Bureau through the IPUMS National Historical Geographic 

Information System (Manson et al. 2019). Demographic data is from census blocks, the 

smallest census geographic unit. For each site, we measured the percent of the population 

identifying as white within 3 buffer sizes: 0.5, 1, and 5 km. Note sample sizes differed 

across these scales when sites were not located near populated blocks within the 

designated buffer size (n0.5km = 202 sites; n1km = 215 sites, n5km = 226 sites). 

 

Statistical analysis 

All analyses were conducted in R version 4.0.1 (R Core Team 2020). To test for the effects 

of residential racial segregation (% white residents in neighborhood) on the genetic 

diversity of wild populations we used Bayesian linear mixed models implemented in the 

brms package (Bürkner 2017). We log-transformed effective population size, and scaled 

and centered all variables prior to analysis.  

Our modelling strategy incorporated a random effect structure to account for variation 

across taxonomic class and species. We included random intercepts for species nested in 

class, allowing slopes to vary within species. Random slope models provide more 

conservative parameter estimates due to shrinkage, where the distribution of group-level 

effects are drawn towards the overall mean effect (Harrison et al. 2018). Shrinkage to the 

overall effect is strongest for groups with fewer observations, allowing them to borrow 
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strength from better sampled-groups. In this way, knowledge is shared across grouping 

levels of a random factor because we assume they are drawn from a common statistical 

population—whereas in fixed-effect only models, groups are assumed to be independent. 

The benefits of shrinkage in random slopes and intercept models are especially salient 

from a macrogenetics perspective. Species- or city-specific analyses often yield varying 

results (e.g., Miles et al. 2019), but when analyzing raw data aggregated across broader 

spatial or taxonomic contexts, random slope and intercept models can provide better 

estimates of general effects.  

We treated previous results from a different dataset showing the effect of the Human 

Footprint Index on mammal gene diversity, allelic richness, effective population size, and 

population-specific FST (Schmidt et al. 2020) as suitable priors given the negative 

correlation between the percentage of white residents in a neighborhood and the Human 

Footprint Index. We assigned informative normally distributed priors (allelic richness: 

mean = 0.11± 0.04 SD; gene diversity: mean = 0.12 ± 0.05 SD; effective population size: 

mean = 0.27 ± 0.22 SD; FST: mean = -0.15 ± 0.06 SD) and ran all models with 4 chains and 

minimum 10000 iterations. We used Moran’s I tests to test for spatial autocorrelation in 

model residuals. We used marginal and conditional R2 to see the amount of variation 

explained by fixed, and fixed and random effects respectively (Table S4.1) (Nakagawa and 

Schielzeth 2013). Next, we used the same modeling approach to test for the effects of 

Human Footprint Index alone, and the joint effects of racial segregation and the Human 

Footprint Index on genetic composition in another series of models. Finally, to compare 

explanatory ability between univariate models and models including both racial 

composition and Human Footprint Index, we used adjusted R2 values. Adjusted R2 for 

Bayesian models calculates the amount of variation explained using leave-one-out cross 

validation taking into account model complexity. If models including both covariates 

explain more variation than models with either covariate, this suggests that the effect of 

neighborhood racial composition and environmental disturbance on genetic composition 

are to some extent independent. If the opposite is true, it is more likely that racial 
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composition affects genetic composition due to its correlation with environmental 

disturbance. 
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Table 4.1. Effects of racial segregation and environmental disturbance (the Human 

Footprint Index) on genetic composition. Coefficient estimates are given with 95% credible 

intervals. Adjusted R2 (R2Adj) is an estimate of variation explained taking into account 

model complexity. 

 
Variable Covariate Coefficient (95% CI) R2

Adj 

allelic richness Racial segregation (% white residents) 0.08 (0.03, 0.14) 0.75 

n = 202 sites Human Footprint Index -0.10 (-0.16, -0.04) 0.76 

 both -- 0.75 

gene diversity Racial segregation (% white residents) 0.07 (0.02, 0.13) 0.85 

n = 202 sites Human Footprint Index -0.12 (-0.18, -0.05) 0.86 

 both -- 0.86 

effective population size Racial segregation (% white residents) 0.16 (0.03, 0.30) 0.24 

n = 202 sites Human Footprint Index -0.16 (-0.30, -0.03) 0.25 

 both -- 0.24 

FST Racial segregation (% white residents) -0.12 (-0.21, -0.04) 0.46 

n = 198 sites Human Footprint Index 0.15 (0.06, 0.25) 0.46 

 both -- 0.43 
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Figure 4.1. Map of 202 sample sites for 35 species of amphibian, bird, mammal, and reptile 

located in urban areas in the continental United States (points). Racial composition, 

measured by the proportion of the population identifying as white according to 2010 US 

census data, is depicted at the county level.
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Figure 4.2. Bayesian GLMM coefficients for the effect of racial segregation, measured as 

percent of white residents in a neighborhood, on genetic composition. Coefficient estimates 

(open circles) are shown with 90% (bold lines) and 95% (narrow lines) credible intervals. 
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Abstract: Species richness and genetic diversity are the two most fundamental products of 

evolution. Both are important conservation targets—species richness contributes to 

ecosystem functioning and human wellbeing, while genetic diversity allows those species 

to respond to changes in their environment and persist in the long-term. Biogeographic 

patterns of species richness are well-described, but we know little about patterns of 

genome-wide genetic diversity at similar spatial scales. Further, despite considerable 

attention to latitudinal trends in species richness, we still do not have a solid empirical 

understanding of the various processes that produce them, how they interact, or how they 

affect genetic diversity. Here we show that genome-wide genetic diversity and species 

richness share spatial structure, however, species richness hotspots tend to harbor low 

levels of within-species genetic variation. A single model encompassing eco-evolutionary 

processes related to environmental energy availability, niche availability, and proximity to 

humans explained 75% of variation in gene diversity and 90% of the variation in species 

richness. Our empirical model of both levels of biodiversity supports theory and 

demonstrates the importance of carrying capacity and ecological opportunity at individual 

and species levels for generating continent-wide genetic and species diversity gradients.  

 

Keywords: more individuals hypothesis, heterogeneity, Anthropocene, latitudinal diversity 

gradient, carrying capacity, macroecology 
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Introduction 

Biodiversity patterns at the genetic and species levels form the foundation upon which 

higher-level diversity patterns emerge with the processes that generate diversity across 

these two base levels likely so entangled that they should be considered inseparable (Lowe 

et al. 2017; Pontarp et al. 2019). Biogeographic-scale variations in species-level diversity 

are among the best-described patterns in nature (Pontarp et al. 2019). The exploration of 

biogeographic patterns in genetic diversity across species has had to wait for technological 

advances in molecular genetics and the accumulation of data (Miraldo et al. 2016; Manel et 

al. 2020; Theodoridis et al. 2020). Regardless of research effort, our empirical 

understanding of the causes of diversity patterns remains underdeveloped (Pontarp et al. 

2019), likely in part due to a lack of integrated analyses of the causes of diversity at both 

levels. Here we produce a continent-scale map of nuclear genetic diversity for North 

American mammals and show that genetic diversity and species-level diversity are 

spatially correlated and likely have common environmental causes.  

 

Existing hypotheses for species diversity patterns (Lomolino et al. 2016) generally fall into 

three broad categories: those related to evolutionary time for diversification, different 

diversification rates, and ecological limits on the number of species a region can support. 

Evolutionary time hypotheses predict that regions that have been colonized for the longest 

times should tend to have higher species richness than elsewhere due to diversification 

having taken place for longer periods (e.g., greater time for speciation in the tropics). 

Diversification rate hypotheses suggest that spatial variation in speciation or extinction 

rates (e.g., due variation in environmental conditions, mutation rates, and generation 

times) explain species richness patterns. Finally, ecological limits hypotheses posit that 

variation in resource availability sets a species-level carrying capacity that limits the 

number of species able to coexist in a particular area. Here speciation, extinction, and 

colonization dynamics of species are analogous to the birth, death, and immigration 

dynamics that set population-level carrying capacities. There are at least 26 specific 

hypotheses that fall under these umbrella categories – detailed reviews can be found in 

(Mittelbach et al. 2007; Stein et al. 2014; Worm and Tittensor 2018; Pontarp et al. 2019). 
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Evolutionary time, evolutionary rates, and ecological limits hypotheses are often implicitly 

treated as competing ideas but speciation can clearly simultaneously be a product of both 

ecological and evolutionary processes (Pontarp and Wiens 2017). Indeed, recent modelling 

exercises suggest all categories of hypothesis can produce species richness gradients 

(Etienne et al. 2019). That said, the preponderance of theory suggests that carrying 

capacities limiting the supportable number of species in an environment produces the 

strongest and most stable species richness gradients (Vellend 2005; Worm and Tittensor 

2018; Etienne et al. 2019; Brodie 2019). Etienne et al. (2019) used simulations to compare 

diversification rate, evolutionary time, and ecological limits hypotheses. Their models 

suggested that ecological limits on carrying capacity present the most parsimonious 

explanation for the latitudinal diversity gradient. There is also considerable empirical 

evidence in support of this theoretical work suggesting the likely importance of ecological 

limits in the formation of species richness patterns (Storch and Okie 2019; Brodie 2019). 

Taken together, there is good reason to consider ecological limits as a null expectation 

when exploring the causes of species richness patterns (Etienne et al. 2019).   

 

We extended the consequences of processes related to ecological limits to explain 

multispecies population-level patterns of genetic diversity. If environments limit the 

number of species they can support, they must also limit the population sizes of those 

species and thus the strength of genetic drift. Thus, demographic processes acting at the 

individual and species levels could simultaneously shape genetic and species-level 

biodiversity (Fig. 5.1). We focused on two prominent ecological limits hypotheses for 

species richness—the more individuals and environmental heterogeneity hypotheses. The 

more individuals hypothesis posits that energy availability imposes an upper limit on the 

number of individuals, and as a consequence, the number of species an area can support 

(Storch et al. 2018). According to the neutral theory of molecular evolution (Kimura 1983) 

and the neutral theory of biodiversity and biogeography (Hubbell 2001), diversity tends to 

increase with the number of individuals in an assemblage both in terms of genetic diversity 

within populations and the number of species in a community. We thus predicted positive 
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relationships among genetic diversity, species richness, and energy availability. The habitat 

heterogeneity hypothesis suggests that environmental heterogeneity equates to niche 

availability, with heterogeneous areas able to support more specialized species, albeit at 

smaller population sizes because resources are divided (Kadmon and Allouche 2007; 

Allouche et al. 2012; Stein et al. 2014). As increasingly specialized populations diverge, 

genetic variation would be partitioned among locally adapted populations that may 

eventually no longer interbreed. These smaller populations will also lose genetic diversity 

due to genetic drift faster than large populations. We thus predicted that habitat 

heterogeneity would be positively associated with species richness and negatively 

associated with genetic diversity.  

 

In addition to carrying capacity limits set by climatic factors and habitat complexity, a 

major contemporary environmental limitation on diversity is land transformation by 

humans. Habitat loss, fragmentation, and homogenization due to human activities such as 

urbanization reduce the amount of habitat available to wild populations (McKinney 2006; 

Grimm et al. 2008) with consequences at genetic and species levels. Estimates suggest that 

within the last century, over 400 vertebrate species have gone extinct (Ceballos et al. 

2020), vertebrate population sizes worldwide have shrunk by an average of 60% (WWF 

2018), and intraspecific genetic diversity across taxa has declined by approximately 6%  

(Leigh et al. 2019). Contemporary rapid environmental change contributes to biodiversity 

patterns in addition to long-term processes. Because humans are known to influence both 

levels of biodiversity, our effects should be examined alongside natural factors. By reducing 

habitable area and environmental heterogeneity, we predicted that the effects of 

urbanization should also cause species richness and genetic diversity to decrease in more 

heavily disturbed areas. 

 

Our objectives in this study were twofold. Biogeographic-scale correlations between 

nuclear genetic and species-level diversity patterns have not yet been established, so we 

first tested for shared spatial patterns at both levels of biodiversity. Having established 

shared patterns of variation we then tested for common environmental causes of genetic 
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and species-level diversity using structural equation modelling (SEM). Structural equation 

modelling fits hypothesis networks that can accommodate multiple predictor and response 

variables within a hierarchical modelling framework. This allows the relative importance of 

multiple hypotheses to be assessed while accounting for species-level variation. Our data 

were repurposed publicly archived raw neutral nuclear genetic data for North American 

mammals spanning 801 sample sites, 38 species, and 34,841 individuals.  

 

Methods 

Data assembly 

Genetic diversity database. We used the database of genetic metrics in North America 

compiled by Schmidt et al. (Schmidt et al. 2020a, 2020b). This database repurposed raw 

microsatellite data from 34,841 individuals across 38 mammalian species sampled at 801 

sites in the United States and Canada, and includes consistently calculated measures of 

gene diversity (Nei 1973) and population-specific FST (Weir and Goudet 2017). See Table 

S5.2 for a summary of the dataset. Microsatellite markers estimate genome-wide diversity 

well (Mittell et al. 2015). They are commonly used in wildlife population genetic studies 

because they are cost-effective and do not require a reference genome, which allowed us to 

maximize sample size. We chose to focus on North America to control for regional history. 

Detailed methods for assembling this dataset can be found in (Schmidt et al. 2020b) 

(Chapter 2). Briefly, we performed a systematic search for species names of native North 

American mammals with keywords “microsat*”, “single tandem*”, “short tandem*”, and 

“str” using the ‘dataone’ R package, which interfaces with the DataONE platform to search 

online open data repositories (Jones et al. 2017). We discarded search results that did not 

meet our criteria for inclusion and removed results where study design may have 

influenced genetic diversity.  For example we excluded non-neutral data and samples taken 

after a recent bottleneck, translocations, managed or captive populations, or island 

populations. We additionally removed populations with fewer than 5 individuals sampled. 

Gene diversity estimates the richness and evenness of alleles in a population, and we used 

it here as our metric for genetic diversity because it is minimally affected by sample size 
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(Charlesworth and Charlesworth 2010)(Fig. S5.1). Sample sites are treated as point 

locations.  

Population size. Because species-level censuses are not generally available, we used body 

size as a proxy for species-level population size. The inverse relationship between body 

size and species population size is well documented and is especially reliable in mammals 

(Damuth 1981, 1987). Neutral genome-wide genetic diversity is also negatively correlated 

with body size (Frankham 1996; Romiguier et al. 2014), the most likely explanation being 

strong links between body size and effective population size (Frankham 1996). We 

recorded mean adult body mass (g) for each species using data from the PanTHERIA 

database (Jones et al. 2009). Mass was log-transformed before analysis. There were no 

obvious outliers in these data.  

Species richness. We downloaded range maps for terrestrial mammals native to North 

America from the IUCN Red List database (IUCN 2019). We filtered these maps to retain 

ranges for extant, native, resident, mainland species in ArcMap Desktop 10.3.1 (ESRI, 

Redlands, CA). To generate a map of species richness coincident with genetic sample sites, 

we estimated species richness at each site within a 10 km buffer. For the range-wide 

measure of species richness used in our hierarchical structural equation models, we 

summed the number of ranges that overlapped each of our 38 focal species’ ranges. To 

correct for potential biases due to differences in range size (e.g. species with large ranges 

tending to have more overlapping ranges), we divided the number of overlapping ranges 

by the species’ range area (km2), giving us species richness per square kilometer for each 

species. 

Environmental variables. We used potential evapotranspiration as our measure of energy 

availability (Currie 1991). Specifically, potential evapotranspiration measures the 

atmosphere’s ability to remove water from the Earth’s surface and is an indicator of 

atmospheric energy availability. Potential evapotranspiration is one of the strongest 

environmental correlates of species richness in mammals (Currie 1991; Kreft and Jetz 

2007; Fisher et al. 2011; Jiménez-Alfaro et al. 2016). We estimated mean potential 
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evapotranspiration (mm/yr) across each species’ range using annual potential 

evapotranspiration data from 1970-2000 available via the CGIAR Consortium for Spatial 

Information (Trabucco and Zomer 2019). We used a global topography map (NOAA and 

U.S. National Geophysical Data Center) to record the range in elevation across focal species 

ranges to quantify environmental heterogeneity (Stein et al. 2015). As with species 

richness, we corrected elevation range for potential biases introduced by species range 

area, because larger ranges tended to encompass greater topographical heterogeneity. 

Finally, human influence was a site level variable estimated using the human population 

density within a 10 km zone around each site, following Schmidt et al. 2020a finding its 

strong effect on mammalian genetic diversity. 

 

Analysis 

Genetic diversity and species richness maps. All analyses were conducted in R version 3.6.1 

(R Core Team 2019). Our first step was to identify spatial patterns in genetic diversity. We 

accomplished this using distance-based Moran’s eigenvector maps (MEMs) in the R 

package ‘adespatial’ (Dray et al. 2017). MEMs detect spatial patterns in data from a 

modified matrix of distances between sites—a neighbor matrix—whose eigenvalues are 

proportional to Moran’s I index of spatial autocorrelation (Borcard and Legendre 2002; 

Borcard et al. 2004; Dray et al. 2006). MEMs are spatial eigenvectors that represent 

relationships between sites at all spatial scales detectable by the sampling scheme and can 

be included in linear models because they are orthogonal. A total of 199 positive MEMs 

were detected. Next, we used the forward selection procedure described in (Blanchet et al. 

2008) to select two sets of MEMs: one describing site-level spatial patterns in genetic 

diversity and the other describing site-level species richness. Thirteen MEMs explained 

important spatial variation in gene diversity. In order of increasingly fine spatial scales, 

significant patterns were MEMs 2, 3, 4, 5, 22, 27, 30, 31, 47, 49, 101, 145, 152. Forty-three 

MEMs were important predictors of species richness, and 8 of these patterns were shared 

by genetic diversity (significant MEMs are listed in Fig. S5.3).  
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We then subset MEMs based on Moran’s I to retain only those explaining broad-scale 

spatial patterns (MEMs with Moran’s I > 0.25). The cut-off for broad-scale MEMs was MEM 

5 for genetic diversity and MEM 11 for species richness. We then fit individual linear 

regression models for species richness and genetic diversity with the broad-scale MEMs, 

and plotted the predicted values on a map of North America. 

 

Variation partitioning. We next quantified the extent to which genetic diversity and species 

richness covary spatially. Because MEMs for species richness and genetic diversity were 

computed from the same set of coordinates, they were directly comparable. This allowed 

us to identify shared spatial MEMs that might be related to a common environmental cause. 

We used linear regressions and variance partitioning to determine what fraction of the 

total variation in species richness and genetic diversity could be attributed to: (1) non-

spatial variation, (2) non-shared spatial variation, and (3) shared spatial variation. We 

partitioned variation as follows: 

y𝑆𝑅 ~ 𝛼 + 𝛽
1𝑆

(MEM1𝑆) + 𝛽
2𝑆

(MEM2S) + ⋯ + 𝛽
𝑖𝑆

(MEM𝑖𝑆) + 𝜖 

y𝐺𝐷 ~ 𝛼 + 𝛽
1𝐺

(MEM1𝐺) + 𝛽
2𝐺

(MEM2G) + ⋯ + 𝛽
𝑖𝐺

(MEM𝑖𝐺) + 𝜖 

Where α is the grand mean, and ySR and yGD are site-level metrics of species richness and 

genetic diversity. MEMiS and MEMiG refer to the set of MEMs explaining spatial variation in 

species richness and genetic diversity, respectively, and βs are their slopes. The coefficients 

of variation (R2) for these models gave us the total proportion of variation in each response 

variable attributable to spatial variation. Subtracting these values from 1 gives the amount 

of non-spatial variation. 

To determine the amount of shared variation, we used the set of MEMs shared between 

species richness and genetic diversity (MEMSG) as predictors in the regressions below: 

y𝑆𝑅  ~ 𝛼 + 𝛽
1𝑆𝐺

(MEM1𝑆𝐺) + 𝛽
2𝑆𝐺

(MEM2SG) + ⋯ + 𝛽
𝑖𝑆𝐺

(MEM𝑖𝑆𝐺) + 𝜖 

y𝐺𝐷 ~ 𝛼 + 𝛽
1𝑆𝐺

(MEM1𝑆𝐺) + 𝛽
2𝑆𝐺

(MEM2SG) + ⋯ + 𝛽
𝑖𝑆𝐺

(MEM𝑖𝑆𝐺) + 𝜖 
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R2 values from these models yielded the proportion of variation in genetic diversity and 

species richness explained by shared spatial variation. Subtracting these values from the 

total spatial variation in species richness and genetic diversity gives the proportion of non-

shared spatial variation. 

 

Structural equation modeling. Next, we tested the hypothesis that differential carrying 

capacities and human disturbance simultaneously shape biodiversity patterns on genetic 

and species levels. To explore the common causes of genetic and species-level diversity, we 

fit our conceptual model integrating population genetics and ecological limits (Fig. 5.3a) to 

data using structural equation modelling. Using this approach we can examine cause-effect 

relationships within hypothesis networks that accommodate multiple predictor and 

response variables in a hierarchical modeling framework. Multiple hypotheses can be 

retained in a final model. Structural equation modeling is an extension of multivariate 

multiple regression where variables can be thought of as nodes in a network, and 

directional paths connecting nodes represent causal relationships. The strengths of paths 

are equal to regression coefficients (Shipley 2016). In addition to direct effects, you can 

quantify indirect effects between variables by multiplying direct effects over paths. Using 

standardized coefficients, we can compare the strength of relationships and the relative 

support for retained hypotheses both within and across levels of biodiversity. The 

appropriateness of links in the hypothesis network can be tested using tests of directed 

separation (Shipley 2016), where the null hypothesis is that the two variables are 

independent conditional on other predictors of either variable. This means that although 

we start with a focus on ecological limits, the data can suggest the addition or removal of 

links representing alternative hypotheses. 

 

We have primarily focused on modeling broad-scale effects of the environment on 

continental patterns of species richness and genetic diversity. We therefore focus here on 

hierarchical modeling of patterns at the population and species level. Additionally, because 

the spatial coverage of genetic sample sites in the data was not evenly distributed, some 

species ranges could be oversampled if we considered site-level environmental variation, 
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and thus overrepresented compared to species ranges that contain fewer sampled 

populations. To capture the broad spatial patterns depicted in Figure 5.2, and to avoid 

biasing our model as a result of uneven sample site locations, we considered species 

richness, energy availability, and heterogeneity at the species level in this analysis.  

We implemented SEMs using the piecewiseSEM package (Lefcheck 2016; Lefcheck et al. 

2019). PiecewiseSEM offers greater flexibility than other SEM software because it uses a 

local estimation approach where each model is assessed individually (Lefcheck 2016). All 

variables were scaled and centered before analysis.  

We translated our conceptual model (Fig. 5.3a) into a series of 3 linear models with a single 

model for each response variable (gene diversity, population size/body mass, and species 

richness). We accounted for species-level differences in gene diversity using a linear mixed-

effects model controlling for species as a random effect within our structural equation 

model network. Hierarchical models in piecewiseSEM were fit using the lme4 package 

(Bates et al. 2015). Conceptually, a hierarchical model is a model of models—here, we are 

modelling gene diversity within species and summarizing effects across species. Multiple 

linear regression models are fit in base R. 

Goodness-of-fit in SEM is determined by evaluating whether there are any missing links in 

the causal structure, i.e. whether adding paths between pairs of variables would be more 

consistent with the data. In piecewiseSEM missing links are tested using tests of directed 

separation (Shipley 2016), where the null hypothesis is that the two variables are 

independent conditional on other predictors of either variable. Starting with our 

conceptual model (Fig. 5.3a), we iteratively updated models by adding links according to 

tests of directed separation until no further biologically sensible links were suggested. We 

assessed model fit using the p-value for the model network, where the null hypothesis is 

that the model is consistent with the data. Thus, models with p > 0.05 are considered 

acceptable—we fail to reject our causal structure. We also assessed fit using R2 values for 

each response variable in the model network. For genetic diversity, we used marginal (R2m) 

and conditional R2 (R2c) values which respectively measure the total variation explained by 
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fixed effects, and the variation explained by both fixed and random effects. We tested the 

residuals from component models for spatial autocorrelation using Moran’s tests and 

spatial correlograms.  

 

Effect of heterogeneity on population divergence. After detecting a negative effect of 

heterogeneity on intraspecific genetic diversity in our SEM, we performed a post hoc 

analysis to test whether topographic heterogeneity also caused greater population 

differentiation within species. A positive correlation between FST and heterogeneity, while 

controlling for distance, would suggest that individuals move less between local 

environments, possibly due to niche specialization. To test for differentiation we used 

population-specific FST (Weir and Goudet 2017) as a measure of genetic divergence, which 

was included in the genetic diversity database (Schmidt et al. 2020b) where it was 

calculated in R using the ‘hierfstat’ package (Goudet and Jombart 2015). Population-specific 

FST can be interpreted as a relative estimate of the time since a population has diverged 

from a common ancestor. This metric requires at least 2 sampled populations within a 

study to estimate, and due to this constraint 16 sites were excluded from this analysis (n = 

785). We controlled for isolation-by-distance by including MEMs significantly related to FST 

to account for spatial structure. We scaled and centered all variables, then used a linear 

mixed model controlling for species differences by including it as a random effect. 

 

Results 

Spatial patterns in genetic diversity and species richness 

We detected spatial patterns at genetic and species levels of diversity. Sixty-five percent of 

the total variation in species richness and 24% of variation in genetic diversity was 

spatially structured (Fig. S5.2). Variance partitioning suggested that 85% of the total spatial 

variation in genetic diversity, and 32% of spatial variation in species richness was 

accounted for by spatial patterns shared at both levels of diversity (Fig. S5.2). We found no 

obvious relationship between latitude and nuclear genetic diversity. Similar to patterns of 

species richness, a longitudinal gradient in genetic diversity is the dominant pattern for 

North American mammals—however, diversity gradients at the two levels trend in 
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opposite directions. Nuclear genetic diversity appears markedly lower in regions with high 

species richness, such as on the west and mid-Atlantic coasts, where there is high energy 

availability and topographic relief (Fig. 5.2).  

 

Joint environmental causes of genetic diversity and species richness 

Our conceptual model, updated according to tests of conditional independence among 

variables (directed separation), fit the data well (SEM p= 0.23, Fisher’s C= 2.92; Fig. 5.3b, 

Table S5.1). Note that for structural equation models, p > 0.05 indicates that we fail to 

reject our model. There was no spatial autocorrelation in the body size model residuals, but 

genetic diversity and species richness models had statistically significant spatially 

autocorrelated residuals at very local scales (genetic diversity Moran’s I = 0.025, species 

richness Moran’s I = 0.029). These Moran’s I values do not indicate strong spatial structure 

in the data, and we decided not to integrate it into our model. Positive spatial 

autocorrelation at such short distances is likely an artifact of irregular site locations and 

the hierarchical nature of the data. A lack of strong spatial autocorrelation in the model 

residuals suggests that the spatial structure of the diversity data was well captured by our 

model’s environmental covariates (Fig. S5.3).  

All predicted links in our conceptual model were supported (Fig 3a, b). Tests of directed 

separation suggested additional direct links from energy availability to species richness, 

genetic diversity to species richness, and heterogeneity to genetic diversity (Fig. 5.3b). 

Energy availability, niche heterogeneity, and human population density, acting both 

directly, and indirectly through species population size, explained 32% of the variation in 

genetic diversity. The species-level variation explained by the random effect for species 

brought the total variation in genetic diversity explained by our model to 75%. The same 

model explained 90% of the variation in species richness. The strength of effects related to 

the more individuals hypothesis was most prominent at the genetic level of diversity. The 

strength of the indirect effect of energy on genetic diversity acting via population size was 

0.13 compared to 0.02 for species richness (Fig. 5.3b, Table S5.1). Environmental 

heterogeneity, however, was the strongest single predictor of species richness (path 
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coefficient = 0.70 ± 0.01 SE), and a good predictor of genetic diversity (path coefficient = -

0.30 ± 0.07 SE). Directions of effects were as expected if greater niche availability reduces 

population sizes, leading to increased genetic drift (Fig. 5.3, Table S5.1). Gene diversity is 

not a measure of divergence so we tested whether environmental heterogeneity predicted 

evolutionary divergence at the population level. Divergence increased in heterogeneous 

environments (β = 0.13 ± 0.06 SE). Finally, human population density both directly and 

indirectly (via body mass/population size) affected species richness and genetic diversity 

(Fig. 5.3b). Human population density had the strongest effect on population size/body 

mass (path coefficient = -0.15 ± 0.03 SE), and relatively weaker direct effects on genetic 

diversity and species richness (Fig. 5.3b, Table S5.1). 

 

Discussion 

We found striking content-wide spatial gradients in nuclear genetic diversity and show that 

these patterns are negatively correlated with well-described biogeographic patterns in 

species richness (Simpson 1964) (Fig. 5.2). Controlling for species-level variation, a 

considerable portion of the variation in both genetic diversity and species richness 

patterns could be explained by just three environmental factors – these were 

environmental energy availability, niche availability, and human disturbance. Our model 

was consistent with the hypothesis that environmentally set species-level carrying 

capacities simultaneously limit species population sizes, and consequently genetic diversity 

through their effects on the strength of genetic drift. Niche availability was the strongest 

contributor to broad-scale patterns at both levels of diversity, followed by energy 

availability, and then human disturbance. This is strong empirical evidence suggesting that 

genetic diversity and species richness patterns emerge from the same processes thus 

jointly forming the base of the biodiversity hierarchy.   

 

In support of the more individuals hypothesis (solid lines in Fig. 5.3b), our data indicated 

that low energy environments supported fewer species and smaller population sizes with 

lower genetic diversity. High energy areas had greater species richness and larger, more 

genetically diverse populations. However, effects related to the more individuals 
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hypothesis were weaker than those of environmental heterogeneity (dashed lines in Fig. 

5.3b). Heterogeneity appeared to increase species richness and facilitate coexistence 

through greater niche availability, however partitioning resources among niches seemed to 

support smaller numbers of individuals from those species, creating a negative relationship 

between species richness and genetic diversity. At the genetic level, greater population 

divergence in more heterogeneous environments suggests that genetic drift is strong and 

gene flow limited in these areas.  

 

Selection is more spatially varying in heterogeneous environments, and coupled with low 

gene flow, this could create sufficient conditions for local adaptation—which can happen 

even under relatively high levels of genetic drift (Hämälä et al. 2018). At lower latitudes 

where small-bodied species with large effective population sizes dominate, heterogeneity 

and spatially varying selection could be efficient drivers of ecological speciation. These 

results lend support to the idea that there are higher diversification rates in more complex 

environments because there are more opportunities for speciation. We additionally 

speculate that the direct effect of energy on species richness we detected even after 

accounting for population size and heterogeneity (Fig. 5.3b) may be related to niche 

availability as well. This relationship has been noted elsewhere and has sometimes been 

interpreted as refuting the more individuals hypothesis (Storch et al. 2018). Vegetation 

structure may drive the link between species richness and temperature (Pautasso and 

Gaston 2005; Jiménez-Alfaro et al. 2016), as complex, vegetation-rich habitats in warmer 

environments also have greater niche availability. Because both links are retained in our 

model it seems clear that this additional link does not negate the more individuals 

hypothesis, but rather is additive and indeed more important in determining species 

richness than the more individuals effect.  

 

The specific ways environments shape nuclear genetic- and species-level diversity will 

likely differ across taxa. This carrying capacity-based interpretation of our results assumes 

that an environmentally set equilibrium between speciation, immigration and extinction 

has been reached. There is good evidence for this in North American mammals, where 
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diversification rates have slowed as diversity increased (Brodie 2019). It seems likely that 

processes other than ecological limits will be more important for the diversity dynamics of 

taxa that may not have reached or have been displaced from equilibrium at the genetic or 

species levels. Speciation is a product of both ecological and evolutionary processes, and it 

is unlikely ecological limits act in isolation. Indeed, the underlying causes of species 

richness gradients—be they ecological limits, evolutionary time, or diversification rates—

have likely been debated for so long precisely because several processes operating with 

different importance across the timeline of diversification are capable of producing 

gradients (Etienne et al. 2019). Recent thinking (Pontarp and Wiens 2017) advocates a 

more interconnected view, suggesting that time for speciation should be most detectable 

more immediately following broad-scale environmental change. When all locales are 

colonized, habitats that provide more opportunities for speciation should over time 

become the most diverse. As diversity increases, diversification rates slow as regions 

approach equilibrium (Brodie 2019). It follows that evolutionary time and diversification 

rates may have each at different periods of history been the dominant driver of 

biodiversity, but both are ultimately affected by variation in carrying capacity (Pontarp and 

Wiens 2017). 

 

Contemporary drivers of biodiversity patterns are rarely modeled in a way that makes 

them comparable to evolutionary scale causes. Understanding the ecological processes 

generating gradients in genetic diversity and species richness has important implications 

for understanding how biodiversity responds to human-caused environmental 

transformation. Cities are the world’s newest and most rapidly expanding biome, and it is 

clear that they have already had profound effects on biodiversity patterns (Palumbi 2001; 

WWF 2018; Schmidt et al. 2020b). The negative effect of human population density we 

detected on body size is consistent with previous findings showing that urban communities 

tend to be made up of smaller species (Merckx et al. 2018). Although it seems human 

presence and heterogeneity both have negative effects on genetic diversity in our model, 

species richness was reduced in more urban environments (Fig. 5.3b). This result suggests 

that cities reduce population sizes and gene flow (Schmidt et al. 2020b), but currently do 
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not support diverse communities. Because cities are relatively new habitat types and they 

are still in the initial phase of colonization, we would not expect them to be in equilibrium. 

At this stage processes related to evolutionary time will likely predominate until all 

available niches are occupied. Indeed, there is some evidence that following an initial 

extinction debt after rapid urbanization, older cities support more biodiversity (Aronson et 

al. 2014; Norton et al. 2016). Presently, a subset of species do well in cities (McKinney 

2006), but the broader effects of habitat transformation remain to be seen in the long term. 

 

It is notable that the negative correlation we find between species richness and nuclear 

genetic diversity contradicts relatively consistent positive correlations found between 

species richness and mitochondrial genetic diversity (Miraldo et al. 2016; Manel et al. 2020; 

Millette et al. 2020; Theodoridis et al. 2020). However, mitochondrial DNA has several 

idiosyncrasies associated with the specific biology of mitochondria that distinguish it from 

genetic diversity measured with neutral nuclear DNA. It is inherited as a single non-

recombining locus, has highly variable mutation rates which can vary 100-fold across 

species (Nabholz et al. 2008), and is not clearly related to life history, ecological traits, or 

census and effective population sizes (Bazin et al. 2006; Nabholz et al. 2008; James and 

Eyre-Walker 2020). Thus it is not certain whether genetic diversity patterns measured 

using neutral nuclear and mitochondrial markers should be positively correlated. Indeed, 

the most commonly used markers in mtDNA studies are the protein-coding genes 

cytochrome oxidase I and cytochrome b, which are involved in cellular respiration and very 

likely do not evolve under neutrality (Galtier et al. 2009). Genetic diversity patterns at 

these loci may thus reflect patterns of adaptive genetic diversity related to metabolism. By 

using genetic diversity metrics estimated from neutral nuclear DNA, we can more clearly 

link environments to species richness and genetic diversity through demography, 

population size, and by extension, species life history traits which partly set the effective 

population size.  

 

Ecosystem sustainability given environmental perturbations occurring more frequently 

due to human causes, depends on the resiliency of landscapes, communities, and 
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populations (Oliver et al. 2015). Genetic diversity is crucial to a population’s adaptive 

potential because the efficiency with which selection can act is determined by the effective 

population size which sets the rate of genetic drift. Yet genetic diversity is not equally 

distributed in space and indeed, in mammals, appears to be lower in heterogeneous 

environments which exert greater spatially varying selection. Knowledge of how natural 

environments shape population genetic composition is fundamental to understanding how 

these natural patterns will shift with continued land transformation by humans. Mammals 

are one of the best-studied taxa, however, rules applicable to them may not generalize well 

across other groups. For instance, the relevance of the more individuals hypothesis for 

ectotherms has been questioned because their energy usage is well below that of 

endotherms (Buckley et al. 2008). Indeed, continental patterns of species richness differ 

across taxa, which may stem from life history or physiology differences (Currie 1991). It 

will be necessary to test the hypothesis developed here on other taxonomic groups and in 

different regions to gain a more holistic understanding of the causes of biodiversity. The 

intimate connections between the environment, species richness, and genetic diversity we 

find here suggest that changes on one level can cascade throughout the system and 

profoundly reshape biodiversity patterns across multiple biological levels in ways we do 

not yet fully grasp.  
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Figure. 5.1. Carrying capacities at population and species levels. Green areas represent 

total habitat area, and are all equal in size. Purple areas are niches, which increase in 

number with increasing heterogeneity (y axis), and increase in area with higher energy 

availability (x axis). In general, as energy availability increases, individual carrying 

capacities are higher, resulting in greater diversity at species and genetic levels (the more 

individuals hypothesis). As heterogeneity increases, species richness is higher due to the 

increased availability of niches. However, population sizes are reduced because niche area 

is smaller in more heterogeneous areas, generating a negative relationship between species 

richness and genetic diversity (heterogeneity hypothesis).  
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Figure 5.2. Maps depicting spatial patterns of biodiversity and environmental factors. (Top 

row) Points are the locations of 801 North American mammal populations for which raw 

microsatellite data was available in public repositories. Point color indicates predicted 

values of genetic diversity and species richness based on spatial patterns detected in the 
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data. (Bottom row) Maps showing the three environmental variables which we tested for 

simultaneous effects on genetic diversity and species richness. 
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Figure 5.3. Structural equation models. (a) Our conceptual hypothesis network combining 

the more individuals hypothesis (solid lines) with the effects of environmental 

heterogeneity (dashed lines) and human presence (dotted lines). Arrows represent 

unidirectional relationships between variables. (b) Structural equation model results. 

Green and black lines positive and negative relationships, respectively. Line widths reflect 

coefficient estimates, which are listed above each path with standard errors. R2 values are 

the amount of variation explained for each response variable. Mass and species richness 

were measured at the species level, and genetic diversity was measured at the population 



114 
 
 

level and fit with a random effect for species: R2m is the variation explained by fixed effects 

only, and R2c is the variation explained by fixed and random effects. 
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Abstract: We know little about the general links between broad-scale biodiversity patterns 

at the nuclear genetic and species levels. Recent work in mammals suggests environmental 

carrying capacity and ecological opportunity link these two base levels of biodiversity. 

Energy- and resource-rich environments are thought to support larger populations with 

higher genetic diversity and species richness. Niche availability is expected to limit 

population size causing drift while increasing genetic differentiation due to environmental 

specialization. Several of the processes underlying these links are temperature-dependent, 

so we might expect different patterns for endotherms and ectotherms. We use a database 

comprised of raw microsatellite genotypes for 13616 individuals of 18 species sampled at 

548 locations in the United States and Canada. We analyzed salamander and frog species 

separately and simultaneously fit our hypotheses with structural equation models. Similar 

to mammals, niche availability was the primary contributor to diversity at both the genetic 

and species levels in frogs, and energy availability was an important predictor of species 

richness for both taxa. Different than mammals, environmental energy availability was not 

linked to genetic diversity. There are shared underlying mechanisms linking genetic and 

species-level diversity but the processes are not entirely general across these species 

groups.  

 

Keywords: latitudinal diversity gradient, biogeography, heterozygosity, frogs, 

salamanders, more individuals hypothesis 
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Introduction 

Although species richness is higher in the tropics for most taxa, spatial patterns differ 

between species groups. In North America for instance, vertebrate richness generally 

increases with energy availability, but mammals and birds tend to have higher species 

richness in dry, mountainous areas, and reptiles and amphibians are more diverse in wet, 

low-elevation regions (Currie 1991). This finding suggests that while richness increases 

with greater energy availability, taxon-specific traits may cause richness patterns to 

diverge from a strictly latitudinal gradient. Because several hypotheses link species 

richness gradients to temperature-dependent processes (Currie et al. 2004), different 

patterns may exist for endotherms and ectotherms. Similar broad-scale patterns for genetic 

diversity have only recently been identified due to the accumulation of open data in public 

repositories (Miraldo et al. 2016; Manel et al. 2020; Schmidt et al. 2020c; Theodoridis et al. 

2020). Genetic diversity is typically thought of as the most fundamental level of 

biodiversity because it influences the potential for adaptive evolution in response to 

environmental change (Frankham 1995b). Recent analyses of mammals suggest that 

environments simultaneously shape species richness and genetic diversity on continental 

scales (Schmidt et al. 2020c). Whether this is also true in ectothermic taxa is unknown. 

Understanding common processes underlying variation in biogeographic patterns across 

taxa with different environmental requirements can help us move toward a general 

understanding of the drivers of biodiversity.  

Recent empirical tests incorporating estimates of genome-wide diversity from mammals 

(Schmidt et al. 2020c) demonstrate the importance of carrying capacity and ecological 

opportunity in shaping broad-scale patterns of genetic diversity and species richness. 

Energy- and resource-rich environments supported larger populations with higher genetic 

diversity and species richness, while niche availability in heterogeneous habitats reduced 

population sizes, increased genetic differentiation, and promoted species coexistence 

because specialization reduces available resources. These processes are related to two 

prominent hypotheses for the latitudinal species richness gradient: the more-individuals 

hypothesis (Wright 1983) and the heterogeneity hypothesis (Allouche et al. 2012). The 
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more individuals hypothesis posits that resource-rich regions near the equator are capable 

of supporting larger populations and communities, and thus more species than more 

temperate regions. The heterogeneity hypothesis suggests that greater niche availability in 

more complex heterogeneous environments allow more species to coexist, but with smaller 

population sizes because resources are partitioned.  

The effects of environmental heterogeneity are generally applicable across taxa (Stein et al. 

2014); however, the relevance of the more-individuals hypothesis for ectotherms is unclear 

(Buckley and Jetz 2010). Compared to endotherms, ectotherms have lower energy 

requirements and can behaviorally thermoregulate—meaning their abundances are less 

likely to be limited by energy-related carrying capacities (Buckley and Jetz 2010). Instead, 

ectotherm distributions, and therefore species richness, appear to be more directly 

constrained by environmental temperature because fewer species have evolved thermal 

adaptations required for expanding into cooler regions (Buckley and Jetz 2010). Further, 

the evolution of traits associated with better survival in temperate regions may have 

additional effects on speciation dynamics. For example, species turnover tends to be higher 

among viviparous squamate reptiles (Pyron and Burbrink 2014). Species richness 

gradients in ectotherms may thus be less strongly governed by energy limits on population 

size than mammals, whose temperature independence allows them to colonize a wider 

range of habitats. If true, then we might expect the effects of habitat heterogeneity to be 

more pronounced in ectotherms. In mammals, the effects of energy availability on species 

richness appear to dominate in low-energy regions, but once a minimum energy threshold 

is reached (1000 mm/yr potential evapotranspiration), habitat heterogeneity becomes the 

main cause of richness (Kerr and Packer 1997). The effects of heterogeneity may thus be 

more pronounced in ectotherms because fewer species inhabit low-energy regions. 

The major determinants of richness across all terrestrial vertebrates are generally shown 

to be related to energy (potential evapotranspiration, primary productivity), water-energy 

balance (actual evapotranspiration, precipitation), and environmental heterogeneity 

(elevation variability, land cover) (Currie 1991; Kerr and Packer 1997; Hawkins et al. 2003; 

Rodríguez et al. 2005; Buckley and Jetz 2007; Stein et al. 2014; Jiménez-Alfaro et al. 2016). 
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Amphibians are an interesting case because they are doubly constrained by water 

availability and temperature. Water availability is consistently identified as an important 

driver of diversity in amphibians (Rodríguez et al. 2005; Buckley and Jetz 2007). Indeed in 

Europe, the best predictors of species richness in mammals and birds shifted from energy 

to water availability at decreasing latitudes, but amphibian richness was strongly related to 

water-energy balance regardless of latitude (Whittaker et al. 2007).  

The causes of population genetic diversity are rarely studied at the same time or scale as 

patterns of species richness (but see Marshall and Camp 2006; Schmidt et al. 2020c), yet 

the presumed mechanisms related to more-individuals and environmental heterogeneity 

hypotheses are intricately related to carrying capacity and population-level processes. The 

more-individuals mechanism predicts a positive relationship between species richness and 

population genetic diversity because bigger populations and communities tend to have 

higher levels of genetic and species diversity (Kimura 1983; Hubbell 2001). With higher 

population-level carrying capacities, more species persist because they can reach minimal 

viable population sizes. On the other hand, heterogeneity causes negative correlations 

between genetic diversity and species richness by increasing the number of species a given 

area can support which in turn reduces population size and limits gene flow due to 

increased niche specialization. Heterogeneous environments also facilitate population 

divergence due to spatially varying selection. In mammals, evolutionary processes acting 

on the population level scaled up and interacted with environmental factors to produce 

previously identified species richness patterns (Schmidt et al. 2020c).  

Whether carrying capacity mechanisms related to energy and niche availability predict 

patterns of species richness in ectotherms is unclear. To test this idea, we repurposed raw 

microsatellite data from 18 North American amphibian species (8 frogs, 10 salamanders), 

with >13000 individuals sampled at 548 sites. Our first objective was to identify spatial 

patterns in genetic diversity and quantify the extent to which genetic diversity and species 

richness covary spatially. We then tested whether limits on energy and niche availability 

jointly determined genetic diversity and species richness using structural equation models, 

which allowed us to evaluate and assess the relative importance of both hypotheses at both 
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levels of biodiversity simultaneously. Finally, we compare our results to previous results in 

mammals (Schmidt et al. 2020c) to infer whether similar environmental features 

contribute to diversity gradients across endothermic and ectothermic taxa in North 

America. 

 

Methods 

Data 

Genetic diversity. We used a database of genetic metrics in North American amphibians 

compiled by Schmidt and Garroway 2020 (Chapter 3). This database was assembled by 

calculating metrics of genetic diversity and differentiation from raw microsatellite datasets 

publicly archived in the Dryad repository. To build the database we conducted a systematic 

search of the Dryad data repository with the following keywords: species name (e.g., 

Plethodon cinereus), “microsat*”, “short tandem*”, and “single tandem*”. We used the IUCN 

Red List database to obtain a list of amphibian species native to North America for the 

search. We excluded datasets that lacked spatial reference, were not located in North 

America, did not sample neutral microsatellite loci, or had study designs that may have 

affected genetic diversity (including sampling island populations, or captive or managed 

populations). The database includes data from 13616 individuals of 18 species sampled at 

548 locations in the contiguous United States and Canada. Here, we used gene diversity 

(Nei 1973) as a measure of genetic diversity because it is minimally affected by sample size 

(Charlesworth and Charlesworth 2010). Gene diversity is a measure of heterozygosity 

which measures the evenness of alleles in a population (Nei 1973).  

Population size. Because species censuses are not widely available, we used body size as a 

proxy for species population size. Abundance typically scales negatively with body size 

(Peters and Wassenberg 1983; Damuth 1987). Body size is also correlated with several life 

history traits which partly determine the effective population size, and is generally 

negatively related to neutral genetic variation across diverse taxa (Romiguier et al. 2014; 



121 
 
 

Brüniche-Olsen et al. 2018; Mackintosh et al. 2019). We used body length (mm) as our 

metric of body size, obtained from the AmphiBIO v1 database (Oliveira et al. 2017).  

Species richness. We estimated species richness using amphibian range extent data from the 

IUCN RedList (IUCN 2019), applying filters for native, extant species ranges. For each 

species included in our dataset, we counted the number of overlapping species ranges as a 

measure of species richness at the species level. We took this approach because we were 

interested in environmental factors operating at broad spatial scales, and to avoid over- or 

under-sampling areas due to irregular site placement in the aggregated dataset. To account 

for biases due to range size, species with larger ranges having more overlaps, we divided 

the number of overlapping ranges by range area (km2). To generate the maps in Figure 6.1, 

we used a site-level measure of species richness calculated by summing the number of 

species ranges overlapping each genetic sample site.  

Environmental variables. Amphibians are habitat-limited by both temperature and water 

availability. Water availability can be measured by evapotranspiration, or the amount of 

water removed from the Earth’s surface through soil or open water evaporation and plant 

transpiration processes. Potential evapotranspiration (PET) measures the atmospheric 

demand for water, depending on factors such as temperature and wind (Peng et al. 2019). 

It is strongly correlated with temperature. PET is the maximum amount of water that 

would be removed in the absence of biophysical limitations (Peng et al. 2019). The amount 

of water actually removed, actual evapotranspiration (AET), reflects water availability and 

soil moisture levels. Actual evapotranspiration has also been shown to be one of the 

strongest predictors of amphibian species richness (Buckley and Jetz 2007). PET can be 

viewed as a measure of energy availability, and AET one of water-energy balance (see 

(Currie 1991; Buckley and Jetz 2007; Kreft and Jetz 2007). We measured mean PET and 

AET (mm/yr) values across each species’ range using data from the CGIAR Consortium for 

Spatial Information (Trabucco and Zomer 2019). 

Finally, we measured habitat heterogeneity by calculating the range (m) in elevation across 

each species range using a topography map obtained from NOAA (National Oceanic and 

Atmospheric Administration (NOAA) and U.S. National Geophysical Data Center). Larger 
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ranges generally have greater topographical variation, thus we corrected for species range 

area to avoid potential biases. 

 

Analysis 

Detecting shared spatial structure in genetic diversity and species richness. We used 

distance-based Moran’s eigenvector maps (MEMs) to detect spatial patterns in genetic 

diversity and compare these to patterns of species richness. MEMs are orthogonal spatial 

eigenvectors with eigenvalues that are directly proportional to Moran’s I. They measure 

spatial autocorrelation at all scales present in the data. We computed dbMEMs in the R 

package adespatial (Dray et al. 2017). We used the forward selection procedure described 

in (Blanchet et al. 2008) to select two sets of MEMs describing important patterns in 

genetic diversity and species richness. To create maps of genetic diversity and species 

richness (Fig. 6.1), we used the predicted values for gene diversity and species richness 

regressed on selected MEMs. Next, we determined the extent to which spatial patterns in 

genetic diversity and species richness were shared using variation partitioning. Because 

our dbMEM analysis for both levels of biodiversity had the same input distance matrix, the 

resulting spatial MEMs were directly comparable. We determined the fraction of total 

variation explained by spatial structure, shared spatial structure, and non-spatial variation 

using variation partitioning as follows. We ran a series of linear regressions with either 

species richness (ySR) or gene diversity (yGD) as the response variable using all MEMs 

selected for that variable (Equations 1 and 2), or only MEMs shared by both variables as 

predictors (Equations 3 and 4): 

y𝑆𝑅 ~ 𝛼 + 𝛽
1𝑆

(MEM1𝑆) + 𝛽
2𝑆

(MEM2S) + ⋯ + 𝛽
𝑖𝑆

(MEM𝑖𝑆) + 𝜖   Eq. 1 

y𝐺𝐷 ~ 𝛼 + 𝛽
1𝐺

(MEM1𝐺) + 𝛽
2𝐺

(MEM2G) + ⋯ + 𝛽
𝑖𝐺

(MEM𝑖𝐺) + 𝜖  Eq. 2 

y𝑆𝑅 ~ 𝛼 + 𝛽
1𝑆𝐺

(MEM1𝑆𝐺) + 𝛽
2𝑆𝐺

(MEM2SG) + ⋯ + 𝛽
𝑖𝑆𝐺

(MEM𝑖𝑆𝐺) + 𝜖  Eq. 3 

y𝐺𝐷 ~ 𝛼 + 𝛽
1𝑆𝐺

(MEM1𝑆𝐺) + 𝛽
2𝑆𝐺

(MEM2SG) + ⋯ + 𝛽
𝑖𝑆𝐺

(MEM𝑖𝑆𝐺) + 𝜖  Eq. 4 

 



123 
 
 

where α is the grand mean, and MEMiS and MEMiG are the set of MEMs selected for species 

richness and genetic diversity, respectively. The coefficients of variation (R2) from Eqs. 1 

and 2 give the total amount of variation explained by spatial patterns for species richness 

and genetic diversity. Subtracting these values from 1 gives the amount of non-spatial 

variation. MEMiSG represents the set of MEMs shared by both species richness and genetic 

diversity. R2 values from Eqs. 3 and 4 tell us the amount of variation in each response 

variable which can be explained by spatial variation shared at both levels of diversity. 

When subtracted from the total spatial variation in genetic diversity or species richness 

(Eqs. 1 and 2), we get the proportion of non-shared spatial variation.  

Identifying environmental determinants of spatial patterns in genetic diversity and species 

richness. Our next aim was to determine whether genetic diversity and species richness are 

shaped by differential environmental carrying capacities due to limits on energy and niche 

availability. To do this we used structural equation modeling (SEM). Hypotheses in 

structural equation models are envisioned as a hypothesis network representing a 

conceptual model, where paths between variables represent predicted causal relationships 

(Fig 2a). In SEM, the effects of multiple predictors are simultaneously assessed for multiple 

response variables (Shipley 2016). We implemented structural equation models using the 

piecewiseSEM package (version 2.0.2), which uses a local estimation approach for models 

in the hypothesis network allowing for the incorporation of more complex model types 

(Lefcheck et al. 2019). Model fit is evaluated using tests of directed separation (Shipley 

2016), which determine whether an association exists between two variables in the 

network conditional on each of their causes. If two variables are not conditionally 

independent, the model is updated by adding a path between them to make the model 

more consistent with the data. In general, using causal diagrams and examining 

independence relationships between variables considerably helps to reduce confounder 

and collider bias in statistical models (McElreath 2015). P-values from tests of directed 

separation are used to calculate Fisher’s C which follows a chi-squared distribution. Models 

are a good fit to the data when p > 0.05, indicating the null hypothesis—the proposed 

hypothesis network—is not rejected. 
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We based our conceptual model on previous findings in mammals (Schmidt et al. 2020c). 

This model supposes that limitations on energy (mean potential evapotranspiration) and 

niche availability (elevation range) set limits on supportable population sizes (body size), 

and therefore also the number of species that can coexist in a given habitat (Fig 6.2a). We 

amended this conceptual model for amphibians. First, we excluded human presence 

because previous investigation shows it did not have a clear effect on amphibian genetic 

diversity (Schmidt and Garroway 2020). Second, we included mean actual 

evapotranspiration as an additional measure of energy, because water availability is an 

important environmental constraint on amphibian ranges and site occupancy. All variables 

except genetic diversity were measured at the species level because we are primarily 

interested in the processes underlying diversity gradients at broad spatial scales. We log-

transformed elevation range, and scaled and centered all variables before analysis so path 

coefficients could be compared across models. We tested our conceptual model using the 

entire dataset with frogs and salamanders combined, and also analyzed frogs and 

salamanders separately. There is some evidence that body size, our measure of population 

size, in these orders may have different relationships to temperature (Olalla-Tárraga and 

Rodríguez 2007), and there appears to be little overlap in body size between orders (Fig. 

S6.1). We tested residuals from frog and salamander SEMs for spatial autocorrelation using 

Moran tests. 

Following results from SEM analysis, we tested for effects of heterogeneity on population 

differentiation in frogs. We measured differentiation using a population-specific FST metric 

(Weir and Goudet 2017) included in the genetic database. Population-specific FST differs 

from pairwise FST (Weir and Cockerham 1984) in that it measures how far single 

populations in a sample have diverged from a common ancestor. We tested for the effects 

of heterogeneity on population differentiation with a mixed effects model controlling for 

spatial structure using MEMs and including species as a random effect allowing intercepts 

to vary. 

 

Results 
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Spatial patterns in genetic diversity. We found previously identified patterns of amphibian 

species richness with MEMs, where richness was highest in the high-energy, moist, low 

elevation region in the southeastern United States (Fig. 5.1; (Currie 1991). Western USA, 

which is hotter and drier, had a comparatively low number of species. As in mammals, the 

major species richness gradient in North American amphibians is longitudinal rather than 

latitudinal. We found no broad spatial trends in genetic diversity. Spatial patterns of 

genetic diversity were more complex in the east, while western populations all had 

similarly high levels of genetic diversity (Fig. 6.1). In general, species richness was more 

spatially structured than genetic diversity, with 85% and 56% of variation explained by 

spatial patterns, respectively (Fig. S6.2). We detected shared spatial patterns between both 

levels of biodiversity, however, while shared patterns explained 98% of the spatial 

variation in genetic diversity, they explained very little of the variation in species richness 

(Fig. S6.2).  

Common causes of genetic diversity and species richness. Our conceptual model (Fig 2a) fit 

the data well with no additional links suggested (combined: Fisher’s C = 3.56, p = 0.47, n = 

548, Table S6.1; frogs: Fisher’s C  = 2.46, p = 0.65, n = 288; salamanders: Fisher’s C = 2.05, p 

= 0.73, n = 260, Table S6.2). Note that for SEM, p > 0.05 means our null hypothesis is not 

rejected. Here we discuss results from the separate frog and salamander analyses; results 

from the combined model are given in Table S6.1. In both frogs and salamanders, species 

richness was well explained (frog R2 = 0.86; salamander R2 = 0.95), and increased with 

water availability, environmental heterogeneity, and species body size (Fig 6.2, Table S6.2). 

Heterogeneity was the most important determinant of amphibian species richness (frog β = 

0.59 ± 0.04 SE; salamander β = 1.16 ± 0.03 SE; Fig 6.2, Table S6.2). Frog species richness 

was unrelated to energy availability and inversely related to genetic diversity (Fig 6.2b). In 

salamanders, species richness increased with energy availability and genetic diversity (Fig 

6.2c). Across both groups body size was inversely related to water availability and 

environmental heterogeneity, and in salamanders energy availability additionally had a 

negative effect on body size. We note that in the combined model, water availability had a 

positive effect on body size (Table S6.1) which may be due to general size differences 
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between frogs and salamanders, the latter tending to be larger (Fig. S6.1). In frogs, 

heterogeneity had a strong negative effect on genetic diversity (β = -0.77 ± 0.28 SE), 

however genetic diversity in salamanders was not well predicted by any variables in our 

model (Fig. 6.2). There was no residual spatial autocorrelation in the salamander model. In 

frogs, body size and species richness residuals were spatially autocorrelated at very local 

scales (body size Moran’s I = 0.01, species richness Moran’s I = 0.03). In general, the 

environmental covariates in our models captured broad spatial patterns well, and we did 

not incorporate fine-scale spatial structure into our model for frogs as this was likely due to 

the hierarchical structure of the data. 

Environmental heterogeneity had a negative effect on genetic diversity in frogs; however, 

genetic diversity is not an indicator of population divergence. We tested the idea that 

heterogeneity also increased divergence using population-specific FST. Frog populations 

indeed tended to be more genetically differentiated in heterogeneous environments (β = 

0.99 ± 0.40 SE).  

 

Discussion 

Patterns of amphibian biodiversity 

The clearest effects in our models suggest that heterogeneity is a prominent determinant of 

biodiversity in both frogs and salamanders. We did not detect an obvious gradient in 

genetic diversity in North American amphibians, and it appears the relationships between 

intraspecific genetic diversity and species richness in these taxa are different than they are 

in mammals (Schmidt et al. 2020c). Notably, our variation partitioning analysis suggests 

that the spatial patterns shared between genetic diversity and species richness explain 

most of the variation in genetic diversity, but almost none of the variation in species 

richness (Fig. S6.2). This finding suggests that the processes affecting intraspecific genetic 

diversity and population structure contribute little to broader gradients in species richness. 

We suspect the general disconnect between genetic diversity and species richness and 

climate we find may come down to amphibian population dynamics. Carrying capacity 
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hypotheses assume that communities are in equilibrium between speciation, colonization, 

and extinction (Storch et al. 2018)—by extending this to the genetic level, we also assume 

populations are in an equilibrium state with regard to gene flow, mutation and genetic 

drift, as is often assumed by neutral population genetic models. However, amphibians have 

highly variable local population sizes which can sometimes fluctuate between orders of 

magnitude from year to year (Collins et al. 2009). Frequent bottlenecks and founder effects 

due to recolonization from nearby areas in sampled populations could obscure a general 

relationship of population genetic diversity with population size, species richness, and the 

climatic factors we explore here.  

Interestingly, genetic diversity had opposite effects on species richness in frogs and 

salamanders. In frogs, populations in more heterogeneous environments tended to be less 

genetically diverse and more differentiated. This pattern, in turn, was associated with 

greater species richness. These are the predictions of the heterogeneity hypothesis, where 

increased niche availability reduces population sizes and facilitates population divergence 

and species coexistence. However, heterogeneity had no detectable effect on salamander 

genetic diversity, which was positively related to species richness. These relationships 

suggest that more diverse populations, which are presumably larger, lead to an increase in 

species richness in line with predictions for the more individuals hypothesis. It thus 

appears that broad-scale heterogeneity seems to have different effects on salamander and 

frog population genetic diversity. In general, frogs have better dispersal capabilities than 

salamanders (Smith and Green 2005). Our dataset included several widely distribted, 

northern-adapted generalist species, including the wood frog (Lithobates sylvaticus), 

northern leopard frog (L. pipiens), and spring peeper (Pseudacris crucifer). Such species 

have greater potential for population isolation and divergence. The spotted salamander 

(Ambystoma maculatum) is likewise a northern-adapted species with a broad distribution, 

however its range is comparatively smaller (Fig. S6.3). In salamanders the importance of 

niche conservatism—the tendency for closely related species to occupy similar niches—for 

speciation declines with latitude (Kozak and Wiens 2006). Thus, speciation in temperate 

North American salamanders may primarily have been a product of geographic isolation 
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and niche conservatism rather than ecological divergence (Kozak and Wiens 2006). 

However, the same pattern is not true for frogs, where niche conservatism does not appear 

to be generally important for allopatric speciation (Hua and Wiens 2010). 

Previous evidence in support of the more individuals hypothesis was reported in 

Plethodontid salamanders (Marshall and Camp 2006), where the authors found a positive 

correlation between genetic diversity, species richness, and water and energy availability. 

Topographic heterogeneity made a secondary contribution to diversity (Marshall and 

Camp 2006). Salamanders’ limited dispersal capability relative to frogs may mean 

population genetic diversity is affected by environmental heterogeneity at finer scales not 

captured by our model, but that broad-scale heterogeneity is sufficient to resolve diversity 

patterns at the species level. Bringing this idea back to spatial variation partitioning, it 

could be that while broad- and fine-scale processes both contribute to species richness, 

fine-scale processes contribute less. The same fine-scale processes, however, are the 

primary drivers of spatial genetic diversity patterns. The prominence of heterogeneity in 

our model contrasts with previous studies reporting species richness most strongly varies 

with water availability, with heterogeneity being a secondary cause of diversity (Rodríguez 

et al. 2005; Marshall and Camp 2006; Buckley and Jetz 2007). 

The relevance of temperature-based carrying capacity limits for amphibians and 

ectotherms more generally is debatable due to their low energy usage relative to 

endotherms. Given the caveats noted above, body size may not be a good proxy for 

population size in amphibians. It has also been suggested elsewhere that habitat 

availability does not have an effect on body size in frogs (Olalla-Tárraga et al. 2009). 

Opposite to our expectations under the more individuals hypothesis, our models suggest 

that species richness in amphibians is positively correlated with body size, but greater 

resource availability favors smaller body sizes. In contrast to mammals, body size in 

amphibians may be more directly related to environmental conditions because it affects 

thermoregulation and moisture balance. Amphibians can behaviorally thermoregulate and 

avoid desiccation to an extent by selecting microhabitats with suitable temperature and 

humidity levels, and by changing their posture (Pough et al. 1983; Olalla-Tárraga et al. 
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2009; Rozen-Rechels et al. 2019). However, smaller species desiccate faster than large 

species due to evaporative water loss and higher surface-to-volume ratios (Olalla-Tárraga 

et al. 2009; Levy and Heald 2016), meaning larger body sizes are favored in drier climates. 

Although we did not detect any consistent latitudinal or longitudinal gradients in genetic 

diversity, previous findings suggest mitochondrial genetic diversity in amphibians and 

other ectotherms varies latitudinally and mirrors species richness patterns (Miraldo et al. 

2016; Manel et al. 2020). Amphibian mitochondrial genetic diversity in North America was 

highest in the species-rich southeastern United States, supporting the evolutionary speed 

hypothesis, where high environmental temperature increases rates of population 

divergence and speciation through its effects on mutation rate and generation time 

(Miraldo et al. 2016). However, we detected no effect of temperature on nuclear genetic 

diversity in our SEM, casting doubt on this hypothesis for amphibian nuclear genetic 

diversity. Furthermore, a lack of latitudinal gradient indicates that nuclear genetic diversity 

is not related to temperature in a straightforward way, likely due to strong temporal 

instability in amphibian population sizes. Our nuclear genetic data suggests heterogeneity 

is a major determinant of genetic diversity at broad scales in frogs, but mitochondrial DNA 

alone is not a reliable marker for detecting intraspecific patterns of population structure 

(Galtier et al. 2009b). Disagreement between biogeographic patterns of mitochondrial and 

nuclear DNA diversity is relatively common, and often arises from demographic disparities 

and sex-biased dispersal (Toews and Brelsford 2012). Thus, marker choice is very likely 

responsible for the divergent patterns we find here. This also appears to be true in 

mammals, where patterns of genetic diversity measured using mitochondrial DNA and 

nuclear DNA trended in opposite directions (Schmidt et al. 2020c). 

 

Generality of causal mechanisms  

Despite limitations modeling population size in amphibians, it appears that genetic 

diversity and species richness in frogs are driven by processes similar to mammals. 

Although Schmidt et al. (2020) found support for both the more individuals hypothesis and 
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the role of heterogeneity in mammals, heterogeneity was the main contributor to diversity 

across both genetic and species levels. Heterogeneity has previously been put forth as a 

universal driver of species richness (Stein et al. 2014). Our findings combining genetic 

diversity and species richness in amphibians and previous findings in mammals (Schmidt 

et al. 2020c) indeed suggest that heterogeneity is a major determinant of biodiversity on 

species and genetic levels in both endothermic and ectothermic vertebrates. However, the 

underlying mechanisms are not universal, and appear to vary depending on species groups. 

While in mammals shared spatial patterns between genetic diversity and species richness 

pointed to common causes, patterns of species richness in amphibians were not well 

predicted by spatial patterns shared with genetic diversity. Thus, the role of population-

level processes in determining amphibian species richness is unclear. Energy and water 

limitations likely act directly on species richness, and not genetic diversity, by imposing 

physiological limits on amphibian distributions (Buckley and Jetz 2007). The demographic 

effects of carrying capacity and niche availability may then only be borne out within 

regions with suitable environmental conditions. It appears that similar environmental 

factors are capable of generating an overall latitudinal species richness gradient across 

taxa, but slight deviations from this general pattern are mediated by differential 

interactions between environments, species traits, and population processes. 

Genetic diversity and species richness are two important metrics for biodiversity 

conservation because they contribute to the resilience of populations and communities in 

rapidly changing environments (Oliver et al. 2015). Genetic diversity in particular helps 

ensure population viability, fitness, and capacity to respond to environmental change 

through adaptation (Frankham 1995b). Amphibians are among the most imperiled 

vertebrates (Stuart et al. 2004) and are especially susceptible to environmental change. 

Macrogenetics approaches to mapping multispecies patterns of genetic diversity at broad 

scales have great potential for incorporation into conservation policies targeting regional 

conservation of genetic diversity. However, complex ecophysiological requirements, life 

histories, and population dynamics may render this approach impractical for amphibians. 

Finer-scale measures of environmental heterogeneity, energy availability, and habitat 
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suitability may prove to be more reliable predictors of genetic diversity but may do less 

well at the species level. Population size fluctuation in amphibians could pose a significant 

roadblock for macrogenetics studies that do not take into account temporal sampling, 

whether due to study design or lack of available data for this purpose. We are only 

beginning to explore broad-scale patterns of intraspecific nuclear genetic diversity across 

several species, but it is already apparent that they are not as consistently clear as 

gradients in species richness (Miraldo et al. 2016; Manel et al. 2020; Schmidt et al. 2020c; 

Theodoridis et al. 2020). We look forward to the continued exploration of these patterns in 

other taxonomic groups to build a comprehensive picture of the distribution of genetic 

biodiversity across the globe.  
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Figure 6.1. (Top row) Maps of predicted genetic diversity and species richness at genetic sample sites (points) based on 

spatial MEMs for frogs and salamanders combined. No obvious pattern was detected in genetic diversity, but MEMs were able 
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to recover known patterns of species richness. (Bottom row) Maps depicting the environmental variables predicted to have 

simultaneous effects on genetic diversity and species richness.  
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Figure 6.2.  Structural equation models. (A) Our hypothesized conceptual model based on findings in mammals; solid and 

dashed lines correspond to processes related to the more individuals and heterogeneity hypotheses, respectively. Line width 

is proportional to path coefficients. Model results are shown for (B) frogs, and (C) salamanders. Results from the overall model 

with both orders are in Table S1. Regression coefficients with standard errors are shown along each path. Paths between 
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variables where no effect was detected are colored in gray (see Table S2 for a complete summary of all paths). The proportion 

of variation explained (R2) is given for all dependent variables. For genetic diversity, R2m is the variation explained by fixed 

effects and R2c is the variation explained by both fixed effects and the random species effect. 
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Introduction 

As soon as molecular genetic data began to accumulate, population geneticists started to 

address questions about the nature of genetic variation across species (Soulé 1976). Early 

approaches to multi-species population genetics relied on harvesting population genetic 

information from the literature and merging it with other data to address multi-species 

scale questions (Soulé 1976; Loveless and Hamrick 1984; Nevo et al. 1984; Frankham 

1996). The recent accumulation of open molecular genetic data in repositories such as 

GenBank and DRYAD has vastly increased the power, scope, and types of multi-species 

population genetic questions we can ask because raw data can be used for new purposes. 

Perhaps unsurprisingly then, we have seen an increased interest in this area of research 

(Miraldo et al. 2016; Lawrence and Fraser 2020; Manel et al. 2020; Millette et al. 2020; 

Schmidt et al. 2020b; Theodoridis et al. 2020). This new work has led to a coalescence of 

ideas around the emerging subdiscipline of macrogenetics (Blanchet et al. 2017). 

Macrogenetics has come to encompass population genetic research that repurposes genetic 

data, whether collected from the literature or calculated from raw data, to address 

questions about the ecological and evolutionary causes and consequences of genetic 

variation across multiple species. 

Having recently identified macrogenetic processes as a subject matter worth dedicated 

study, we are only beginning to identify the phenomena that fall under its purview. A 

recent focus has been the mapping of broad-scale patterns of genetic diversity and the 

exploration of its relationships with environments and species richness (Miraldo et al. 

2016; Manel et al. 2020; Theodoridis et al. 2020). This line of inquiry is exciting with 

important implications for our understanding of biodiversity and its conservation. Miraldo 

et al. (2016) were the first to explore global patterns of genetic diversity by harvesting 

georeferenced publicly available mitochondrial DNA (mtDNA) sequences for mammals and 

amphibians. They detected a latitudinal gradient in mtDNA diversity in mammals and 

amphibians that mirrored species richness patterns. Manel et al. (2020) and Theodoridis et 

al. (2020) used similar methodological approaches focusing on fish and mammals 
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respectively, also finding that latitudinal gradients in mtDNA diversity reflect species 

richness patterns.  

Each of these papers highlights the need for the multi-layered conservation of biodiversity 

at the genetic and species levels and recognize that describing broad-scale patterns in 

genetic diversity will be necessary for this. Each paper also notes that our understanding of 

the processes underlying biogeographic scale genetic diversity patterns would be greatly 

enhanced by incorporating analyses of nuclear genetic markers. This is easier said than 

done. Raw nuclear genetic data is not programmatically accessible in centralized data 

repositories; however, mtDNA is – hence the early emphasis on mtDNA diversity patterns. 

Our goal is to delve further into the caveats associated with the use of mtDNA markers for 

macrogenetics studies as noted by the authors of Miraldo et al. (2016), Manel et al. (2020), 

and Theodoridis et al. (2020). We expand on the potential drawbacks of mtDNA sequence 

data for macrogenetic studies and its interpretation for conservation decision-making 

within that context. The evolution of mitochondrial genomes across species is notably 

“capricious” (Galtier et al. 2009a). This makes linking mtDNA diversity patterns to 

population-level processes (Zink and Barrowclough 2008; Edwards and Bensch 2009; 

Bohonak and Vandergast 2011) and thus the conservation utility of mtDNA diversity 

gradients, fraught. We first describe the disconnect between mtDNA variation and adaptive 

potential—the quantity of interest for conservation. We then discuss the mismatch 

between patterns and population-level processes due to idiosyncrasies in mtDNA 

evolution. We conclude with potential future directions for the continued study of mtDNA 

patterns in macrogenetics.  

 

Measuring genetic diversity that is relevant for conservation 

The target when conserving genetic diversity is “genetic material of actual or potential 

value” (CBD and UNEP 2010). Genetic material of potential value refers to the genetic 

variation underlying a population’s capacity to adapt—that is, the additive genetic variance 

in fitness in that population (Fisher 1930). Quantifying additive genetic variation requires 
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the direct measurement of fitness across a large number of relatives for multiple 

generations, which is difficult for wild animal populations. Theory predicts that neutral 

estimates of genome-wide diversity should be proportional to additive genetic 

variation (Falconer and Mackay 1996) and empirical evidence suggests there is indeed a 

weak positive correlation (Mittell et al. 2015). It is thus notable that the first macrogenetic 

analysis of neutral nuclear genetic diversity found that it was negatively correlated with 

species richness (Schmidt et al. 2020c). This contrasts with the consistent positive 

correlation between mtDNA diversity and species richness. If patterns of nuclear DNA 

diversity—which is positively correlated with adaptive potential—trend opposite those of 

mtDNA, multi-species gradients in mtDNA diversity are not capturing genetic diversity of 

conservation value in a straightforward way. This is not to say that mtDNA does not have 

conservation value for some species-specific applications. For example, it can be useful for 

revealing glacial refugia or identifying cryptic lineages, and high levels of mtDNA diversity 

are rarely found in highly inbred populations. 

 

mtDNA diversity patterns 

Typical approaches for identifying mtDNA diversity patterns divide the globe into grid 

cells, then summarize diversity within cells by calculating the average nucleotide 

diversity for each species and finally averaging nucleotide diversity across species (Miraldo 

et al. 2016; Manel et al. 2020; Theodoridis et al. 2020). However, this diversity metric is 

hard to interpret because mtDNA mutation rates are highly variable across taxa (Nabholz 

et al. 2008b; Allio et al. 2017). For example, in mammals mitochondrial mutation rates can 

vary 100-fold across species (Nabholz et al. 2008b). Furthermore, not all grid cells contain 

the same species. Multi-species cell-wise averages thus seem likely to strongly depend on 

what species are in the cell, making comparisons of diversity across cells difficult to 

interpret. We suspect averages of mtDNA diversity taken across species likely obscures 

intraspecific spatial variation. We note that this is not a criticism of mtDNA per se, as the 

biological meaning of multi-species averages of nuclear genetic diversity would also be 

unclear. Mutation rate variation can be accounted for by treating species as a random effect 
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in multilevel models (as in Millette et al. 2020; Schmidt et al. 2020b). We are uncertain of 

the extent to which multi-species averages can precisely capture patterns of mtDNA 

diversity. 

 

Inferring processes 

There has been considerable debate surrounding the use of mtDNA as a sole marker for 

inferring population and species-level pattern and process in other areas (Ballard and 

Whitlock 2004; Rubinoff and Holland 2005; Zink and Barrowclough 2008; Edwards and 

Bensch 2009; Bohonak and Vandergast 2011). There is now a general consensus among 

advocates and detractors of the various uses of mtDNA that it is most useful for inferring 

patterns (e.g., phylogenies), but alone it is often not sufficient for inferring processes 

shaping population history (Zink and Barrowclough 2008; Edwards and Bensch 2009). 

This is because the bulk of evidence suggests mtDNA diversity is not systematically or 

strongly related to ecology, demography, or genome-wide diversity (Bazin et al. 2006; 

Nabholz et al. 2008b; Galtier et al. 2009b; James and Eyre-Walker 2020). In practice 

maintaining a disconnect between pattern and process when interpreting our analyses is 

difficult because we are inherently interested in process (Edwards and Bensch 2009).  

 

Identifying the common causes of biodiversity at species and genetic levels would 

considerably advance our basic evolutionary knowledge in addition to laying important 

groundwork for the joint conservation of species and genetic diversity. To varying extents, 

Miraldo et al., Manel et al., and Theodoridis et al. each interpret mtDNA diversity patterns 

in terms of processes related to ecology and demography. As noted above, the link between 

pattern and process in these cases is tenuous. The authors interpret their mtDNA diversity 

gradients in terms of established hypotheses for the origins of the species richness 

gradient. Hypotheses with mechanisms that might produce genetic diversity gradients 

positively correlated with species richness include evolutionary speed, climatic stability, 

and energy availability. Evolutionary speed hypotheses suggest that higher temperatures in 

the tropics cause higher metabolic rates and shorter generation times, leading to increased 



147 
 
 

mutation rates and faster rates of population divergence and speciation. The climate 

stability hypothesis posits that environmental instability causes recurring bottlenecks that 

limit both species and genetic diversity. Energy availability hypotheses suggest that high 

energy regions support larger populations and communities with high genetic diversity 

and species richness due to greater chances of population persistence. Reviews of these 

hypotheses can be found in (Currie 1991; Mittelbach et al. 2007; Pontarp et al. 2019). 

These hypotheses hinge on ecological and demographic processes.  

With respect to the evolutionary speed hypothesis, mutation rates in mtDNA are not 

strongly correlated with nuclear mutation rates—indeed, there is some evidence that 

mtDNA nucleotide diversity measured at silent sites (approximately neutral) is correlated 

with nuclear diversity only after applying corrections for differences in mutation rate (Allio 

et al. 2017). Furthermore, the relationship between metabolic rate and mtDNA mutation 

rates are complex and appear to not be consistent across taxa (Lanfear et al. 2007; Galtier 

et al. 2009a). One idea is that mutagenesis is driven by the increased production of reactive 

oxygen species in the mitochondria when metabolic rates are high, but oxidative damage is 

likely not the primary contributor to high mtDNA mutation rates (DeBalsi et al. 2017). 

Regardless, reactive oxygen species produced in the mitochondria during cellular 

respiration do not cause oxidative damage to nuclear DNA (Hoffmann et al. 2004). Thus it 

is unclear whether higher mtDNA diversity towards the equator is the expected pattern 

under the evolutionary speed hypothesis. Climate stability and energy availability 

hypotheses depend on environmental limits on population size. Yet, the relationship 

between mtDNA diversity and population size, or ecological and life history correlates of 

population size, is unclear and perhaps too weak to be useful (Bazin et al. 2006; Nabholz et 

al. 2008b; James and Eyre-Walker 2020). Given the peculiarities of mtDNA evolution and 

its likely non-neutral status it is not certain whether a general positive relationship with 

population size is the null expectation. Even so, relationships between mtDNA diversity at 

silent sites and commonly used proxies of population size do not vary in consistently 

expected directions (James and Eyre-Walker 2020). This lack of consistent relationship 

between mtDNA diversity and demography makes it ill-suited for testing general 
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relationships between conservation relevant genetic diversity, environments, and species 

richness.  

To illustrate this issue, we can take the well-founded prediction that human activity and 

urbanization should reduce genome-wide diversity by decreasing population sizes due to 

habitat fragmentation (Johnson and Munshi-South 2017). Synthetic analyses of genome-

wide diversity of mammals through space and time consistently agree with this prediction 

(DiBattista 2008; Li et al. 2016; Leigh et al. 2019; Schmidt et al. 2020b). However, this 

relationship appears not to hold in general for mammalian mtDNA diversity (Miraldo et al. 

2016; Millette et al. 2020; Theodoridis et al. 2020). Using mtDNA in this instance seems to 

miss declines in nuclear genetic diversity relevant for conservation. 

  

Moving forward 

The wealth of raw genetic data now available is exciting because of the new opportunities 

for exploring previously hidden levels of biodiversity it brings, and its value as a 

conservation tool. But the use of mtDNA as a metric for conservation-related decisions 

should be done with care. We note that Miraldo et al., Manel et al., and Theodoridis et al. do 

not make explicit conservation recommendations based on their findings, but the potential 

use of global maps of mtDNA diversity for the preservation of biodiversity is clear. For 

example, protected areas are a critical conservation tool, and the integration of genetic 

diversity patterns into protected area designation and management is needed for the 

maintenance of genetic diversity. Discussions about just how genetic diversity patterns 

could be integrated into international biodiversity conventions are underway (Hoban et al. 

2020). Given our current understanding of the conservation utility of macrogenetic 

patterns of mtDNA diversity, decisions whether to integrate them into policy should be 

made carefully, with explicit presentations of the shortcomings of the marker. After 

discussing the caveats and nuanced interpretations of mtDNA gradients, we feel the case 

for its use should be strongly argued, not taken for granted. Indeed, the general targeting of 

regional conservation actions based on global patterns of interspecific mtDNA variation 
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could inadvertently capture regions of low adaptive capacity, contradicting our 

conservation goals (Schmidt et al. 2020c). Thus, mtDNA diversity gradients should not be 

used uncritically to provide general conservation guidance, nor to test general links 

between conservation relevant genetic diversity and ecological or environmental 

processes. mtDNA variation is an important element of genetic heritage, but its variation 

will primarily be related to cellular respiration and does not reflect genome-wide diversity 

well. 

Beyond concerns about its relevance for conservation, we reiterate that macrogenetic 

patterns in mtDNA are not uninteresting and provide an opportunity to test other 

hypotheses. The longevity hypothesis, for example, posits that selection in long-lived 

species acts to lower mtDNA mutation rates and reduce oxidative damage to the 

mitochondrial genome which may contribute to ageing (Nabholz et al. 2008a). The clear 

spatial relationships between body size and environmental temperature (Bergmann’s 

Rule), and life history correlations between body size and longevity (Stearns 1992) suggest 

a possible mechanism capable of producing the consistently identified broad-scale 

gradients in mtDNA diversity that positively correlate with species richness. It would also 

be worthwhile to more directly test purported links between temperature, metabolic rate, 

and mitochondrial mutation rate. For instance, whereas metabolic rates in ectotherms 

increase with environmental temperature, this relationship is more complicated for 

endotherms. If a causal connection between temperature, metabolism, mutation rate, and 

mtDNA diversity exists, we would expect it to be more apparent in ectothermic species. 

Importantly, both of these ideas require focusing on those species which have enough data 

for intraspecific tests to identify and compare patterns.  

mtDNA can clearly inform conservation decision-making in some species-specific contexts. 

It is however, unclear that multi-species macrogenetic patterns of mtDNA variation are 

useful conservation tools. We echo the calls of Miraldo et al, Manel et al., and Theodoridis et 

al. to continue exploring these patterns with multiple marker types. In the meantime, we 

call for a very careful presentation of just what mtDNA data can tell us about the type of 

genetic biodiversity we want to conserve.  
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Chapter 8: Discussion 

The study of population genetic responses to human land transformation provides insights 

into evolutionary responses to rapid environmental change in a conservation-relevant 

context. By integrating population-level genetic data with publicly available environmental, 

census, and biological datasets, I have taken a generalizable approach to test the effects of 

human activity on genetic diversity and species richness across terrestrial vertebrates. My 

thesis contributes to a cohesive understanding of how human-caused environmental 

change drives evolutionary change across multiple biological scales. This work suggests 

that although genetic diversity exhibits broad spatial structure, it is not as consistent 

latitudinally or across taxonomic groups as the species richness gradient (Worm and 

Tittensor 2018). In addition, it is clear that contemporary environmental change, notably 

human land use, is altering historical patterns of genetic diversity. 

Broad-scale patterns of neutral nuclear genetic diversity in North American mammals are 

surprisingly well-predicted by body size and just two environmental factors: energy 

availability and heterogeneity (Chapter 5). These results underscore the central 

importance of demography in determining both genetic diversity and species richness in 

communities. The roles of population processes are not often considered at genetic and 

species levels (Lowe et al. 2017; Pontarp et al. 2019), despite the existence of a conceptual 

framework for considering how the four evolutionary processes (genetic drift, gene flow, 

selection, and mutation) can similarly be applied at the community level (Vellend and 

Geber 2005). Indeed, the disconnect between these disciplines is long-known: “the fusion 

of population genetics with population ecology can be compared to a prearranged marriage 

between partners who speak different languages” (Roughgarden 1979). Integrating 

population genetics and evolutionary perspectives with macroecology has the potential to 

substantially enhance our mechanistic understanding of processes underlying 

biogeographic patterns (Lowe et al. 2017; Pontarp et al. 2019).  

 

Conservation of genetic diversity 
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Species richness and genetic diversity appear to be jointly shaped by environmental factors 

in mammals, which is starting ground on which to build conservation and management 

policies to conserve both of these fundamental levels of biodiversity at once. Indeed, it is 

likely that setting protected areas in species diversity hotspots will also conserve groups of 

small, but genetically differentiated populations. Thus this type of action is beneficial for 

the conservation of beta—but not alpha—genetic diversity. Beta diversity, or variation in 

species or genetic composition between sites, is important for regional conservation 

consideration because it represents the accumulation of diversity across different 

landscapes (Socolar et al. 2016). Beta diversity can inform the design of protected area 

networks with complementary genetic or species compositions, which ensures that the 

biodiversity within an area is more than the sum of its alpha diversities (Bush et al. 2016). 

However, as noted in Chapter 7, if the aim is to preserve additive genetic variation to 

maximize adaptive potential, alternative management options will be needed such as 

captive breeding programs or targeted gene flow (Macdonald et al. 2017). In these ways, 

broad-scale maps of genetic diversity have great potential for wider integration into 

conservation policy. Understanding the relationships between species richness and genetic 

diversity and how they are affected by environments can inform management practices in 

data-poor regions where genetic monitoring is not widespread. Such maps also provide 

opportunities to consider genetic diversity more deeply for a wider variety of species than 

is currently done at present (Hoban et al. 2020). 

 

Macrogenetics beyond conservation 

Macrogenetics and data synthesis present an opportunity to test general principles in 

ecology and evolution. Oftentimes, results from single-species studies undertaken at 

limited spatial scales may not be generalizable, or weak effects may undetectable. 

Macrogenetics approaches address both of these issues. By combining data from several 

species, detectable effects are more likely to be generalizable across a given taxonomic 

group (mammals, for example). Furthermore, using hierarchical models allowing random 

slopes to vary is a particularly powerful statistical approach in this context. The typical 
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benefit of including random effects in regression models is shrinkage (McElreath 2015; 

Harrison et al. 2018)—which allows the levels of a random effect to share information and 

borrow strength from one another. For example: in contrast to fitting independent 

regressions per species in a dataset, as a random effect, we assume that species were 

sampled from a common statistical population. Thus, the distribution of species-specific 

effects in a random slope model shrink towards the overall mean across species, which 

makes parameter estimates more robust. It is considered best practice to always model 

both random slopes and intercepts in regressions (Harrison et al. 2018), but this is often 

not possible because such models require large sample sizes within and across levels of a 

random factor. This is less of a concern for macrogenetics studies (Blanchet et al. 2017; 

Lawrence et al. 2019; Schmidt et al. 2020a)—increasing power to detect weak effects. 

Macrogenetics is therefore a useful tool to explore research questions at broad taxonomic 

and spatial scales and produce generalizable inferences. That being said, the strength of 

macrogenetics relies on data from small-scale or species-specific studies, and this approach 

is less applicable for questions addressing local, fine-scale processes. 

Macrogenetics has added to our understanding of how life history and ecological traits 

(such as body size or trophic level) contribute to different levels of genetic variation across 

species (Soulé 1976; Loveless and Hamrick 1984; Nevo et al. 1984; Romiguier et al. 2014); 

how movement ability affects population structure in animals (Hillman et al. 2014; Medina 

et al. 2018); the relationship between genetic diversity and population size in natural 

populations (nuclear: Frankham 1995a, 1996; mitochondrial: Bazin et al. 2006); and the 

relationships between genetic diversity, conservation status, and adaptive potential 

(Spielman et al. 2004; Doyle et al. 2015; Mittell et al. 2015). More recently, efforts to 

improve metadata associated with archived datasets (e.g., including sample coordinates) 

has opened the door to asking spatially and temporally explicit macrogenetics questions 

such as those addressed here, including the effects of urbanization on genetic composition 

(Miraldo et al. 2016; Leigh et al. 2019; Millette et al. 2020; Schmidt et al. 2020a; 

Theodoridis et al. 2020) and its relationships with climate and species richness (Miraldo et 

al. 2016; Manel et al. 2020; Millette et al. 2020; Schmidt et al. 2020b; Theodoridis et al. 
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2020). Given difficulty defining and measuring adaptive genetic variation (Ellegren and 

Galtier 2016), thus far macrogenetics has largely focused on patterns of putatively neutral 

genetic diversity. However, attention is turning towards diversity within functional genes 

as well (Yiming et al. 2020). 

 

The importance of open data 

Evolutionary biology was among the first disciplines to embrace open data, particularly 

due to the recognized potential for genetic data to be reused for new purposes (Whitlock et 

al. 2010). GenBank, for example, was launched in 1982 and is currently home to >410 

mitochondrial DNA sequences. Data sharing is now mandatory in many leading ecology and 

evolution journals since the Joint Data Archiving Policy was adopted in 2011 (Whitlock et 

al. 2010; Whitlock 2011). Yet, data available in public repositories are often incomplete or 

poorly documented (Michener 2015; Pope et al. 2015; Roche et al. 2015; Culina et al. 2020), 

rendering a not insignificant portion of datasets unusable. For example, in building the 

database used in this work, ~11% of datasets were excluded only due to missing metadata. 

Over 85% of sequences archived in GenBank are not associated with coordinates (Miraldo 

et al. 2016). There are distinct advantages of repurposing raw data compared to more 

traditional meta-analyses techniques (e.g., the ability to consistently calculate values of 

interest, or avoid merging results from different marker types). With the now considerable 

interest in repurposing raw data, comprehensive metadata and open code are necessary to 

ensure their longevity. Improving data stewardship will push the door wide open for 

macrogenetics and data synthesis in other fields, giving us unprecedented opportunities to 

test big-picture questions, at broad spatiotemporal scales, with better resolution. 
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Methods 

Microsatellite data compilation 

Our dataset was comprised of bird and mammal microsatellite data collected from publicly 

archived, previously published work (Table S2). To create this dataset, we conducted two 

systematic searches of online databases (Figure S3). We obtained a list of species names for 

859 birds and 450 mammals native to Canada and the United States from the IUCN Red List 

database which includes all species regardless of Red List status. We then queried the 

Dryad Digital Repository in February 2018 using a python script with the following search 

terms: species name (e.g. “Branta canadensis”), “microsat*”, “single tandem*”, “short 

tandem*”, and “str”. This search yielded 194 unique data packages associated with papers. 

A second search was performed in May 2018, this time querying DataOne.org, a network 

which provides access to data from multiple repositories such as Dryad, the Knowledge 

Network for Biocomplexity (KNB), and the United States Geographic Survey (USGS). This 

search was conducted in R using the dataone package (Jones et al. 2017), a convenient 

method of querying the DataOne network. Using identical keywords, 237 unique results 

were generated, 121 of which overlapped with our first search (Figure S3, Data S1).   

All data sets were then individually screened for suitability, ensuring: location (Canada and 

the United States), taxon (native birds and terrestrial mammals), data type (neutral 

microsatellite markers), and georeferenced sampling (coordinates, maps, or place names). 

Studies with other factors which may have influenced genetic diversity (e.g. island sites, 

genetic rescue, translocation, managed or captive populations) were excluded. In total, data 

from 85 studies were retained for analysis. In a final step, we assured individual sample 

sites within datasets adhered to our study criteria, and removed those which did not. We 

maintained the same sample site delineations as in the original work. Criteria for removal 

from a dataset included island, managed, or captive populations; sites outside of Canada 

and the United States; and historical samples (where identified). Sites for which we were 

unable to extract geographic information were also removed, as well as sites with <5 

individuals. Any non-neutral microsatellite markers in the data were removed. We note 

that we compiled all datasets regardless of their location in urban or rural areas, because 

we determined the level of human disturbance for individual sites using our own criteria 
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which could be consistently applied across all datasets (see “Measures of urbanization and 

human presence” below).  Finally, unique names were assigned to each site, and all 

datasets were formatted as either STRUCTURE or GENEPOP files and read into R version 

3.4.2 (R Core Team 2013) using the adegenet package (Jombart et al. 2017).  

 

Geographic site locations 

Geographic coordinates provided by the authors were used when available (Table S2). 

Where spatial location was available for each individual sampled, coordinates were 

averaged. If site names were provided (e.g. “Yellowstone National Park”) with no 

coordinate reference, we performed a Google Maps search and noted the resulting 

coordinates. Where applicable, coordinate information was obtained by searching for site 

names in the Geographic Names Information System (GNIS) or GeoNames database, as was 

the case for a few datasets from the USGS.  In instances where only maps of sampling sites 

were available, site coordinates were extracted using a reference map in ArcMap version 

10.3.1 (ESRI). When georeferencing map images, if sampling locations indicated regions 

rather than single points, centroid coordinates served as the site location. Centroid 

coordinates were also calculated as site location for data accompanied by polygon 

shapefiles as a spatial reference. All coordinates were recorded using the WGS84 (World 

Geodetic System 1984) coordinate system in decimal degrees, and transformed from other 

systems or map projections in ArcMap as needed. Finally, when site locations were offshore 

(42 sites), points were moved to the nearest terrestrial location using the Generate Near 

Table tool in ArcGIS. Offshore sites (those located in bodies of water) were moved to avoid 

generating null values for population density and the Human Footprint Index—both of 

which are high-resolution terrestrial maps which do not extend far past the coast. In some 

instances, offshore sites were recorded as thus in the original publication, while other 

times they were generated during the process of obtaining a single location for a site (e.g. 

the average location of individual coordinates, or centroid location, was in a body of water). 

Polar bear sites in the Arctic Archipelago constituted half of all offshore sites, while the 

remainder were coastal species and species sampled near lakes or oceans. 
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Genetic diversity estimates 

We chose to measure gene diversity (Nei 1973) and allelic richness for each site as 

measures of genetic diversity. Gene diversity uses allele frequencies to determine the 

probability that pairs of alleles drawn at random from a population are different, and 

accounts for both the number and evenness of alleles. This measure is minimally affected 

by sample size and rare alleles (Charlesworth and Charlesworth 2010), and thus is 

convenient to use when sample sizes are variable, as is the case here. Gene diversity was 

calculated using the adegenet package (Jombart et al. 2017). Allelic richness, the number of 

alleles per locus, is strongly influenced by sample size and effective population size. To 

account for differences in sample size, we used rarefaction as employed in the R package 

hierfstat (Goudet and Jombart 2015) to standardize allele counts to the minimum sample 

size (n = 5 individuals) across sites (Leberg 2002). Values were then averaged across loci to 

obtain a single value per site.  

 

Effective population size estimates 

We estimated contemporary effective population sizes at each sites using the linkage 

disequilibrium method for single samples implemented in the software NeEstimator 2.1 

(Do et al. 2014). The presence of rare alleles produces an upward bias when estimating 

effective population size which is especially apparent at small sample sizes (Waples and Do 

2008). We therefore set a conservative exclusion threshold (Pcrit) of 0.1, meaning estimates 

were made based only on alleles with frequencies higher than this value, which has been 

shown to markedly reduce bias (Waples and Do 2008). Linkage disequilibrium methods 

work well for estimating effective population sizes in small populations, however are less 

reliable for large populations (Waples and Do 2010). An estimate of infinity is returned 

when sampling error swamps detectable signals of genetic drift—which may be the case if 

too few individuals or loci were sampled to yield any useful information about effective 

population size. In these instances, rather than replacing infinity values with arbitrary large 

values, we chose to exclude all sites for which we were unable to estimate effective 

population size (Table S2.1). 
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Population-specific FST 

To estimate levels of population differentiation in relation to human disturbance, we 

measured population-specific FST (Weir and Goudet 2017). Population-specific FST 

characterizes differentiation using the proportion of pairs of matching alleles within 

populations (the probability of identity by descent) relative to that of pairs from different 

populations. It can be interpreted as a measure of how far single populations have diverged 

from a common ancestor population. This measure differs from pairwise FST estimates 

(Weir and Cockerham 1984) in that it provides a measure of population differentiation for 

a single population, as opposed to a single value for population pairs. Using a population-

specific estimator of structure allows us to make comparisons between populations of 

different species. Population-specific FST was calculated in R using hierfstat (Goudet and 

Jombart 2015), and values were averaged across loci. Because population-specific FST 

calculations still use comparisons of pairs of alleles between populations, it could only be 

measured for species with two or more sample sites. Sample size was slightly decreased 

when this condition was not met (Table S2.1). 

 

Measures of urbanization and human presence 

Urban-rural classification. Our next step was to define urban habitats in North America. The 

United States Census Bureau and Statistics Canada provide publicly available maps of 

urban areas and population centers, respectively (Statistics Canada 2016; U.S. Census 

Bureau 2016). According to the US Census Bureau, an urban area is defined as any densely 

developed territory with at least 2500 inhabitants. Statistics Canada defines a population 

center as any area with a minimum population of 1000, and a population density of 

400 persons or more per square kilometer. We considered these international designations 

of urbanization to be comparable. Canadian and American urban area maps were 

downloaded as polygon GIS layers and merged into a single layer. Site coordinates were 

transformed from WGS84 to the same projection as the urban area maps (GCS North 

American 1983) in ArcMap to ensure correct alignment. A spatial join was then performed 

between sites and the urban area layer in order to classify sample locations as “urban” or 

“nonurban”. The search radius parameter was set to 10 km to encompass the entire urban 
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gradient, and account for sprawl. Periurban landscapes which are adjacent to cities may be 

less densely inhabited, however often encompass areas highly managed or disturbed by 

humans including farmland, parks, and golf courses; in larger cities, periurban landscapes 

may extend up to 10 km away from the city center (Clergeau et al. 2001).  Thus, any site 

located in, or within 10 km of, an urban area was considered “urban” for the purposes of 

this study. 

Human population density. Human population density was used as a proxy of urbanization 

and human effects on the environment. In contrast to our binary urban-rural designation of 

sample sites, human population reflects the continuous distribution of the effects of human 

presence, and thus should indicate the intensity of the effects of human activity on genetic 

diversity. A raster map of global population density per square kilometer was obtained for 

the most recent available year (2000) from NASA’s Center for Near Earth Object Studies 

(https://neo.sci.gsfc.nasa.gov/view.php?datasetId=SEDAC_POP). Next, the raster map and 

shapefile containing sites as point features were read into R (package rgdal and raster; 

Bivand et al. 2017, Hijmans 2017). Mean population density was calculated within a 10 km 

buffer zone around each site. 

Human Footprint Index. The Global Human Footprint Index (Sanderson et al. 2002; WCS 

and CIESIN 2005) quantifies human influence on a scale of 0 (most wild) to 100 (most 

transformed) at a 1 km2 resolution. It provides a more comprehensive assessment of the 

effects of humans than urban-rural designations or population density alone because it 

incorporates data from multiple sources of land use. In particular, it captures human 

population density, human land use and infrastructure (built-up areas, nighttime lights, 

land use, and land cover), and human access (coastlines, roads, railways, and navigable 

rivers). As with the raster map of population density, the Human Footprint Index was 

imported to R and values per site (within a 10 km buffer zone) calculated using the same 

method. 

  

Statistical analysis 

We modelled birds and mammals separately because we expected them to respond to 

human disturbance in fundamentally different ways. Within birds, we further classified 
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each species as migratory or non-migratory using information from species accounts in 

The Birds of North America (Rodewald 2015). We then created a separate data subset 

comprised of only non-migratory species which was analyzed in parallel. Species with a 

mix of migratory and resident populations were counted as migratory and excluded, as 

were species with unknown migratory behavior. 

 

Genetic diversity is also affected by regional historical contingencies which would be 

difficult to specifically identify without detailed knowledge of each species and region in 

our data set (Shafer et al. 2010). Such events will, however, produce spatial patterns in our 

genetic measures. These spatial patterns are detectable and can be controlled for—even  if 

their causes are unknown—using distance-based Moran’s Eigenvector Maps (dbMEMs) 

(Borcard et al. 2004; Dray et al. 2006; Manel et al. 2010). The dbMEM analysis we used (R 

package adespatial (Dray et al. 2017)) is a type of eigenanalysis based on principal 

coordinates analysis which produces a set of spatially explicit variables, dbMEMs, that 

quantify spatial trends at multiple scales. Because they are orthogonal, dbMEMs can 

subsequently be included in regression analyses to explicitly model spatial patterns (Dray 

et al. 2017). In the first steps of dbMEM analysis, a modified matrix of distances between 

pairs of sites is calculated from site coordinates. The eigenvalues of this matrix are 

proportional to Moran’s I coefficients of spatial autocorrelation (Moran 1948; Dray et al. 

2006). Importantly, only positive eigenvalues are considered because negative eigenvalues 

generate complex principal coordinate axes (Borcard and Legendre 2002). dbMEMs 

therefore correspond to positive values of Moran’s I, and can account for positive spatial 

autocorrelation present in the data. Positive spatial autocorrelation occurs when sites 

nearer to each other are more similar than sites further away, and violates the assumption 

of independence in our statistical tests. Before undertaking dbMEM, any linear trends in 

the response variables were removed. Although dbMEM analysis is capable of detecting 

linear spatial gradients, dbMEMs used to model such trends then cannot be used to recover 

other, potentially more interesting spatial patterns (Borcard et al. 2004). dbMEM analyses 

were run in parallel for measures of genetic diversity (gene diversity and allelic richness), 

population-specific FST, and effective population size. We were able to calculate gene 
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diversity and allelic richness for all sites, however, removed sites where effective 

population size was infinite and sites where population-specific FST could not be computed. 

To capitalize on available data, we created subsets for genetic diversity, population-specific 

FST, and effective population size, omitting rows where the focal variable(s) had null values. 

For each taxon we thus had 3 data subsets: one for gene diversity and allelic richness, 

which included all sites; population-specific FST; and effective population size (Table S2.1). 

To select dbMEMs for inclusion in regression analyses, we used forward selection with a p-

value criterion (alpha = 0.05) in the SignifReg package (Kim and Zambom 2017). 

 

Testing effects of human presence on genetic diversity. To test for the effects of human 

disturbance on genetic diversity, and to determine whether alternate proxies of 

urbanization would yield similar results, we constructed four linear mixed models per 

response variable (effective population size, gene diversity, allelic richness, and 

population-specific FST). Three of these models included spatial dbMEMs and a measure of 

human presence as explanatory variables: (1) urban-rural category, (2) human population 

density, and (3) Human Footprint Index. The fourth model consisted of dbMEMs only, or, 

where no dbMEMs were significant, was a null model (Table 2.1). Species was included as a 

random effect in all models to account for species-level variation in genetic diversity, 

effective population size, and population-specific FST. The random species effect also 

accommodated potential variation in the level of species’ responses to human-caused 

environmental degradation (random slope models). Random effects account for non-

independence of samples within groups and increase the accuracy of parameter estimation 

(Harrison et al. 2018). We fit these models in a Bayesian framework using the R package 

brms (Bürkner 2019) which fits models using Stan. We used default priors (uniform 

distribution over all real numbers) for parameter estimates with 4000 iterations after 

discarding warm-up runs (1000 iterations). In cases where models did not converge, we 

first increased the number of iterations or warmup period (mammals: allelic richness ~ 

population density: 5000 iterations, 5000 warmup; birds: FST ~ population density, 5000 

iterations, 4000 warmup; non-migratory birds: allelic richness ~ urban category, 4000 

iterations, 2000 warmup; allelic richness ~ population density, 4000 iterations, 4000 
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warmup; FST ~ population density, 4000 iterations, 2000 warmup). If convergence issues 

persisted we restricted priors to a uniform distribution bounded at -10 and 10 (birds FST ~ 

population density and non-migratory, and birds allelic richness ~ population density). 

Lastly, we computed marginal and conditional Bayesian R2 to evaluate and compare model 

fits using the performance package (Lüdecke et al. 2019).  

 

Results  

Data Summary 

Our final dataset included 1,008 sites consisting of 66 species (41 mammals and 25 birds; 

Fig. 2.2, Table S2.1). There were 812 mammal sample sites, and 196 bird sample sites (129 

non-migratory), with more rural than urban sites (Table S2.1). The data included samples 

from a total of 41,023 individuals. Minimum group size for both classes was set to 5 

individuals, and there was a maximum of 2444 individuals from a single sample site for 

mammals (median = 26 individuals), 602 individuals (median = 19 individuals) from a 

single sample site among all birds, and 141 individuals (median = 19 individuals) for the 

non-migratory bird subset. 

The number of loci sampled ranging between 5 – 210 loci with a median of 13. For 

all birds (both migratory and non-migratory), the median number of loci sampled was 11 

with a range of 6 – 30; non-migratory birds also had a median number of 11 loci with a 

range between 6 – 20 loci. Gene diversity (mean ± SD) was slightly higher in mammals 

(0.72 ± 0.11), compared to birds (all: 0.63 ± 0.13; non-migratory: 0.67 ± 0.09). Allelic 

richness (mean ± SD, max) was similar between mammals (4.79 ± 1.28, 13.70) and birds 

(all: 4.59 ± 2.19, 22.64; non-migratory: 5.01 ± 2.41, 22.64).  

We obtained estimates of effective population size for 639 mammal sites, 125 sites 

across all birds, and for 87 non-migratory bird sites (Table S2.1). Effective population sizes 

(mean ± SD) were on average lower in mammals (614.52 ± 8275.46) compared to birds 

(all: 980.30 ± 9400.30; non-migratory: 1314.92 ± 11267.02). This corresponded to higher 

average population-specific FST among mammals (0.06 ± 0.09) relative to birds (all: 0.04 ± 
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0.06; non-migratory: 0.04 ± 0.04). FST was estimated at 796 sites for mammals, 190 for all 

birds, and 128 for non-migratory birds. 

 

Effective population size sample sizes 

Mammals. We were able to obtain estimates of effective population size for 639 out of 812 

mammal sites, with all 41 species represented except for one (moose, Alces alces, 2 sites). 

The ratio of urban to rural sites for sites with non-infinity estimates was unchanged with 

respect to the full mammal subset (0.44). Additionally, the distribution of sites across 

values of human population density and the Human Footprint Index did not suggest any 

bias after removing sites with infinite effective population size estimates (Fig. S4).  

Non-migratory Birds. Out of 129 sites for non-migratory birds we had 87 non-infinite 

values. Again, the ratio of urban to rural sites sampled remained consistent with the overall 

subset of non-migratory birds (0.74), and we saw no indication of bias with regard to 

human population density or the Human Footprint Index (Fig. S4). 

 

Spatial autocorrelation  

We found spatial patterns underlying the distribution of genetic diversity in both 

mammals and birds. dbMEMs capture spatial patterns at all scales in the data, starting 

broadly (dbMEM 1) and progressing towards increasingly finer scales. In general, we noted 

more spatial patterns, and more patterns at finer scales in mammals for all response 

variables. In mammals, following stepwise regression, 5 dbMEMs were significantly related 

to effective population size (dbMEMs 2, 27, 80, 93, 101). Significant patterns were also 

found for genetic diversity: 13 dbMEMs were significantly related to gene diversity 

(dbMEMs 2, 4, 5, 11, 22, 30, 31, 32, 47, 49, 102, 143, 193), and 21 to allelic richness 

(dbMEMs 2, 4, 5, 7, 8, 11, 12, 13, 21, 22, 29, 30, 31, 32, 47, 49, 102, 108, 143, 185, 190). 

Finally, we found 10 dbMEMs related to site -specific FST (dbMEMs 2, 10, 14, 27, 48, 70, 

125, 127, 170, 197). 
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Patterns of spatial variation were less apparent in our subset of non-migratory 

birds. There were no significant dbMEMs for effective population size nor allelic richness. 

Gene diversity showed the most spatial variation, with 3 significant dbMEMs selected 

(dbMEMs 3, 6, 18). For site-specific FST, 2 dbMEMs were significant (dbMEMs 3, 6). 

Among all birds, only 1 dbMEMs was significant for effective population size 

(dbMEM 2), 2 were retained for gene diversity (dbMEMs 2, 6), 1 for allelic richness 

(dbMEM 2) and1 (dbMEM 6) for site-specific FST. 

All significant dbMEMs were incorporated into later models to account for spatial 

patterns of genetic diversity measures across North America. 
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Figure S2.1. 

Plotted model coefficients all birds (both migratory and non-migratory species). Open 

circles represent coefficient estimates, bold lines are 90% credible intervals, and narrow 

lines are 95% credible intervals. Intervals that overlap zero (dashed vertical line) indicate 

the disturbance variable has no effect on the response variable. Sample size differed 

between variables due to limitations estimating effective population size population-

specific FST. Sample sizes for each variable are given in Table S2.1.  
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Figure S2.2. 

Species-specific parameter estimates for the effect of human population density (which had 

the strongest effects for mammals) on mammal gene diversity. Ranges are 90% (thick line) 

and 95% (thin line) credible intervals. 
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Figure S2.3. 

Species-specific parameter estimates for the effect of human population density on gene 

diversity in migratory (blue) and non-migratory birds (black). Ranges are 90% (thick line) 

and 95% (thin line) credible intervals.  
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Figure S2.4. 

Histograms showing the number of sites included (non-infinity) or excluded (infinity) from 

effective population size analyses in mammals (top graphs), non-migratory birds (center 

graphs), and all birds (bottom graphs). (A, C, E) Distribution of sites across human 

population density. The x axis represents log-transformed human population density plus a 
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constant (0.1).  (B, D, F) Distribution of sites across the Human Footprint Index. Human 

Footprint is measured on a scale from 0 (most wild) to 100 (most disturbed). Overlapping, 

similar distributions indicate that excluding sites for which we were unable to estimate 

effective population size likely did not bias our analyses.  
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Figure S2.5. Data pipeline. Schematic shows the number of results from two systematic 

searches in the DataONE network, and filtering steps taken to arrive at our final dataset. 

Three microsatellite datasets did not appear in our search results, but were discovered 

manually and included in our analysis. See Table 2 for a complete list of included work, and 

Data S1 for raw search results.
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Table S2.1. 

Summary of number of species, sites, individuals and loci per taxonomic class (mammals and birds). For dataset-specific 

information, refer to Table S3. 

class species 
number of sites number of individuals number of loci 

total sites urban sites rural sites median range median range 

mammals 41 812 250 562 26 5 – 2444 13 5 – 210 

birds (all) 25 196 71 125 19 5 – 602 11 6 – 30 

birds (non-migratory) 7 129 55 74 19 5 – 141 11 6 – 20 
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Table S2.2. 

Summary and reference information for data used in this study. Class: mammals (M) or birds (B). Repository: location of data 

(USGS = U.S. Geological Survey). Loci: number of loci sampled, populations: number of populations, individuals: total 

number of individuals summed over all populations. Coordinates: method of assigning coordinate locations to each site. C = 

site coordinates provided in study; AC = coordinates given per sample in study, averaged to obtain site coordinates; GM = site 

name searched in Google Maps; GNIS = site name searchable in the Geographic Names Information System; M = map provided 

in study, georeferenced in ArcMap; P = site polygons (shapefile) provided, centroid coordinates taken. 

 
Species Class Repository Loci Populations Individuals Coordinates Search Date Reference 

Alces alces M Dryad 10 2 89 AC February (1, 2) 

Canis latrans M Dryad 10 41 482 GM February (3, 4) 

Cervus elaphus nannodes M Dryad 20 2 54 GM February (5, 6) 

Lasionycteris noctivagans M Dryad 18 1 87 C February (7, 8) 

Lasiurus cinereus M Dryad 19 1 132 C   

Lynx rufus M Dryad 10 5 95 GM February (9, 10) 

Leopardus pardalis M Dryad 10 2 70 GM   

Lynx rufus M Dryad 9 4 365 AC February (11, 12) 

Lynx rufus M Dryad 15 52 1646 AC February (13, 14) 

Mephitis mephitis M Dryad 9 1 345 AC February (15, 16) 

Procyon lotor M Dryad 10 1 330 AC   
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Microdipodops megacephalus M Dryad 11 3 184 GM February (17, 18) 

Microdipodops pallidus M Dryad 10 2 105 GM   

Myotis lucifugus M Dryad 9 15 735 C February (19, 20) 

Myotis lucifugus M Dryad 11 21 1142 M February (21, 22) 

Myotis lucifugus M Dryad 8 29 1310 C February (23, 24) 

Myotis septentrionalis M Dryad 5 15 896 C   

Odocoileus hemionus M Dryad 10 60 1831 C February (25, 26) 

Oreamnos americanus M Dryad 22 1 102 AC February (27, 28) 

Ovis canadensis M Dryad 208 1 276 C February (29, 30) 

Ovis canadensis M Dryad 210 1 216 GM   

Peromyscus leucopus M Dryad 10 12 134 C February (31, 32) 

Peromyscus leucopus M Dryad 11 11 367 C February (33, 34) 

Peromyscus leucopus M Dryad 18 13 312 GM February (35, 36) 

Peromyscus maniculatus M Dryad 10 1 31 GM February (37, 38) 

Puma concolor M Dryad 13 1 739 AC February (39, 40) 

Puma concolor M Dryad 18 2 667 AC February (41, 42) 

Puma concolor M Dryad 46 8 354 M February (43, 44) 

Puma concolor M Dryad 10 2 196 M February (45, 46) 

Rangifer tarandus M Dryad 19 18 655 M February (47, 48) 
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Rangifer tarandus M Dryad 18 27 606 M February (49, 50) 

Rangifer tarandus M Dryad 21 5 230 M February (51, 52) 

Rangifer tarandus M Dryad 14 27 802 M February (53, 54) 

Rattus rattus M Dryad 9 8 126 GM February (55, 56) 

Taxidea taxus M Dryad 12 1 233 AC February (57, 58) 

Taxidea taxus M Dryad 12 3 917 AC February (59, 60) 

Taxidea taxus M Dryad 20 8 236 M February (61, 62) 

Ursus americanus M Dryad 15 7 269 M February (63, 64) 

Ursus americanus M Dryad 15 4 250 AC February (65, 66) 

Ursus maritimus M Dryad 21 14 2232 AC February (67, 68) 

Ursus arctos M Dryad 8 16 831 M February (69, 70) 

Ursus maritimus M Dryad 8 11 319 M   

Ursus americanus M Dryad 8 1 32 M   

Ursus arctos M Dryad 20 1 729 GM February (71, 72) 

Ursus maritimus M Dryad 9 2 610 AC February (73, 74) 

Ursus maritimus M Dryad 8 4 402 GM February (75, 76) 

Vulpes vulpes M Dryad 8 5 257 M February (77, 78) 

Vulpes lagopus M Dryad 9 3 78 M   

Vulpes vulpes M Dryad 13 11 376 AC February (79, 80) 
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Canis lupus M Dryad 12 1 62 C February (81, 82) 

Canis lycaon M Dryad 12 1 62 GM   

Odocoileus_hemionus M Dryad 10 2 410 AC February (83, 84) 

Tamiasciurus hudsonicus M Dryad 9 12 199 AC February (85, 86) 

Tamiasciurus douglasii M Dryad 9 14 198 AC   

Lepus americanus M Dryad 8 39 853 AC February (87, 88) 

Martes americana M Dryad 12 34 653 C February (89, 90) 

Agelaius phoeniceus B Dryad 10 29 240 C February (91, 92) 

Aphelocoma californica B Dryad 13 7 493 AC February (93, 94) 

Calidris alpina B Dryad 8 30 236 C February (95, 96) 

Charadrius melodus B Dryad 8 3 220 C February (97, 98) 

Charadrius montanus B Dryad 14 7 94 C   

Charadrius nivosus B Dryad 15 4 68 C   

Charadrius vociferus B Dryad 14 2 49 C   

Laterallus jamaicensis B Dryad 15 2 336 M February (99, 100) 

Selasphorus platycercus B Dryad 8 2 58 C February (101, 102) 

Poecile hudsonicus B Dryad 6 2 260 C February (103, 104) 

Poecile atricapillus B Dryad 11 13 913 C February (105, 106) 

Poecile atricapillus B Dryad 14 32 142 C February (107, 108) 
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Setophaga caerulescens B Dryad 6 8 401 C February (109, 110) 

Sialis sialis B Dryad 12 1 73 C February (111, 112) 

Antilocapra americana M Dryad 19 4 175 GM May (113, 114) 

Bison bison M Dryad 29 1 188 GM May (115, 116) 

Odocoileus virginianus M Dryad 14 8 2069 C May (117, 118) 

Otospermophilus beecheyi M Dryad 11 64 205 AC May (119, 120) 

Ovis canadensis nelsoni M Dryad 16 3 579 P May (121, 122) 

Rangifer tarandus M Dryad 16 14 480 AC May (123, 124) 

Sylvilagus transitionalis M Dryad 10 5 157 AC May (125, 126) 

Anser albifrons B USGS 8 3 115 C May (127) 

Campylorhynchus 

brunneicapillus B Dryad 22 4 363 AC May (128, 129) 

Clangula hyemalis B USGS 12 12 109 AC May (130) 

Falco peregrinus B USGS 12 7 112 GNIS May (131) 

Junco hyemalis B Dryad 7 8 602 GM May (132, 133) 

Strix occidentalis B USGS 10 1 423 AC May (134) 

Rallus obsoletus B USGS 9 17 107 C May (135) 

Vireo atricapilla B Dryad 12 7 160 AC May (136, 137) 

Ursus americanus M Dryad 12 1 2444 AC May (138, 139) 

Lynx canadensis M Dryad 15 2 556 M May (140, 141) 
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Lynx rufus M Dryad 17 1 106 AC May (142, 143) 

Odocoileus hemionus M Dryad 18 5 135 M May (144, 145) 

Ursus americanus M Dryad 20 4 101 M, AC May (146, 147) 

Ursus arctos M Dryad 20 4 113 M, AC 
  

Lynx canadensis M Dryad 14 2 702 C February (148, 149) 

Glaucomys volans M Dryad 7 2 278 C 
  

Odocoileus hemionus M USGS 15 28 73 AC May (150) 

Anser albifrons B USGS 19 8 10 GM May (151) 

Branta canadensis B USGS 19 1 10 GM   

Branta hutchinsii B USGS 18 1 9 GM   

Chen canagica B USGS 30 1 27 GM   

Ursus americanus M Dryad 15 1 506 AC May (152, 153) 

Ursus maritimus M Dryad 24 3 78 M May (154, 155) 

Peromyscus maniculatus M Dryad 11 10 109 C May (156, 157) 

Pekania pennanti M Dryad 16 28 722 C NA (158, 159) 

Tyto alba B NA 20 4 292 M NA (160) 

Vireo atricapilla B Dryad 9 9 67 M NA (161, 162) 
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Figure S3.1. Comparison of the number of sites per species between the full dataset (n = 

554 sites; turquoise bars) and the subset of data for which we were able to estimate 

effective population size (n = 387; dark blue bars). Frog species are above the dashed 

horizontal line, salamanders below. No species were disproportionately represented in the 

effective population size data subset.
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Figure S3.2. Effects of spatial scale of analysis. We extracted continuous measures of human presence within 1, 5, 10, and 15 

km buffers around each site to test the effects of spatial scale on the relationships between genetic metrics and human 

presence. Responses to population density and Human Footprint Index (HFI) vary consistently in strength and direction 

regardless of scale, and effects of total road length at each site are more variable but generally weak at all scales.
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Figure S3.3. Coefficients for models presented in the main text reproduced including 

phylogeny as a random effect. Open circles are effect sizes, bold lines are 90% credible 

intervals, and narrow lines are 95% credible intervals. Similar effect sizes across all metrics 

suggest population genetic composition as measured here is not strongly affected by 

phylogeny. 
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Table S3.1. Model summaries for the effects of urbanization and human presence on 

population genetic composition corrected for phylogeny (shown in Figure S3.3). Four 

models were run for each response variable, three of which included a measure of human 

presence. The fourth was a null model including only spatial predictors as fixed effects if 

spatial autocorrelation was detected, otherwise was an intercept-only model. Marginal R2 

refers to the proportion of variation explained by fixed effects, and conditional R2 is the 

variation explained by both fixed and random effects. 

 

Variable Covariates Coefficient (95% CI) Marginal; Conditional R2 

effective population size    
n = 387 urban/rural 0.35 (-0.14 – 0.82) 0.01; 0.32 

 human population density 0.16 (0.03 – 0.31) 0.03; 0.33 

 Human Footprint Index 0.15 (-0.02 – 0.33) 0.02; 0.36 

 none – 0.00; 0.31  

gene diversity    
n = 554 urban/rural -0.13 (-0.88 – 0.71) 0.11; 0.74 

 human population density 0.24 (-0.05 – 0.55) 0.21; 0.76 

 Human Footprint Index 0.28 (-0.03 – 0.60) 0.18; 0.77 

 none – 0.11; 0.74 

allelic richness    
n = 554 urban/rural -0.16 (-0.52 – 0.23) 0.03; 0.59 

 human population density 0.03 (-0.09 – 0.16) 0.03; 0.59 

 Human Footprint Index 0.08 (-0.08 – 0.26) 0.04; 0.60 

 none – 0.02; 0.59 

FST    
n = 552 urban/rural -0.04 (-1.39 – 1.21) 0.15; 0.58 

 human population density -0.30 (-0.69 – 0.05) 0.19; 0.60 

 Human Footprint Index -0.46 (-0.89 – -0.04) 0.21; 0.61 

 none – 0.18; 0.56 
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Figure S3.4. Distribution of sites across continuous measures of urbanization and human 

influence. A majority of sites are located in low to moderately transformed habitats. Lighter 

bars represent the full dataset (n = 554), and dark bars are the subset of data for which we 

were able to estimate effective population sizes (n = 387). Similar distributions indicate 

that excluding sites for which we were unable to estimate effective population size likely 

did not bias our analyses. 
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Table S3.2. Data synthesis summary. Raw microsatellite data was obtained from 19 studies. Populations: the number of 

populations with >5 individuals included in analyses. Individuals: the number of individuals summed across all populations. 

Loci: average number of loci sampled across populations. Mean and standard deviations are presented for gene diversity, 

allelic richness, population-specific FST, and effective population size (Ne). 

 

 

Order Species Populations Individuals Loci Gene diversity Allelic richness FST Ne Reference 
Caudata Ambystoma barbouri 76 1601 11.00 0.78 ± 0.07 6.50 ± 1.81 0.11 ± 0.08 151.53 ± 709.71 [1,2] 
 Ambystoma maculatum 97 2407 9.16 0.69 ± 0.06 4.17 ± 0.44 0.05 ± 0.09 131.55 ± 262.17 [3–8] 
 Desmognathus fuscus 5 140 5.00 0.39 ± 0.19 2.62 ± 0.85 0.40 ± 0.29 142.70 ± 0.00 [9,10] 
 Dicamptodon aterrimus 3 361 9.00 0.48 ± 0.04 2.67 ± 0.27 0.22 ± 0.08 3.67 ± 2.84 [11,12] 
 Dicamptodon copei 29 737 11.00 0.69 ± 0.13 4.98 ± 0.13 0.16 ± 0.15 583.46 ± 1752.00 [13,14] 
 Ensatina eschscholtzii 4 47 10.00 0.80 ± 0.04 7.72 ± 1.35 0.09 ± 0.01 54.40 ± 0.00 [15,16] 
 Hydromantes brunus 6 64 10.00 0.52 ± 0.08 3.52 ± 0.66 0.22 ± 0.12 81.57 ± 65.59 [17,18] 
 Hydromantes platycephalus 15 195 10.00 0.44 ± 0.11 2.79 ± 0.16 0.48 ± 0.14 19.29 ± 19.20 [17,18] 
 Plethodon albagula 21 343 20.00 0.48 ± 0.02 3.04 ± 0.09 0.02 ± 0.05 107.78 ± 105.99 [19,20] 
 Plethodon cinereus 1 122 7.00 0.60 ± 0.00 3.51 ± 0.00 NA NA [21,22] 
 Taricha granulosa 9 156 6.00 0.40 ± 0.15 2.64 ± 0.78 0.16 ± 0.24 20.07 ± 18.17 [23,24] 
Anura Ascaphus montanus 100 1968 13.00 0.74 ± 0.10 7.17 ± 2.26 0.07 ± 0.08 334.32 ± 701.47 [25,26] 
 Lithobates pipiens 5 185 9.00 0.86 ± 0.02 6.58 ± 0.02 0.06 ± 0.02 81.00 ± 51.14 [27,28] 
 Lithobates sylvaticus 90 2123 10.57 0.80 ± 0.04 6.18 ± 1.67 0.03 ± 0.04 169.63 ± 459.80 [3,4,7,8,29,30] 
 Pseudacris crucifer 11 418 11.00 0.75 ± 0.05 4.96 ± 0.43 0.08 ± 0.04 878.17 ± 1197.22 [31,32] 
 Pseudacris streckeri 17 181 14.00 0.59 ± 0.09 3.60 ± 0.80 0.15 ± 0.12 19.90 ± 24.10 [33,34] 
 Rana draytonii 17 298 15.00 0.51 ± 0.11 2.95 ± 0.58 0.26 ± 0.16 55.06 ± 60.00 [35,36] 
 Rana luteiventris 25 924 8.00 0.55 ± 0.08 3.43 ± 0.61 0.19 ± 0.15 22.78 ± 59.14 [37–40] 
 Rana pretiosa 23 1410 10.39 0.32 ± 0.12 2.12 ± 0.47 0.38 ± 0.18 23.18 ± 20.60 [27,28,37,38] 
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Figure S4.1. 

Model results for the percent of residents identifying as white within 1 and 5 km of a 

sample site. Results within 0.5 km of a site (main text) are shown for comparison. 

Coefficient estimates (open circles) are given with 90% (narrow lines) and 95% (thick 

lines) credible intervals. Effects of neighborhood racial composition hold across all tested 

scales. 
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Table S4.1. 

Amount of variation in genetic composition explained by fixed and random effects, shown 

for models including either racial segregation (neighborhood racial composition), the 

Human Footprint Index, or both, as covariates. Marginal R2 (R2m) is the proportion of 

variation explained by fixed effects, and conditional R2 (R2c) is that explained by fixed and 

random effects. 

 
Variable Covariate R2

m; R2
c 

allelic richness Racial segregation (% white residents, 0.5 km) 0.01; 0.82 

n = 202 sites Human Footprint Index 0.01; 0.82 

 both 0.00; 0.82 

gene diversity Racial segregation (% white residents, 0.5 km) 0.00; 0.90 

n = 202 sites Human Footprint Index 0.01; 0.91 

 both 0.02; 0.90 

effective population size Racial segregation (% white residents, 0.5 km) 0.03; 0.34 

n = 202 sites Human Footprint Index 0.03; 0.36 

 both 0.05; 0.37 

FST Racial segregation (% white residents, 0.5 km) 0.01; 0.66 

n = 198 sites Human Footprint Index 0.02; 0.69 

 both 0.04; 0.69 
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Table S4.2. Data summary. List of classes, species, and the number of populations sampled within each species. Number of 

individuals are summed across all populations; loci is the mean number of loci used across studies. Species means and 

standard deviations (mean ± SD) are given for gene diversity, allelic richness, effective population size (Ne), and population-

specific FST. 

 

Class Species Populations Individuals Loci 

Gene 

diversity 

Allelic 

richness Ne FST 

amphibian Ambystoma barbouri 3 63 11.00 0.69 ± 0.03 5.91 ± 1.88 59.87 ± 31.10 0.21 ± 0.03 

amphibian Ambystoma maculatum 9 257 13.22 0.67 ± 0.02 4.2 ± 0.24 326.07 ± 623.47 0.05 ± 0.03 

amphibian Desmognathus fuscus 1 22 5.00 0.43 2.80 142.70 0.35 

amphibian Lithobates sylvaticus 10 223 14.10 0.81 ± 0.03 6.06 ± 0.22 116.72 ± 94.42 0.03 ± 0.02 

amphibian Rana draytonii 1 10 15.00 0.41 2.53 13.90 0.39 

amphibian Rana luteiventris 3 46 8.00 0.49 ± 0.12 3.07 ± 0.75 8.2 ± 3.75 0.27 ± 0.17 

amphibian Taricha granulosa 1 20 6.00 0.77 4.65 38.70 -0.39 

bird Agelaius phoeniceus 2 53 10.00 0.85 ± 0.02 6.44 ± 0.32 55.35 ± 17.75 0.02 ± 0.02 

bird Aphelocoma californica 6 111 13.00 0.7 ± 0.02 4.79 ± 0.11 74.8 ± 72.85 0.03 ± 0.01 

bird Campylorhynchus brunneicapillus 11 347 15.00 0.61 ± 0.04 5.14 ± 0.26 30.79 ± 23.00 0.05 ± 0.02 

bird Charadrius melodus 2 93 8.00 0.33 ± 0.10 1.92 ± 0.2 23.95 ± 16.19 0.12 ± 0.28 

bird Laterallus jamaicensis 1 123 15.00 0.71 4.35 1027.20 0.00 

bird Poecile atricapillus 5 89 11.00 0.68 ± 0.04 6.08 ± 1.63 208.6 ± 324.27 0.04 ± 0.05 
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bird Rallus obsoletus 5 80 9.00 0.46 ± 0.02 2.77 ± 0.15 24.56 ± 32.18 0.05 ± 0.04 

bird Selasphorus platycercus 1 8 8.00 0.59 4.22 17.80 0.03 

bird Sialia sialis 3 49 12.00 0.69 ± 0.02 4.48 ± 0.06 68.33 ± 4.50 0.01 ± 0.00 

bird Strix occidentalis 1 39 10.00 0.73 4.23 139.00 0.02 

bird Tyto alba 6 154 20.00 0.5 ± 0.01 3.21 ± 0.07 133.28 ± 108.12 0.02 ± 0.02 

bird Vireo atricapilla 1 34 9.00 0.77 5.03 35.90 0.01 

mammal Canis latrans 20 180 9.95 0.77 ± 0.03 5.76 ± 0.91 51.19 ± 83.06 0.03 ± 0.03 

mammal Cervus elaphus nannodes 1 21 20.00 0.39 2.03 40.00 0.08 

mammal Leopardus pardalis 1 28 10.00 0.58 2.98 8.40 -0.02 

mammal Lepus americanus 4 154 8.00 0.65 ± 0.11 4.67 ± 0.70 67.2 ± 30.34 0.17 ± 0.13 

mammal Lynx rufus 20 957 13.95 0.71 ± 0.05 4.23 ± 0.42 213.78 ± 399.37 0.06 ± 0.05 

mammal Odocoileus hemionus 10 506 10.50 0.63 ± 0.05 3.7 ± 0.35 144.98 ± 185.49 0.08 ± 0.04 

mammal Odocoileus virginianus 33 1126 14.00 0.81 ± 0.02 5.55 ± 0.13 6309.87 ± 34696.13 0.01 ± 0.01 

mammal Otospermophilus beecheyi 1 40 11.00 0.72 4.81 37.80 0.15 

mammal Pekania pennanti 1 22 16.00 0.61 3.37 25.10 0.09 

mammal Peromyscus leucopus 20 362 15.20 0.81 ± 0.03 5.64 ± 0.46 35.33 ± 46.07 0.08 ± 0.03 

mammal Peromyscus maniculatus 1 31 10.00 0.80 5.38 15.10 NA 

mammal Puma concolor 8 448 37.00 0.45 ± 0.07 2.51 ± 0.38 30.74 ± 31.34 0.21 ± 0.14 

mammal Sylvilagus transitionalis 2 151 10.00 0.47 ± 0.00 2.58 ± 0.08 17.7 ± 19.94 0.07 ± 0.00 

mammal Tamiasciurus douglasii 1 18 9.00 0.66 3.91 106.60 0.03 
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mammal Taxidea taxus 3 369 14.67 0.74 ± 0.07 4.42 ± 0.73 158.77 ± 191.75 0.13 ± 0.01 

mammal Ursus americanus 7 142 15.00 0.64 ± 0.13 3.78 ± 0.92 95.61 ± 105.79 0.22 ± 0.13 

mammal Vulpes vulpes 11 364 13.00 0.63 ± 0.04 3.67 ± 0.33 15.81 ± 11.04 0.1 ± 0.07 

reptile Chrysemys picta 2 56 11.00 0.75 ± 0.02 5.81 ± 0.03 107.7 ± 88.67 0.04 ± 0.00 

reptile Gopherus polyphemus 6 224 20.00 0.61 ± 0.03 3.75 ± 0.10 78.87 ± 67.29 0.17 ± 0.04 

reptile Uma inornata 2 52 11.00 0.58 ± 0.07 3.64 ± 0.01 95 ± 117.80 0.01 ± 0.05 
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Table S4.3. References for newly acquired raw microsatellite datasets. References for 

other mammal and bird datasets can be found in Appendix S2, and for amphibians in 

Appendix S3. 

 

Class Species Search date References 

reptile Chrysemys picta Feb-19 (B. N. Reid et al., 2019; Brendan N. Reid et al., 2018) 

reptile Gopherus polyphemus Feb-19 

(D. Gaillard et al., 2017; Daniel Gaillard et al., 2017; White, 

Rothermel, Zamudio, & Tuberville, 2018b, 2018a; Yuan, Dean, 

Longo Berrios, et al., 2015; Yuan, Dean, Longo, et al., 2015) 

reptile Uma inornata Feb-19 (Vandergast et al., 2016a, 2016b) 

mammal Cynomys leucurus Nov-20 (Hoogland, Trott, & Keller, 2019b, 2019a) 

mammal Dipodomys ingens Nov-20 (Statham, Bean, Alexander, Westphal, & Sacks, 2019b, 2019a) 

mammal Myotis lucifugus Nov-20 (C. L. Lausen et al., 2019; C. Lausen et al., 2018) 

mammal Myotis septentrionalis Nov-20 (C. L. Lausen et al., 2019; C. Lausen et al., 2018) 

mammal Myotis thysanodes Nov-20 (C. L. Lausen et al., 2019; C. Lausen et al., 2018) 

mammal Canis latrans Nov-20 

DeCandia, Murphy(DeCandia, Henger, Krause, Gormezano, 

Weckel, Nagy, Munshi-South, & Vonholdt, 2019; DeCandia, 

Henger, Krause, Gormezano, Weckel, Nagy, Munshi-South, & 

VonHoldt, 2019; Murphy, Adams, Cox, & Waits, 2018, 2019) 

mammal Martes americana Nov-20 

(Manlick, Romanksi, & Pauli, 2019; Manlick, Romanski, & 

Pauli, 2018) 

mammal Taxidea taxus Nov-20 (Ford, Weir, Lewis, Larsen, & Russello, 2019, 2020) 

mammal Vulpes vulpes Nov-20 (Quinn, Alden, & Sacks, 2019b, 2019a) 
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Table S4.4. Raw search results for reptile and additional mammal datasets performed in February 2019 and November 2020, 

respectively. Reason for exclusion is NA if study met inclusion criteria.  

 

Class Search Date Reason for exclusion URL 

reptile February 2019 outside North America http://dx.doi.org/10.5061/dryad.6r7qn?ver=2017-07-19T10:01:44.901-04:00 

reptile February 2019 duplicate http://dx.doi.org/10.5061/dryad.6r7qn?ver=2017-08-16T11:46:06.333-04:00 

reptile February 2019 outside North America http://dx.doi.org/10.5061/dryad.pp6bm/9?ver=2015-07-24T12:53:55.745-04:00 

reptile February 2019 duplicate http://dx.doi.org/10.5061/dryad.pp6bm/13?ver=2015-06-03T17:09:06.080-04:00 

reptile February 2019 duplicate http://dx.doi.org/10.5061/dryad.pp6bm/10?ver=2015-06-03T17:05:53.305-04:00 

reptile February 2019 duplicate http://dx.doi.org/10.5061/dryad.pp6bm/11?ver=2015-06-03T17:06:56.070-04:00 

reptile February 2019 outside North America http://dx.doi.org/10.5061/dryad.4gb62?ver=2016-04-05T20:17:58.764-04:00 

reptile February 2019 outside North America http://dx.doi.org/10.5061/dryad.1tv72?ver=2017-02-13T11:11:53.277-05:00 

reptile February 2019 duplicate http://dx.doi.org/10.5061/dryad.1tv72?ver=2017-03-10T11:14:04.837-05:00 

reptile February 2019 outside North America http://dx.doi.org/10.5061/dryad.32h8t/1?ver=2015-10-01T17:00:02.499-04:00 

reptile February 2019 outside North America http://dx.doi.org/10.5061/dryad.3780c/1?ver=2016-05-06T14:07:01.196-04:00 

reptile February 2019 duplicate http://dx.doi.org/10.5061/dryad.1tv72/1?ver=2017-03-10T11:14:09.117-05:00 

reptile February 2019 NA https://doi.org/10.5061/dryad.cc6r3?ver=2017-11-08T08:18:53.221-05:00 

reptile February 2019 duplicate https://doi.org/10.5061/dryad.cc6r3/1?ver=2017-11-08T08:18:55.630-05:00 

reptile February 2019 NA http://dx.doi.org/10.5061/dryad.30t5b/1?ver=2015-11-19T12:07:35.851-05:00 

reptile February 2019 SNP http://dx.doi.org/10.5061/dryad.8br5c?ver=2016-11-29T11:42:36.904-05:00 
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reptile February 2019 duplicate http://dx.doi.org/10.5061/dryad.30t5b?ver=2016-03-03T10:39:21.500-05:00 

reptile February 2019 island http://dx.doi.org/10.5061/dryad.6c7p5/1?ver=2016-11-23T11:51:06.881-05:00 

reptile February 2019 duplicate http://dx.doi.org/10.5061/dryad.6c7p5?ver=2016-11-23T11:50:57.890-05:00 

reptile February 2019 marine species http://dx.doi.org/10.5061/dryad.q1kf0/2?ver=2014-10-14T14:13:13.498-04:00 

reptile February 2019 duplicate http://dx.doi.org/10.5061/dryad.q1kf0/1?ver=2014-10-14T14:13:12.459-04:00 

reptile February 2019 marine species http://dx.doi.org/10.5061/dryad.7dk0m36r/1?ver=2013-05-16T02:30:08.080-04:00 

reptile February 2019 outside North America https://doi.org/10.5061/dryad.7db01?ver=2018-05-22T14:04:14.702+00:00 

reptile February 2019 duplicate http://dx.doi.org/10.5061/dryad.q1kf0?ver=2014-10-14T14:13:12.507-04:00 

reptile February 2019 duplicate https://doi.org/10.5061/dryad.7db01/2?ver=2018-04-23T16:35:58.186+00:00 

reptile February 2019 duplicate https://doi.org/10.5061/dryad.7db01/3?ver=2018-04-23T16:35:58.616+00:00 

reptile February 2019 outside North America http://dx.doi.org/10.5061/dryad.mb2sf?ver=2014-04-09T16:58:42.922-04:00 

reptile February 2019 outside North America https://doi.org/10.5061/dryad.d3kk74r?ver=2018-08-13T13:06:33.980+00:00 

reptile February 2019 outside North America http://dx.doi.org/10.5061/dryad.t5952?ver=2012-10-02T11:02:41.091-04:00 

reptile February 2019 outside North America http://dx.doi.org/10.5061/dryad.6k2qm/1?ver=2015-04-16T12:43:02.465-04:00 

reptile February 2019 outside North America http://dx.doi.org/10.5061/dryad.048kf?ver=2016-08-31T17:30:53.860-04:00 

reptile February 2019 NA http://dx.doi.org/10.5061/dryad.77rf2/2?ver=2014-06-06T17:18:52.451-04:00 

reptile February 2019 duplicate http://dx.doi.org/10.5061/dryad.77rf2/1?ver=2014-06-06T17:18:45.299-04:00 

reptile February 2019 NA http://dx.doi.org/10.5061/dryad.t0j7s/1?ver=2013-05-21T10:58:46.161-04:00 

reptile February 2019 wrong taxa http://dx.doi.org/10.5061/dryad.rb7h0/3?ver=2016-06-16T11:55:54.677-04:00 

reptile February 2019 duplicate http://dx.doi.org/10.5061/dryad.rb7h0/2?ver=2016-06-16T11:55:51.774-04:00 



234 

 

 

 

reptile February 2019 genetic restoration http://dx.doi.org/10.5061/dryad.ps736/1?ver=2013-07-11T12:11:02.666-04:00 

reptile February 2019 SNP http://dx.doi.org/10.5061/dryad.p6m94/4?ver=2016-06-08T09:53:41.409-04:00 

reptile February 2019 duplicate http://dx.doi.org/10.5061/dryad.p6m94/5?ver=2016-06-08T09:53:47.011-04:00 

reptile February 2019 SNP https://doi.org/10.5061/dryad.k7k4m/3?ver=2018-05-03T12:50:08.216+00:00 

reptile February 2019 NA http://dx.doi.org/10.5061/dryad.50070?ver=2014-02-11T10:57:33.277-05:00 

reptile February 2019 SNP http://dx.doi.org/10.5061/dryad.19gp1?ver=2017-01-26T10:46:46.236-05:00 

reptile February 2019 wrong taxa http://dx.doi.org/10.5061/dryad.j7260?ver=2014-02-14T15:12:14.172-05:00 

reptile February 2019 wrong taxa http://dx.doi.org/10.5061/dryad.c62gg/1?ver=2013-12-18T15:34:27.101-05:00 

reptile February 2019 duplicate http://dx.doi.org/10.5061/dryad.c62gg/2?ver=2013-12-18T15:35:14.414-05:00 

reptile February 2019 duplicate http://dx.doi.org/10.5061/dryad.c62gg/3?ver=2013-12-18T15:35:58.876-05:00 

reptile February 2019 hybrid zone http://dx.doi.org/10.5061/dryad.14811?ver=2016-11-17T10:31:59.918-05:00 

reptile February 2019 wrong taxa http://dx.doi.org/10.5061/dryad.6mt23?ver=2015-06-03T09:35:09.158-04:00 

reptile February 2019 NA http://dx.doi.org/10.5061/dryad.v22n5/1?ver=2014-07-29T02:30:04.181-04:00 

reptile February 2019 no coordinates http://dx.doi.org/10.5061/dryad.s6f76?ver=2016-05-18T16:29:09.831-04:00 

reptile February 2019 outside North America http://dx.doi.org/10.5061/dryad.ct849?ver=2016-01-04T11:46:03.357-05:00 

reptile February 2019 outside North America http://dx.doi.org/10.5061/dryad.rq430/1?ver=2014-02-04T02:30:10.986-05:00 

reptile February 2019 duplicate http://dx.doi.org/10.5061/dryad.rq430?ver=2014-02-04T02:30:11.019-05:00 

reptile February 2019 outside North America http://dx.doi.org/10.5061/dryad.6697t?ver=2017-08-10T14:53:05.430-04:00 

reptile February 2019 duplicate http://dx.doi.org/10.5061/dryad.ct849/1?ver=2015-11-25T09:18:46.004-05:00 

reptile February 2019 non-neutral http://dx.doi.org/10.5061/dryad.7ck13/5?ver=2017-04-13T10:58:03.807-04:00 
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reptile February 2019 duplicate http://dx.doi.org/10.5061/dryad.7ck13/6?ver=2017-04-13T10:58:09.420-04:00 

reptile February 2019 no microsatellite data http://dx.doi.org/10.5061/dryad.40c7c/2?ver=2016-08-02T16:54:46.211-04:00 

reptile February 2019 duplicate http://dx.doi.org/10.5061/dryad.40c7c/1?ver=2016-08-02T16:54:44.683-04:00 

reptile February 2019 NA http://dx.doi.org/10.5061/dryad.nk064/1?ver=2017-07-28T10:33:28.805-04:00 

reptile February 2019 NA https://doi.org/10.5061/dryad.31bc37q?ver=2018-08-06T12:14:39.063+00:00 

reptile February 2019 duplicate http://dx.doi.org/10.5061/dryad.7ck13?ver=2017-06-27T23:15:03.209-04:00 

reptile February 2019 duplicate http://dx.doi.org/10.5061/dryad.nk064/2?ver=2017-07-28T10:33:31.619-04:00 

reptile February 2019 duplicate https://doi.org/10.5061/dryad.31bc37q/1?ver=2018-07-30T21:50:40.332+00:00 

reptile February 2019 NA http://dx.doi.org/10.5061/dryad.54bm8/2?ver=2015-03-31T21:34:30.861-04:00 

reptile February 2019 duplicate http://dx.doi.org/10.5061/dryad.40c7c?ver=2017-05-15T20:31:23.849-04:00 

reptile February 2019 mtDNA http://dx.doi.org/10.5061/dryad.4hs71t6t?ver=2012-06-26T10:59:57.747-04:00 

reptile February 2019 duplicate http://dx.doi.org/10.5061/dryad.nk064?ver=2017-08-24T08:15:25.367-04:00 

reptile February 2019 wrong taxa http://dx.doi.org/10.5061/dryad.3c212?ver=2016-03-18T15:59:30.598-04:00 

reptile February 2019 NA https://doi.org/10.5061/dryad.8rb35rj?ver=2018-07-24T18:11:49.412+00:00 

reptile February 2019 parentage analysis https://doi.org/10.5061/dryad.121sk?ver=2017-10-26T13:32:16.379-04:00 

reptile February 2019 duplicate https://doi.org/10.5061/dryad.121sk/1?ver=2017-10-26T13:32:18.977-04:00 

reptile February 2019 marine species https://doi.org/10.5061/dryad.q2kf0?ver=2018-01-29T09:54:13.769-05:00 

reptile February 2019 NA http://dx.doi.org/10.5061/dryad.p5c04?ver=2016-08-31T17:27:54.752-04:00 

reptile February 2019 duplicate http://dx.doi.org/10.5061/dryad.p5c04/1?ver=2017-01-06T15:45:11.178-05:00 

mammal November 2020 NA https://datadryad.org/stash/dataset/doi:10.5061/dryad.jn365c2 
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mammal November 2020 already included https://datadryad.org/stash/dataset/doi:10.5061/dryad.qn4kq 

mammal November 2020 NA https://datadryad.org/stash/dataset/doi:10.5061/dryad.5jh21k3 

mammal November 2020 outside North America https://datadryad.org/stash/dataset/doi:10.5061/dryad.dk73qp7 

mammal November 2020 outside North America https://datadryad.org/stash/dataset/doi:10.5061/dryad.nvx0k6dqm 

mammal November 2020 outside North America https://datadryad.org/stash/dataset/doi:10.5061/dryad.th71ss0 

mammal November 2020 already included https://datadryad.org/stash/dataset/doi:10.5061/dryad.s04h8 

mammal November 2020 NA https://datadryad.org/stash/dataset/doi:10.5061/dryad.h9b3d30 

mammal November 2020 already included https://datadryad.org/stash/dataset/doi:10.5061/dryad.h7n25 

mammal November 2020 duplicate https://datadryad.org/stash/dataset/doi:10.5061/dryad.h9b3d30 

mammal November 2020 samples not from populations https://datadryad.org/stash/dataset/doi:10.5061/dryad.9nb07pr 

mammal November 2020 duplicate https://datadryad.org/stash/dataset/doi:10.5061/dryad.5b2k6 

mammal November 2020 data too sparse https://datadryad.org/stash/dataset/doi:10.5061/dryad.t77f1p4 

mammal November 2020 NA https://datadryad.org/stash/dataset/doi:10.5061/dryad.j76c4k4 

mammal November 2020 outside North America https://datadryad.org/stash/dataset/doi:10.5061/dryad.xwdbrv195 

mammal November 2020 NA https://datadryad.org/stash/dataset/doi:10.5061/dryad.c0282c8 

mammal November 2020 outside North America https://datadryad.org/stash/dataset/doi:10.5061/dryad.17r39p2 

mammal November 2020 already included https://datadryad.org/stash/dataset/doi:10.5061/dryad.p2ngf1vp0 

mammal November 2020 duplicate https://datadryad.org/stash/dataset/doi:10.5061/dryad.qn4kq 

mammal November 2020 NA https://datadryad.org/stash/dataset/doi:10.5061/dryad.5k8q374 

mammal November 2020 already included https://datadryad.org/stash/dataset/doi:10.5061/dryad.8ff46 
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mammal November 2020 already included https://datadryad.org/stash/dataset/doi:10.5061/dryad.bj7r3 

mammal November 2020 outside North America https://datadryad.org/stash/dataset/doi:10.5061/dryad.vr61ks2 

mammal November 2020 outside North America https://datadryad.org/stash/dataset/doi:10.5061/dryad.dv41ns1ts 

mammal November 2020 outside North America https://datadryad.org/stash/dataset/doi:10.5061/dryad.54p37 

mammal November 2020 NA https://datadryad.org/stash/dataset/doi:10.5061/dryad.46c39p1 

mammal November 2020 already included https://datadryad.org/stash/dataset/doi:10.5061/dryad.f81c5 

mammal November 2020 SNP https://datadryad.org/stash/dataset/doi:10.5061/dryad.gb5mkkwkw 

mammal November 2020 duplicate https://datadryad.org/stash/dataset/doi:10.5061/dryad.qn4kq 

mammal November 2020 data too sparse https://datadryad.org/stash/dataset/doi:10.5061/dryad.m58q16m 

mammal November 2020 non-neutral https://datadryad.org/stash/dataset/doi:10.5061/dryad.rr4xgxd55 

mammal November 2020 NA https://datadryad.org/stash/dataset/doi:10.5061/dryad.cj3v894 

mammal November 2020 outside North America https://datadryad.org/stash/dataset/doi:10.5061/dryad.c6t0470 

mammal November 2020 non-urban populations https://datadryad.org/stash/dataset/doi:10.5061/dryad.8931zcrmb 

mammal November 2020 outside North America https://datadryad.org/stash/dataset/doi:10.5061/dryad.43j74d0 

mammal November 2020 non-urban populations https://datadryad.org/stash/dataset/doi:10.5061/dryad.7k2g187 

mammal November 2020 already included https://datadryad.org/stash/dataset/doi:10.5061/dryad.n8v973b 
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Supplementary Information 5 

Genetic and species-level biodiversity patterns are linked by demography and 

ecological opportunity 

 

Contents 
Figures S5.1-5.3 
Tables S5.1-5.2 
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Figure S5.1. Plot of gene diversity vs. sample size. Gene diversity as a metric of genetic 

diversity depends on allele frequencies and is minimally affected by sample size. Larger 

populations have more rare alleles, which contribute little to gene diversity.  
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Figure S5.2. Variation partitioning results. This graph shows the proportion of variation in 

genetic diversity and species richness which can be explained by spatial factors, 

determined using Moran’s eigenvector maps (MEMs). Spatial variation is further broken 

down into shared and non-shared spatial variation. Shared spatial variation is variation in 

genetic diversity and species richness explained by shared MEMs; non-shared variation is 

the remaining fraction of spatial variation not accounted for by shared MEMs.   
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Figure S5.3. Correlation coefficients for spatial patterns (MEMs) and environmental 

variables measured at the site level: potential evapotranspiration (PET), elevation, and 

human population density. MEMs describe spatial patterns in genetic diversity, species 

richness, or both (shared spatial patterns). MEMs are ordered from broad (MEM1) to fine 

scale (MEM194) patterns. Strong correlations indicate that environmental variables 

included in structural equation models account for broad scale spatial patterns present in 

genetic diversity and species richness.  
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Table S5.1. Path coefficients and standard errors for SEM model (Fisher’s C = 2.92, p = 

0.23, 2 degrees of freedom). 

 Response Predictor Estimate ± SE 

genetic diversity human population density -0.07 ± 0.02 

genetic diversity mass -0.55 ± 0.13 

genetic diversity heterogeneity -0.30 ± 0.07 

mass PET -0.23 ± 0.03 

mass heterogeneity 0.14 ± 0.03 

mass human population density -0.15 ± 0.03 

species richness mass -0.09 ± 0.01 

species richness heterogeneity 0.70 ± 0.01 

species richness human population density -0.05 ± 0.01 

species richness PET 0.44 ± 0.01 

species richness genetic diversity -0.12 ± 0.01 
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Table S5.2. Summary of genetic data included in analyses. Number of populations, mean 

number of loci, mean number of individuals per population, and the total number of 

individuals summed across populations are given per species. 

Species Populations Mean loci Mean individuals Total individuals 

Alces alces 2 10 44.5 89 

Antilocapra americana 1 19 175 175 

Bison bison 8 29 23 184 

Canis latrans 41 10 7.39 303 

Canis lupus 1 12 62 62 

Glaucomys volans 8 7 34.75 278 

Lasionycteris noctivagans 1 18 87 87 

Lasiurus cinereus 1 19 132 132 

Leopardus pardalis 2 10 35 70 

Lepus americanus 39 8 21.87 853 

Lynx canadensis 33 14.15 38.12 1258 

Lynx rufus 65 14.37 33.97 2208 

Martes americana 29 12 22.52 653 

Mephitis mephitis 1 9 345 345 

Microdipodops megacephalus 3 11 60 180 

Microdipodops pallidus 2 10 52.5 105 

Myotis lucifugus 65 9.2 47.68 3099 

Myotis septentrionalis 15 5 59.73 896 

Odocoileus hemionus 67 10.55 34.81 2332 

Odocoileus virginianus 64 14 32.33 2069 

Oreamnos americanus 1 22 102 102 

Otospermophilus beecheyi 3 11 68.33 205 

Ovis canadensis 16 40.12 66.94 1071 

Pekania pennanti 34 16 21.24 722 

Peromyscus leucopus 36 13.19 21.53 775 

Peromyscus maniculatus 10 10.9 13.6 136 

Procyon lotor 1 10 330 330 

Puma concolor 13 33.62 150.46 1956 

Rangifer tarandus 82 16.96 32.16 2637 

Sylvilagus transitionalis 3 10 52.33 157 

Tamiasciurus douglasii 14 9 13.29 186 

Tamiasciurus hudsonicus 12 9 15.67 188 

Taxidea taxus 12 17.33 115.5 1386 

Ursus americanus 43 15 83.72 3600 

Ursus arctos 19 9.89 88.05 1673 

Ursus maritimus 35 15.09 104 3640 

Vulpes lagopus 3 9 26 78 

Vulpes vulpes 16 11.44 38.81 621 
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Supplementary Information 6 

Determinants of genetic diversity and species richness of North American 
amphibians  

Contents: 

Figures S6.1-6.3 

Tables S6.1-6.3  
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Figure S6.1. Variation partitioning results. Shared spatial patterns (MEMs) explain a 

substantial proportion of variation in genetic diversity and none in species richness. 
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Figure S6.2. Range areas (km2) for sampled species. The largest ranges belong to 

generalist frogs: wood frogs (Lithobates sylvaticus), northern leopard frogs (L. pipiens), and 

spring peepers (Pseudacris crucifer).  
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Figure S6.3. Spatial patterns (MEMs) are correlated with environments: actual 

evapotranspiration (AET), site elevation, and potential evapotranspiration (PET). MEMs 

that uniquely describe spatial patterns in species richness are more strongly correlated 

with environmental variables than shared patterns or patterns in genetic diversity. MEMs 

on the x-axis are ordered from broad to increasingly fine spatial scales. 
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Table S6.1. Path coefficients and standard errors for SEM model with orders combined 

(Fisher’s C = 3.56, p = 0.47, 4 degrees of freedom). 

Response Predictor Estimate ± SE 

gene diversity body size -0.04 ± 0.21 

gene diversity elevation range -0.40 ± 0.24 

body size elevation range 0.01 ± 0.04 

body size AET mean 0.72 ± 0.03 

body size PET mean -0.23 ± 0.04 

species richness body size -0.04 ± 0.03 

species richness elevation range 0.82 ± 0.03 

species richness AET mean 0.71 ± 0.03 

species richness PET mean -0.15 ± 0.03 

species richness gene diversity 0.13 ± 0.03 
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Table S6.2. Overall model statistics, path coefficients, and standard errors for SEM model 

in frogs and salamanders. 

 Response Predictor Estimate ± SE 

Frogs gene diversity body size 0.07 ± 0.17 

Fisher’s C = 2.46 gene diversity elevation range -0.77 ± 0.28 

p = 0.65 body size AET mean -0.44 ± 0.07 

4 degrees of freedom body size PET mean 0.14 ± 0.09 

n = 288 body size elevation range -0.24 ± 0.08 

 species richness body size 0.43 ± 0.03 

 species richness elevation range 0.59 ± 0.04 

 species richness AET mean 0.45 ± 0.04 

 species richness PET mean 0.03 ± 0.04 

 species richness gene diversity -0.22 ± 0.04 

    

Salamanders gene diversity body size 0.09 ± 0.23 

Fisher’s C = 2.05 gene diversity elevation range 0.02 ± 0.41 

p = 0.73 body size AET mean -0.44 ± 0.03 

4 degrees of freedom body size PET mean -0.60 ± 0.03 

n = 260 body size elevation range -0.76 ± 0.03 

 species richness body size 0.07 ± 0.03 

 species richness elevation range 1.16 ± 0.03 

 species richness AET mean 0.62 ± 0.03 

 species richness PET mean 0.13 ± 0.02 

 species richness gene diversity 0.19 ± 0.02 
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Table S6.3. Data summary. The dataset included 8 frog species (Anura) and 10 salamander 

species (Caudata). Sites = the number of sites where genetic data was sampled; loci = the 

mean number of microsatellite loci sampled; individuals per site = mean number of 

individuals sampled; total individuals = the total number of sampled individuals summed 

across all sites. 

Order Species Sites loci Individuals per site  Total individuals 

Anura Ascaphus montanus 100 13.00 19.68 1968 

 Lithobates pipiens 5 9.00 37.00 185 

 Lithobates sylvaticus 90 10.57 23.59 2123 

 Pseudacris crucifer 11 11.00 38.00 418 

 Pseudacris streckeri 17 14.00 10.65 181 

 Rana draytonii 17 15.00 17.53 298 

 Rana luteiventris 25 8.00 36.96 924 

 Rana pretiosa 23 10.39 61.30 1410 

Caudata Ambystoma barbouri 76 11.00 21.07 1601 

 Ambystoma maculatum 97 9.16 24.81 2407 

 Desmognathus fuscus 5 5.00 28.00 140 

 Dicamptodon aterrimus 3 9.00 120.33 361 

 Dicamptodon copei 29 11.00 25.41 737 

 Ensatina eschscholtzii 4 10.00 11.75 47 

 

Hydromantes 
platycephalus 15 10.00 13.00 195 

 Plethodon albagula 21 20.00 16.33 343 

 Plethodon cinereus 1 7.00 122.00 122 

 Taricha granulosa 9 6.00 17.33 156 
 

 


