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ABSTRACT

The current technigues used to assess aquatic invertebrate community
status in the field are typically labour and time intensive, and therefore the
development and implementation of new rapid and cost-effective methodologies
is warranted. A proposed option is the enzymatic assay to detect and quantify
the rate of production of the molting enzyme chitobiase, which can be used for
determining impacts on freshwater aquatic systems. Two case studies were
performed at: 1) The Prairie Wetland Research Facility at the University of
Manitoba, to determine if a relation exists between measures of chitobiase and
aguatic invertebrate biomass in a mesocosm setting, as well as to determine if
changes in chitobiase activity could detect impacts to aquatic invertebrate
communities from sulfamethoxazole and diluted bitumen and; 2) in the Elk River
Valley region of British Columbia, to determine if a positive relationship exists
between the rate of chitobiase production and benthic invertebrate biomass in
lotic freshwater systems. No significant relationship was observed between the
chitobiase measures and invertebrate biomass measures, and no effects of the
stressors were detected in the first study. A significant positive relationship was
observed between the rate of chitobiase production and benthic invertebrate
biomass in the second study. It is recommended that additional studies be
performed to further assess the potential of chitobiase activity to be used in an

environmental monitoring context.
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CHAPTER 1. GENERAL INTRODUCTION

The assessment of benthic invertebrate communities is an important
consideration when evaluating the impacts of environmental contaminants on
aguatic ecosystems, due to their functionally important role in aquatic
ecosystems (Wilson 1992; Palmer 1997; Postel and Carpenter 1997; Freckman
et al., 2019). The diversity and ecological roles of freshwater benthic species
influence the many processes in freshwater ecosystems (Palmer 1997).
Generally, species richness and functional significance of benthic invertebrates
go largely unnoticed until unexpected or adverse changes occur in ecosystems
(Covich et al. 1999). Benthic invertebrates contribute to secondary production,
cycling of nutrients, accelerating detrital decomposition, and act as a food source
for other invertebrates and fish, and therefore their protection is essential to
maintain the structure and function of an aquatic ecological system. They are
also widely acknowledged indicator of ecosystem health and are one of the
elements that reflect biological quality (e.g., water and sediment quality) and
ecological status (assessment of the quality of the structure and functioning of an
ecosystem) (Bunzel et al. 2013). This is due to their range of biological traits
(e.g., body shape, locomotion, and lifespan), their relative longevity, and well-
established responses to different stressors (Reish 1959; Diaz et al. 2004; Pinto
et al. 2009). Recent legislative frameworks assessing the status of the aquatic
environment such as the Clean Water Act in the United States and in the

European Union Water Framework Directive, have emphasized the significance



of the health of benthic communities as they reflect the overall health of the
ecosystem (Villnds and Norkko, 2011).

In Canada it is common practice to use benthic invertebrates to assess
and monitor aquatic ecosystem health, particularly through benthic community
surveys to evaluate the potential impacts from effluents on fish habitat
(Environment Canada, 2010, 2012). This usually takes the form of a benthic
community survey as part of an environmental effects monitoring program. This
current approach has several drawbacks, including: difficulty accounting for high
spatial variance in abundance due to patchy distribution, it requires a
considerable amount of analytical time and taxonomic expertise, and it can be
costly (Hanson and Lagadic, 2005). These drawbacks support the development
of rapid and cost-effective methodologies for assessing effects on invertebrate
communities in the field. We propose the implementation of an enzymatic
approach to assess the status of invertebrate communities and ecosystem health
in lotic and lentic systems. This approach is based on the measurement of free
chitobiase, an invertebrate molting enzyme, which is released into the water
column (Hanson and Lagadic 2005; Oosterhuis et al 2000; Richards et al 2008).
Chitobiase has been found to be predictive of secondary production for marine
and freshwater zooplankton (Avila et al 2012, Oosterhuis et al 2000; Sastri and
Dower 2009; Sastri and Roff 2000; Vrba and Machacek 1994). Further rationale
for the application of the chitobiase assay in a monitoring context is discussed in

this thesis.



To investigate this topic, we conducted two studies to determine the
suitability of chitobiase in a monitoring context: 1) a mesocosm study at the
Prairie Wetland Research Facility (PWRF), at the university of Manitoba,
monitoring chitobiase activity in mesocosm tanks exposed to environmentally
relevant concentrations of the antibiotic sulfamethoxazole (SMX) and diluted
bitumen (dilbit) and; 2) a field study in the Elk River Watershed, British Columbia,
an area of British Columbia with coal mining activity, to determine if a positive
measurable relationship exists between chitobiase activity and invertebrate

biomass in a lotic freshwater system.

1.1 Environmental Effects Monitoring

An essential component in regulating the impacts of industry on the
ecosystems is through the implementation of environmental monitoring
programs. Since the 1960’s it has been used in various countries to monitor the
impacts of petroleum extraction and mining (Artiola et al. 2004). Environmental
monitoring can be defined as the methodical sampling of air, biota, water, and
soil to observe and understand the environment (Artiola et al. 2004). Monitoring
is conducted for numerous purposes, including but not limited to the
establishment of environmental baselines, trends, and cumulative effects; to
inform policy design and decision-making, inform the public about environmental
conditions; to assess the effects of anthropogenic influences; and to ensure
compliance with environmental regulations (Mitchell 2002). In North America

prior to the late 1960’s, large amounts of waste by-products from industrial and



agricultural activities were released into the environment without any regulatory
consequence (Artiola et al. 2004). Formalized monitoring was introduced in
Canada through the Pulp and Paper Effluent Regulations (PPER) under the
Fisheries Act in 1971 as a government-directed, industry funded program
(Curran et al. 2006). Currently, environmental monitoring has become more
critical as the human population continues to rise resulting in ever-increasing
strains on the environment.

There are three types of environmental monitoring: compliance,
surveillance, and effects monitoring (USEPA 2017). Compliance monitoring
involves the quantification of industrial impacts on the environment ensuring that
applicable permit conditions, orders, laws, regulations, and settlement
agreements are obeyed. Surveillance monitoring enforces those compliances set
forth on industry through a regulator by performing monitoring and surveillance
activities. Finally, environmental effects monitoring (EEM), is an effects-based
approach used to identify, quantify, and compare predicted environmental
impacts of a proposed industrial project to those observed after the project has
been developed (Curran et al. 2006).

EEM was introduced in Canada in 1992 as part of the Pulp and Paper
Effluent Regulations (PPER) set forth by the federal government (Borgmann et
al. 2010) to act as a condition governing authority to deposit effluent and to
evaluate potential effects of effluents on aquatic environments. In 1996
Environment Canada introduced the Metal Mining Effluent Regulations (MMER)

to assess the aquatic effects of metal mining (Environment Canada, 2012). Both



the PPER and MMER are in conformance to the Fisheries Act, where the
deposition of deleterious substances in water frequented by fish is prohibited
through the pollution prevention provision (Section 36) of the Fisheries Act,
unless authorized by regulations (Environment Canada 2010). Regulations are
currently being developed and expanded for the monitoring of municipal
wastewater (CCME 2009). In essence these programs are a series of stages
framed into cycle, typically three or four-year sequences of monitoring and
interpretation, in which knowledge from previous cycles is incorporated into

subsequent cycles of the program (Environment Canada 2010).

1.1.1 Environmental Effects Monitoring Structure

Technical guidance documents created by the Government of Canada
provide a detailed outline of how to perform an EEM program for the regulated
industries (i.e., pulp and paper and metal mining). The prescribed study design
frameworks and sampling methodologies set forth by the guidance documents
ensure that a level of consistency for the approach is achieved across Canada.
The guidance varies between the MMER and PPER but both contain sections
regarding study design; site characterization and general quality assurance and
quality control; effects on fish and fisheries resources; effects on fish habitat:
benthic invertebrate community survey; effluent characterization and water
guality monitoring; sub-lethal toxicity testing; data assessment and interpretation;
alternative monitoring methods; public involvement in respective industry effects
monitoring; and investigation of cause. MMER contains additional sections on

sediment monitoring and report on historical information.



Prior to collection of physical samples in the environment, an EEM
program is initiated by creating a study design, characterizing the baseline
condition of the site, and making sure that proper general quality assurance and
guality control measures are in place. To assess and investigate possible effects
and attributing cause from effluent discharges, chemical/toxicological analysis
and biological monitoring studies are conducted. Regulatory requirements set
forth for the pulp and paper and metal mining industries include conducting
biological monitoring studies in aquatic environments that are receiving effluent
to determine if it is having an effect on fish, fish habitat or the use of fisheries
resources; effluent characterization studies (MMER only); water quality studies;
and sub-lethal toxicity testing of effluent. Upon completion of these studies, an
interpretive report is prepared to summarize the study results, conduct applicable
spatial analysis, specify any “identified” effects, and make recommendations for
subsequent EEM programs. Due to the extensiveness of the technical guidance
documents and the focus of this study, only the section pertaining to biological
monitoring, and specifically benthic community surveys, will be covered in detail

below, as these organisms are a focus of the thesis.

1.1.2 Biological Monitoring Studies

As a requirement of EEM, biological monitoring studies must be
conducted for the purposes of determining if effluent is having an effect on fish,
fish habitat, or the use of fisheries resources (Environment Canada 2010). More
specifically, three components comprise the biological monitoring study: 1)

studying fish populations to assess effects on fish health; 2) a benthic



invertebrate community study to assess fish habitat and fish food; and 3) a fish
tissue study (for contaminant concentrations) looking at the human usability of
fishery resources. An effects-based approach allows for the evaluation of a
specific set of biological indicators (e.g., fish condition, benthic invertebrate taxon
density and richness) through the comparisons of exposure and reference areas
or along an effluent concentration gradient. Exposure areas are waters and fish
habitat frequented by fish that are subject to effluent deposition meaning
significant fish are exposed. Reference areas are waters and fish habitat that are
as similar as possible in physical characteristics to that of the exposure area with
no exposure to effluent. For the fish population survey and benthic invertebrate
community survey, data is collected on specific effect indicators and endpoints.
The specific effect indicators for the fish population include growth (energy use),
reproduction (energy use), condition (energy storage), and survival. The
respective effect endpoints for the fish population survey include size-at-age
(body weight relative to age), relative gonad size (gonad size to body weight),
condition (body weight to length) along with relative liver size (liver weight to
body weight, and age (Environment Canada 2012). The specific effect indicators
for the benthic invertebrate community survey include total benthic invertebrate
density, evenness index, taxa richness, and similarity index. The respective
effect endpoints for the benthic invertebrate community survey include number of
animals per unit area, Simpson’s evenness, number of taxa, and Bray-Curtis
index (Environment Canada 2012). An effect is defined as a “statistical difference

between data collected in an exposure area and in a reference area or sampling



areas within an exposure area where there are gradually decreasing effluent
concentrations at increasing distances from the effluent discharge” (Environment
Canada 2012).

Based on regulatory guidelines, biological monitoring studies are
conducted in three or six-year cycles and the requirements for each study are
dependent upon the results from the previous cycle. The approach is tiered,
such that the results from one phase of the program will determine the study
design for biological monitoring during the next phase. The intensiveness of the
monitoring prescribed for the next phase is dependent upon the presence of an
effect. Furthermore, if effects are present, biological monitoring studies are
conducted for the purpose of: 1) describing the magnitude and geographic extent
of effects, 2) determining the cause of effects, and 3) identifying possible
solutions to eliminate the effects. Hypothetically, if no effects are observed during
the biological monitoring study, the individuals conducting the study can continue
the monitoring program as initially implemented in accordance with the governing
regulatory requirements. Conversely, if a biological monitoring study is conducted
and effects are observed, the individuals conducting that study will have to
review the data and implement a new study design for the next phase in order to
further understand the impacts of the stressor. New implementations to the
monitoring program could include determining the concentrations of the stressor
present in the ecosystem, extending the range of the study to determine the

extents of the impacts/effects of the stressor, amongst other possibilities.



1.2 Benthic Invertebrates and their Use in Environmental Effects Monitoring

1.2.1 Benthic Invertebrates

Freshwater benthic invertebrate species represent a rich fauna, which
have evolved from many phyla over millions of years (Covich et al. 1999). New
forms are continuously being discovered and many species still remain
undescribed, both taxonomically and ecologically (Palmer, 1997). Benthic
invertebrates perform a number of major functions in freshwater food webs..
First, benthic invertebrates are essential in aiding the acceleration of detrital
decomposition through burrowing, shredding, and feeding. A main energy source
for benthic species is dead organic matter and it is estimated that 20 — 73% of
riparian leaf-litter is processed by benthic invertebrates (van de Bund et al. 1994;
Wallace and Webster 1996; Covich 1988; Hutchinson, 1993). Hieber and
Gessner (2002) conducted a field study looking at the contribution of stream
detritivores, fungi, and bacteria to leaf breakdown based on biomass estimates in
a third-order reach of the Steina, a soft water stream located in the southern
Black Forest, Germany. They deployed 140 leaf packs containing alder (Alnus
glutinosa) and willow (Salix fragilis) into a third-order stream for eight weeks; five
random leaf packs were removed after 1, 3, 7, 14, 28, and 55 days of
submersion. After 28 days <50% of leaf dry mass remained and after 55 days
92% of alder and 74% of willow dry mass was lost. Maximum density of
colonized macroinvertebrates occurred within the leaf packs after 28 days with
an average of 708 (alder) and 422 (willow) animals per pack, which corresponds

to a biomass of 348 (alder) and 209 (willow) mg/pack. Based on literature, Hieber



and Gessner (2002) stated that macroinvertebrates typically consume between
10% and 80% of their body mass per day, which allowed them to determine that
invertebrate feeding would account for leaf mass loss of 30% and 24% by day
28, and 64% and 51% by day 55 for alder and willow, respectively.

Second, through feeding activities, excretion, and burrowing into
sediments, benthic invertebrates release nutrients, such as nitrogen, into the
system. The release and subsequent availability of these nutrients in the water
allows for uptake by algae, angiosperms, bacteria and fungi, in turn accelerating
microbial and plant growth (Pelegri and Blackburn, 1996; Wallace, Eggert,
Meyer, and Webster, 1997). Such activity was observed by Pelegri and
Blackburn (1996) who conducted a laboratory study monitoring nitrogen cycling
in lake sediments from Slaen Lake in Denmark, a mesotrophic lake undergoing
non-anthropogenically mediated anoxic periods, that were bioturbated by
Chironomus plumosus larvae under differing degrees of oxygenation. C.
plumosus colonies were incubated in lake water with sediment cores while being
saturated with 100% and 39% O2 and dosed with 40.9 uM °NO3. Fluxes of NH4*
and NOs plus NO2~ were measured every second day in order to determine
when a steady state was reached. They found that the animal contribution to Oz
and NHj fluxes were not significantly (p > 0.1) affected by the oxygen
concentration in the water. An increase of 5.8-fold in NH} was observed in
cultures colonized by C. plumosus compared to that of control microcosms. It
was also noted that animals enhanced Oz and NO3 uptake by sediment and

increased nitrification rates were observed relative to non-inhabited microcosms.
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Third, through predation, benthic invertebrates have the ability to control
the abundance, location, and size of their prey (Crowl and Covich 1990, 1994).
Field and laboratory studies were carried out by Crowl and Covich (1994)
monitoring the response of Atya lanipes, a freshwater scraper/filterer shrimp, to
Macrobrachium carcinus, a large predatory shrimp. The field study was
conducted in a 1st-order tributary of the Quebrada Sonadora, a 4"-order stream
within the Espiritu Santo drainage basin of the Luquillo Experimental Forest,
northeastern Puerto Rico. During the field study they found that when M.
carcinus were added to natural stream pools containing A. lanipes, A. lanipes
emigrated significantly more in pools containing M, carcinus than from control
pools (F = 30.6, p = 0.0101). On average, control pools increased by 9 A.
lanipes/m? and pools with M. carcinus decreased by 13 A. lanipes/m?. The
shrimp used in the laboratory study were collected from the same water body as
in which the field study was conducted. Similar results were seen in the
laboratory study where M. carcinus were added to artificial streams containing A.
lanipes; significantly more A. lanipes emigrated from pools stocked with M.
carcinus than control pools (F = 52.7, p = 0.0001). They also noted that when A.
lanipes was in the presence of M. carcinus, they spent significantly more time in
crevices to avoid predation.

Finally, benthic invertebrates act as a significant food source for higher
trophic levels such as fishes, reptiles, and birds (Covich et al., 1999). Fish
populations within an aquatic system have a structural effect on benthic

invertebrate communities (e.g., assemblage structure and density) due to
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predation (Dahl and Greenberg 1998; Pierce and Hinrichs 1997; Power 1990).
Williams et al. (2003) conducted a study in which they looked at the effects of fish
predation on macroinvertebrates in a second-order stream in the Ouachita
National Forest, Arkansas, USA. They observed that fish predation had a strong
effect on macroinvertebrates, where the presence of fish caused decrease in
macroinvertebrate abundance. When fish were removed from individual stream
pools it led to a large and significant increase in the density of
macroinvertebrates (repeated measures ANOVA, treatment x time; F = 5.02, df =
4, p =0.01). They noted that taxa richness was not affected by the presence of
fish; fish had an effect on the overall abundance of individual taxa without altering
the absolute number of taxa. Additionally, a study was conducted by Culp et al.
(1991) monitoring the avoidance response of the larvae of Paraleptophlebia
heteronea (mayfly species) to Rhinichthys cataractae (longnose dace) at night in
Jumpingpound Creek, a 4"-order stream located in the foothill's of the Rocky
Mountains approximately 30 km west of Calgary, Alberta. During their field
observations, they observed two general responses of P. heteronea in response
to R. cataractae: 1) movement into the drift; a 30-fold increase in drift rates was
observed in laboratory streams compared to controls without fish. Active entry of
larvae into the drift likely acts as a mechanism that decreases the rick of capture
to bottom-feeding fish, such as R. cataractae. (Beers and Culp, 1990), 2) Retreat
into interstitial crevices; approximately 60% of the P. heteronea larvae
maintained exposed positions in the substrate in the control streams throughout

a 24 h period and distributions in the fish and control streams were initially the
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same. However, after 15 minutes of foraging by R. cataractae, less than 20% of
the P. heteronea larvae occupied exposed positions in the fish treatment
streams.

Abundance and community structure of benthic invertebrates are also
shaped by their aquatic habitats, particularly so for riverine areas where riverbed
topography and spatial patterns of flow affect the transport and retention of
materials such as leaves and sticks (Kobayashi et al. 2013; Wallace et al. 1996).
Two major topographic features that make up gravel-bed rivers are riffles and
pools, which alternate between shallow areas with fast flow and deep areas with
slow flow (Leopold et al. 1964; Kani, 1988). Riffles tend to support more biomass
and production of benthic invertebrates than pools due to increased availability of
oxygen and food (Logan and Brooker 1983; Grubaugh et al. 1997; Hart and
Finelli 1999; Nishimure et al. 2001). However, greater channel velocities are
normally associated with increased shear stress that can impede settlement
(Brooks, Haeusler, Reinfelds, and Williams, 2005; Morales, Weber, Mynett, and
Newton, 2006). Not only are spatial and temporal distributions of benthic
invertebrates influenced by current velocity and types of substrata but also by
their preferences for particular ranges of temperature and pH (Covich et al.,
1999).

Individual diversity of benthic invertebrate species is important; each
species is adapted to function under variable conditions, with different species
varying in importance to particular ecological processes (Covich et al., 1999).

Due to their diversity and ecological roles, benthos influence major processes in
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freshwater ecosystems. A shift in the distribution and abundance of a single
species within a system can result in unexpected and disproportionate responses
by other species in an attempt to compensate for the altered ecosystem services
(Frost et al. 1995; Naeem 1998). Liess et al. (2013) carried out a field study
where they monitored the impact of land use intensity on benthic invertebrate
species richness. They monitored 41 stream sites in Hesse, Germany to
encompass effects from land use such as native forests to high-intensity dairy
farming, looking at increased nutrient load and increased fine sediment load.
They determined that invertebrate taxon richness was negatively affected by land
use intensity — land use intensity explained between 13% of the variation in
overall invertebrate taxon richness and 20% of the variation in predator taxon
richness. They also noted that predator taxon richness increased with grazer
taxon richness — the possibility of a causal relationship existing between grazer
and predator, where predator numbers increase when prey is more abundant
and available. A more diverse predatory community could favor diversified prey
strategies and higher prey species richness or vice versa, where a more diverse
prey community could favor coexistence of multiple predator species. Loss of
species can result in the alteration or degradation of key ecosystems processes
due to irreplaceability, although exact consequences of the loss of each species
cannot be predicted. Species richness and functional importance of benthic
invertebrates often goes unnoticed until unexpected changes occur in an

ecosystem (Covich et al., 1999)
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1.2.2 Benthic Invertebrate Communities in Environmental Effects Monitoring

The abundance of benthic invertebrates and their wide range of tolerance
to different stressors lend them to be a useful tool in identifying environmental
impacts that may affect local fish habitat and furthermore fish communities
(Brown 2001; Smith et al. 2011). Invertebrates are abundant medium-sized
organisms that generally have growth rates and population turnover times that lie
midway between those of microorganisms and higher trophic levels, such as
plants and animals. They also have effective active and passive dispersal
mechanisms that can allow for wide dispersal and rapid recolonization of
disturbed habitats (Hodkinson et al. 2002). This allows for benthic invertebrates
to serve as effective bioindicators because of their level of responsiveness to
changing environmental conditions.

Benthic invertebrates have been utilized as bioindicators for a range of
chemical changes occurring within aquatic environments. Common chemical
parameters include pH, concentrations of single contaminants such as heavy
metal pollutants like cadmium, or excess amounts of nutrients, particularly
nitrogen and phosphorous (Broderson and Andersen 2002). A direct relationship
can be established between the performance of a bioindicator species and the
concentration of a chemical stressor present in the environment. For example,
Saraiva et al. (2017) performed a study looking at toxicity of the neonicotinoid
pesticide thiamethoxam (TMX) through the use of survival tests (mortality) on
Chironomus riparius, a standard test species. TMX was observed to be highly

toxic to C. riparius at field-realistic concentrations (4, 6.5, 10.5, and 18 ug/L),
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where field measured concentrations have been detected up to 225 ug/L in
freshwater systems close to agricultural development (Anderson et al. 2013).
Chronic exposure to low concentrations of TMX (18 pg/L for 10 days) resulted in
survival of 35.5% and a significant reduction in C. riparius larvae growth (Faz34 =
20.02, p < 0.001) . At the end of 28 days of exposure, the emergence rate in the
control treatment reached 77.5% while the emergence rate in the 10.5 pg/L and
18 pg/L resulted in emergence rates of 12.5 % and 0%, respectively. Therefore,
this study shows the direct relationship established between TMX and its toxicity
to the standard test species C. riparius, demonstrating the usefulness of aquatic
insects as bioindicators.

Benthic invertebrates are commonly used in EEM programs to assess
possible impacts of effluents on fish habitat (Brown 2001; Hughes et al. 2012;
Smith et al. 2011). The objectives of a benthic invertebrate community survey are
to determine the magnitude and geographic extent of fish habitat degradation
due to organic enrichment or other contamination. The main goal is to determine
if there are structural differences (e.g., population sizes, distribution, and
abundances) in invertebrate communities in the vicinity of effluent discharge
relative to that of reference communities. Biological monitoring studies require a
survey if the concentration of effluent in the exposure area is greater than 1% in
the area located within 100 meters of an effluent discharge point (Environment
Canada, 2010). Collection of benthic invertebrates occurs to determine if there
are changes in the effects indicators between exposure and reference areas, or

along an effluent concentration gradient. Effect indicators include: total benthic
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invertebrate density, evenness index, taxa richness and similarity index. Effect
endpoints include: numbers of animals per unit area, Simpson’s evenness,
number of taxa, and Bray-Curtis index (Environment Canada, 2010, 2012). In
order to identify if any ‘effects’ are present on the indicators, the data are
assessed to determine if statistical differences exist between exposure and
reference areas. As mentioned previously, biological monitoring studies are
repeated in subsequent three to six-year cycles to confirm that observed effects
are not a one-time occurrence. If the same effect on the benthic invertebrate
community reoccurs in consecutive cycles, the effect is considered confirmed.
Benthic invertebrates are directly related to local fish populations as a food
supply, which allows for the assessment of habitat indirectly (Government of
Canada 1985). Several studies have been performed that display strong
evidence supporting the relationship between macroinvertebrate and fish
community compositions. For example, Zimmer et al. (2001) performed a study
comparing the size distribution of aquatic invertebrates in two prairie wetlands,
‘Rollag’ and ‘Sagebraten’, located on U.S. Fish and Wildlife Service Waterfowl
Production Areas in west-central Minnesota, with one supporting a population of
fathead minnows and the other being fishless. They observed reduced biomass
in all size classes of invertebrates in the wetland containing fish. Diet analysis of
the fathead minnows collected during the study (n=240) showed that a variety of
aquatic invertebrates were consumed, and that invertebrates accounted for 83%

of the diet (by weight) of the fish.
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In a similar study performed by Gilliam et al. (1989), they looked at the
relationship between fish and benthic macroinvertebrate populations in a warm-
water, second-order stream in Albany County, New York. They found that a
direct relationship existed between fish and invertebrates abundances, where
reductions in total invertebrate volume of 79% to 90% occurred in the presence
of juvenile Creek Chub (Semotilus atromaculatus) relative to fishless treatments.
Their main conclusion was that fish can alter the abundance and size structure of
the major invertebrate taxa in the streams. Gilliam et al. (1989) also stated that
the recolonization of depleted areas with benthic invertebrates tended to
counteract patterns of fish patchiness.

Several things need to be considered when sampling for benthic
invertebrates. These include quantitative sampling equipment, mesh size, and
the type of habitat in which the organisms reside. The use of quantitative
sampling equipment allows for the sampling of a known area or volume of
habitat, which allows for comparisons between sampling events or sample
locations. Sampling equipment should be non-selective and chosen based on its
suitability for habitat class (e.g., depositional or erosional). Samplers that collect
benthic communities from the bottom sediments are recommended unless it is
not possible due to physical constraints. For PPER and MMER EEM programs,
aquatic benthic invertebrates are usually identified to the family-level. This is felt
to provide sufficient taxonomic resolution to detect community responses to
anthropogenic disturbances (Bowman and Bailey 1997; Warwick 1998a; Warwick

1988D).
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1.2.3 Disadvantages of the Benthic Invertebrate Community Survey

There are several weaknesses with the current approach to the benthic
invertebrate community survey. First, benthic invertebrates are generally patchy
in spatial distribution and therefore require many samples in order to get an
accurate estimation of community (Malmqvist, 2002). There is a large temporal
variance of many populations resulting in highly variable abundance
measurements; the organisms present in spring are likely not to be found in late
summer. For example, a field-based investigation was conducted by Reid et al.
(1995) to evaluate the temporal variation of benthic invertebrates within three
south-central Ontario lakes during ice-off season. They determined that temporal
variation was relatively minor among samples collected on the same day (2%
temporal variation) but that samples collected over an increased period of time,
as little as once per week for a 3-week period, resulted in an increase in
variability (6.5% temporal variation). Furthermore, samples collected over a 6-
week period showed that temporal variance averaged 26% temporal variation.
Additionally, the presence of multiple microhabitats within streams and rivers
(e.g., riffles and pools) can influence and support different benthic communities
lending to variability in spatial distribution (Hanson and Lagadic, 2005;
Malmaqvist, 2002). For example, some species are predominantly found in riffle
areas of lotic systems on the coarse substratum, which are favourable sites for
the growth of algae’s and mosses. Meanwhile, other species are found

predominantly in pool areas of lotic systems, which tend to have weaker currents,
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gentler gradients, and finer substratum particles, allowing for benthos that
maintain a burrowing lifestyle (Malmqvist, 2002).

The frequency (3 to 6 years depending on previous monitoring results) in
which biological monitoring is carried may be inadequate to capture the majority
of potential impacts on benthic invertebrate communities subject to effluent
discharge (Environment Canada, 2010; Hanson and Lagadic, 2005). The normal
approach results in an impact being detected and reported well after the event
has occurred. Due to this, the possible result is observing no strong link between
cause and effect, especially if effluents fluctuate in composition. Montz et al.
(2010) conducted a study looking to evaluate response and recovery of benthic
invertebrate communities exposed to copper at sample sites along the Pelican
Brook, the Little Pine River, and the Nokasippi River in Crow Wing County,
Minnesota, USA. They reported that for streams exposed to copper (between 0.6
and 0.8 mg/L), major changes in the invertebrate community were seen. Nearly
two thirds of pre-treatment taxa were lost; mayflies were eliminated post-
treatment, the diversity of caddisflies was substantially reduced, and community
composition was overwhelmingly dominated by more tolerant taxa such as
Diptera. Recovery of the benthic community was monitored and began to occur
within a year after treatment. Within two years post-treatment, taxa numbers
were similar to that of pre-treatment numbers. Thus, demonstrating the potential
to miss an event that has a significant impact on the benthic invertebrate
community due to recovery in a timeframe that is less than the frequency in

which mandated biological monitoring is carried out. Ideally, continuous
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monitoring would be carried out to capture significant impacts, but this is not
realistic. To capture these events with a realistic sampling period, | would
recommend that samples be collected pre- and post-effluent release events, if
possible. If not possible, | would suggest that sampling be carried out several
times from spring melt to fall/winter freeze-up, depending on the geography and
climate of the area of interest.

Another drawback to the current benthic community survey is that collection
techniques used to collect samples of benthic invertebrates can be destructive to
their habitat (e.qg., kicknet, hess sampling — both disrupt the bottom of the water
body), as well as the sacrifice of organisms for samples. According to the
Canadian Aquatic Biomonitoring Network (CABIN), kicknet samples are
performed by placing the net downstream of the sampler and while walking, the
substrate is kicked and disturbed to a depth of 5 to 10 cm for a period of three
minutes. During this process the microhabitats in which benthic invertebrates
reside are heavily disturbed or altogether destroyed. All collected benthic
invertebrates are then preserved with 95% ethanol, killing the organisms, which
are processed at a later date (CABIN).

Finally, a considerable amount of time, taxonomic expertise, and financial
resources are required during sample analysis to sort and identify benthic
invertebrates to the desired taxonomic level (Chapman, 1999). Benthic
invertebrate community surveys involve quantitative sampling using multiple
replicates. After the samples have been collected they are sent back to the lab

where they are sorted, invertebrates are identified to the required level and
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enumerated, and if necessary, the invertebrates need to be processed for
weighing to determine biomass. The effort involved requires that a time lag of six
months usually exists before biomass numbers are quantified and can prove to
be a large expense, which is typically $350.00 per sample at a commercial

laboratory (Dr. Michael White and Dr. Shari Weech, personal communication).

1.3 Application of Chitobiase in Environment Effects Monitoring

Chitobiase is one of two chitinolytic enzymes released during invertebrate
molting, the other being chitinase (Muzzarelli 1977). During the intermediate
stages of invertebrate molting, chitobiase is produced and secreted from the
epidermis into the molting fluid that is found between the epidermis and the
endocuticle. During the shedding of the invertebrates exoskeleton chitobiase is
not re-adsorbed by the organism and released into the surrounding aquatic
environment (Spindler 1976). Additional details regarding chitobiase is presented
in section 1.4 of this thesis. The potential of chitobiase activity as a metric in EEM
is a result of the relationship between benthic invertebrate biomass and liberated
chitobiase and the ability to detect liberated chitobiase in the field (Oosterhuis et
al. 2000; Sastri and Roff 2000; Sastri and Dower 2009). The production of
chitobiase by invertebrates in aquatic ecosystems is a reflection of multiple
factors such as number of organisms present, the growth or development rate of
the organisms, and the size of the organisms that are actively molting. A simple
fluorescence assay can be used to detect released chitobiase in aquatic

ecosystems (Oosterhuis et al. 2000; Sastri and Roff 2000). The fluorescence
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assay used to detect chitobiase consists of collecting a water sample from the
aquatic system of interest and filtering it to remove any bacteria or organic
matter. The sample is then incubated in the dark with a substrate which is
cleaved by chitobiase. During the incubation, chitobiase cleaves the substrate
and the cleaved portion of the substrate is that of which is detected during the
fluorescence assay. After incubation, the reaction between chitobiase in the
water samples and the substrate is stopped and analyzed using a
spectrofluorometer. The amount of substrate that is cleaved is representative of
the amount of chitobiase present in the sample, i.e., the more chitobiase in the
sample, the more substrate that is cleaved, which results in a higher
fluorescence detection and vice-versa. A detailed description of how the
chitobiase assay is performed is included later in this thesis in chapter 2 section
2.3.7.

The assay is rapid, where sample collection, preparation, incubation and
analysis can all be performed within a day, depending on the sample location
and the quantity of samples taken. The assay is also cost effective as it does not
require the use of someone with a high level of taxonomic expertise and due to
its rapid analysis, it takes significantly less time compared to traditional benthic
invertebrate biomass estimate techniques. Therefore, measurement of chitobiase
within the water column presents a technique that could be used to assess
invertebrate biomass in aquatic ecosystems.

Several studies have been performed demonstrating the positive

relationship between measured chitobiase activity and aquatic invertebrate
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biomass. For example, Sastri and Roff (2000) performed a laboratory-based
study where they looked at the rate of chitobiase degradation as a measure of
development rate of the community in three freshwater cladoceran species;
Ceriodaphnia spp., Daphnia pulex, and Daphnia magna. Using single-species
samples and mixed-species samples under laboratory conditions they were able
to show that chitobiase activity is a function of body size (r? = 0.82, p < 0.0001).
The relationship between body size and chitobiase activity released into the
medium after molting could be described by a single mass-specific regression.
They were also able to demonstrate that the rate of decay of chitobiase in the
medium can be used as a measure of the average rate of development of the
invertebrate community in the laboratory cultures. Similarly, Oosterhuis et al.
(2000) looked at the relationship between chitobiase activity and the marine
copepod Temora longicornis. Under laboratory conditions, biomass was
regressed on the daily release of chitobiase and a significant positive relationship
was observed, which was very similar to the relationship between increase in
body weight and the release of chitobiase from T. longicornis. They stated that
absolute free chitobiase activity cannot provide a general simple index for
secondary production without the additional knowledge of the turnover rate
(degradation) of chitobiase. Vrba and Machacek (1994) performed a study that
looked at the release of chitobiase during crustacean molting. The experiment
utilized Daphnia pulicaria under laboratory conditions where D. pulicaria were
observed under a microscope and those expected to molt were measured (body

length) and chitobiase activity was measured immediately after molting. They
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found that the individual amount of chitobiase was proportional to the body size
resulting in a strong correlation between total apparent chitobiase activity vs.
body length (r? = 0.94, n = 20, P< 0.001)

In terms of field studies, Sastri and Dower (2009) carried out a study in the
Strait of Georgia, British Columbia, Canada looking at the relationship between
the turnover rate of chitobiase and biomass production rate. They found a
consistent relationship (r? = 0.949, p < 0.001) between chitobiase and individual
dry weight for three morphologically different groups, copepods, decapod larvae
and mysids. Similarly, a field study conducted by Avila et al. (2012) looked at the
validity of the chitobiase assay to estimate zooplankton secondary production in
the Patos Lagoon estuary in Rio Grande, southern Brazil. They reported findings
similar to that of Sastri and Dower (2009), where the activity of chitobiase
released into the water during the molting process found for the copepod A.
tonsa, showed similar patterns to that reported for copepoda, mysidacea and
decapoda. As well, they noted a similar relationship between chitobiase and
copepod body length.

Based on the findings of the previously mentioned studies, it can be
concluded that the use of chitobiase to estimate secondary production could be a
valid and reliable measure for monitoring. The rate of degradation of chitobiase
within an system represents the turnover rate of chitobiase produced by
developing arthropods (Sastri and Dower 2006). This assumes a steady-state
has been reached, where the amount of chitobiase being produced is equal to

the amount being removed or utilized by other factors such as photodegradation,
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consumption and absorption via bacteria, dilution into the water column, etc.
This rate can be used as a measure of the average rate of development of the
arthropod community. Ambient chitobiase activity gives you a direct indication
that molting is occurring and that arthropods are present, but it cannot provide a
general simple index for secondary production without knowledge of the rate of
degradation (Oosterhuis et al. 2000). Therefore, it is necessary to determine the
rate of chitobiase degradation within an ecosystem to estimate secondary
production. The rate constant of chitobiase degradation can be determined by
graphing In(C/Co)vs. time, where C is chitobiase activity at time i and Co is the
chitobiase activity at time 0. The slope of the resultant trend line is the rate
constant for degradation of the chitobiase. Assuming that the system from which
the sample was taken from is in equilibrium, the chitobiase rate constant for
production is equal to the inverse of the rate of degradation.

The implementation of the chitobiase assay in an environmental monitoring
context could be a useful additional metric when looking at benthic community
status. The assay is straightforward, rapid, and efficient and could prove to be a
suitable measure for detecting the impacts of stressors on benthic communities.
Please see Chapter 2 Section 2.3.7 for additional details regarding the chitobiase
assay. This is true specifically in terms of abundance, as the abundance or
biomass of benthic invertebrates may be correlated to chitobiase activity within a
system (Hanson and Lagadic, 2005). Community species composition or
diversity cannot be estimated by way of this assay, as well, it cannot identify the

stressor or impact present in the system. Therefore, the use of chitobiase is more
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of a functional measure than a structural one as all invertebrates are
incorporated into a single measure. The use of the chitobiase assay to assess
benthic arthropod communities in the field would help eliminate some of the
previously mentioned deficiencies of traditional benthic invertebrate monitoring.
Increased frequency of chitobiase sampling could also occur to develop a
historical record of the activity for a specific area where changes in arthropod
communities could be monitored, such as in EEM programs for pulp and paper

mills and/or metal mining.

1.4 Chitin and Chitinolytic Enzymes

Chitin is fundamentally important for physiological functions in prokaryotes
and eukaryotes, including invertebrates, fungi, and diatom algae (Cohen, 2010).
It is one of the most abundant extracellular polysaccharides in terms of biomass
second only to cellulose and possibly lignin (Cohen, 1993). The annual
production of chitin by marine zooplankton, invertebrates, and terrestrial
arthropods is estimated to be 101° tons (Gooday, 1990a). Chitin is the main
constituent of arthropod exoskeletons and fungal cell walls and contributes to the
rigidity and mechanical strength of these structures (Avila et al., 2011; Cohen,
2010). These properties are essential for external support, but restrict growth and
development due to limits in shape and size, which is overcome through
enzymatic hydrolysis carried out through the use of chitinases and -N-acetyl-

glucosaminidases (chitobiases) (Kramer and Koga, 1986).

Chitin hydrolysis (degradation) entails the breakage of -1,4-glycosidic
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bonds via digestive enzymes and the complete degradation results in the
generation of GIcNAc monomers (Cohen, 2010). Arthropods grow and develop
through a series of successive molting events or ecdysis (Roff, et al. 1994).
During ecdysis, two chitinolytic enzymes are produced and secreted from the
epidermis into the molting fluid that is found between the epidermis and the
endocuticle. The first chitinolytic enzymes are chitinases, family 18 glycosyl
hydrolases, which contain a basic structure that includes a catalytic region, a
cysteine-rich region and a PEST (proline, glutamic acid, serine and threonine rich
peptide sequence)-like region (Kramer and Muthukrishnan, 1997). Chitinases are
activated after the release of ecdysterone and begin to hydrolyze the chitin
oligomers into dimers and terminal oligomers (Kimura, 1973; Marcu and Locke,
1998). The second chitinolytic enzymes are chitobiases, family 20 glycosyl
hydrolases, which are released into the molting fluid prior to the activation of
chitinases. Chitobiases are activated after the creation of the smaller chitin
dimers and oligomers by chitinases, which are hydrolyzed into monomers
(Muzzarelli, 1977). The newly created monomers are then re-adsorbed into the
new cuticle and can be used in the formation of new chitin microfibribrils. During
ecdysis, chitinases and chitobiases are not reabsorbed by the arthropod and are

released into the aquatic environment (Spindler, 1976).

1.4.1 Sources of Chitobiase and Chitinolytic Enzymes in Aquatic Systems
Chitinolytic enzymes are native to many living organisms including
bacteria, protists, fungi, invertebrates, fishes, and mammals (Espie and Roff,

1995b; Gutowska, Drazen, and Robison, 2004; Overdijk, Van Steijn, and Odds,
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1996; D. C. Smith, Steward, Long, and Azam, 1995). Although many organisms
produce chitobiase, not all organisms release chitobiase into the surrounding

media and contribute significantly to detectable amounts in aquatic ecosystems.

1.4.2 Invertebrates

During the growth and development of invertebrates, a series of
successive molts occur in which the exoskeleton is shed and replaced with a new
one (Roff et al., 1994). All invertebrates experience periodic molting of their
exoskeleton, which is required for growth and development. Molting initially
involves apolysis, the separation of the cuticle from the epidermis, where an
increase in several enzymes and hormones occurs and is collectively referred to
as the molting fluid (Stevenson, 2019; Skinner 1985). Such enzymes found in the
molting fluid include chitinases and chitobiase, along with the molting hormone
ecdysone. The initiation of apolysis is triggered by the hormone ecdysone, which
results in an increase in concentration of both chitinolytic enzymes (Jeuniaux
1963; Muzzarelli, 1977; Spindler, 1987). During ecdysis, the molting fluid is not
reabsorbed by the invertebrate and is liberated into the aquatic environment
(Merzendorfer and Zimoch, 2003). Chitobiase activity in aquatic ecosystems due
to invertebrates is a reflection of several factors including the number of
organisms present, the size of the organisms and the growth or rate of
development of the organisms that are actively molting (Hanson and Lagadic,
2005). Therefore, as mentioned before and observed in studies by Vrba and
Machacek (1994), Oosterhuis et al. (2000), Sastri and Roff (2000), Sastri and

Dower (2009), and Avila et al. (2012), the concentration of chitobiase liberated
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into the aquatic environment via aquatic arthropods is relative to the biomass of
the organisms releasing it. In lotic systems, benthic invertebrates are likely to be
the largest contributor of chitobiase because they are typically the most abundant

aquatic macroinvertebrates present (Allan 1995; Wallace and Webster 1996).

1.4.3 Bacteria

Extracellular glycohydrolases, such as chitobiase, have been recognized
to fulfill an essential role in the microbial utilization of both dissolved organic
carbon (DOC - oligomers, polymers, colloids) and particulate organic carbon
(POC) in aquatic environments (Hoppe 1983, 1991; Hoppe et al. 1988; Chrost et
al. 1989; Chrost 1989, 1990, 1991; Munster 1991; Munster and De Haan 1998).
Because of this essential role, bacteria are a major source of particle-bound
chitobiase in freshwater (Vrba et al., 2004). DOC and POC are sources of
nutrients for bacteria with their main constituent being chitin (up to 90%) and are
broken down via bound chitobiase (Misic and Fabiano 2005; Nedoma et al.
1994). A relationship exists between DOC and chitobiase activity due to
increased presence of bacteria utilizing DOC; greater DOC concentrations
results in increased chitobiase activity (Findlay et al. 1997). Extracellular
chitobiase can be produced and released by bacteria and fungi, which can
contribute to the total chitobiase activity that is present in a freshwater ecosystem

(Vrba et al. 2004).

1.4.4 Fish
Chitinolytic enzymes, including chitobiase, are endogenous to many living

organisms such as fish. As with other organisms that produce chitobiase, it is
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used to degrade polymers of chitin and its activity varies greatly between fish
species (Fange et al. 1979; Lindsay et al. 1984). Chitinous arthropods are a
primary food source for fish in freshwater ecosystems and therefore chitin
degradation is critical in the digestive processes (Muzzarelli, 1977). Chitinolytic
enzymes are primarily associated with the stomach but are also present in the
digestive tract (Lindsay et al. 1984). Not only do chitinolytic enzymes act as
digestive enzymes to disrupt chitinous exoskeletons allowing for access to
nutrient-rich inner tissues, they also have the added potential to result in
additional energy gain from a meal through the breakdown of chitin into single
units of N-acetyl-glucosamine (NAG) (Fange et al. 1979; Jeuniaux 1993). In a
study performed by (Gutowska et al. (2004), chitobiase activity was found in the
stomach tissue, stomach contents, intestinal tissue and intestinal contents of 13
species of marine fishes. Chitobiase activity was at its greatest in the stomach
tissue, followed by stomach contents, intestinal tissue and finally intestinal
contents. Due to the fact that chitobiase activity was greater in tissue samples
and progressively decreased during the digestive process, it is logical to assume
that an insignificant amount of chitobiase would be released into the aquatic
environment by fish, particularly compared to that of the amount released by

arthropods.

1.4.5 Diatoms, Fungi and Protists
The cell walls of fungi are comprised of 22 to 44% chitin (Muzzarelli 1977;
Muzzarelli et al. 1994). Chitinolytic enzymes produced by fungi perform different

functions such as cell division, sporulation, spore germination, branching and
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parasitism (Adams 2004; De Marco et al. 2000; Karlssandon Stenlid 2008). The
degradation of chitin in filamentous fungi and yeasts is crucial to maintaining
standard hyphal growth and is necessary for hyphal branching (Cohen, 2010). In
yeast cells, the hydrolysis of chitin facilitates spore germination and release, as
well as budding and septum formation (Gooday 1990b). Fungal chitinases also
play a major role in ecosystems via the degradation and cycling of carbon and
nitrogen from chitin (Kellner and Vandenbol 2010). Vrba et al. (2004) performed
a study looking at the relationship between extracellular glycolytic enzymes, such
as chitobiase, and bacteria. During their study they observed alternate organisms
such as diatoms that contribute to extracellular glycolytic enzymes and that
diatom biomass was tightly correlated with glycolytic enzymes. Additionally, Vrba
et al. (1996) observed correlation between protistan biomass and chitobiase

activity.

1.5 Factors Influencing Chitobiase in the Environment

The chemical and physical properties of an aquatic ecosystem can affect
the stability and presence of released chitobiase in the water column. Therefore,
the measurement and detection of chitobiase activity within an aquatic system
can be influenced by these properties. When looking to utilize and compare
chitobiase activity between aquatic systems, extensive background knowledge
on the chemical and physical properties need to be established. It should be
noted that it is standard practice as part of the EEM framework to measure the

chemical and physical properties of the systems being monitored. These
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properties must be similar between sites in order to be able to compare

chitobiase activity.

1.5.1 Temperature

The effect of temperature on chitobiase activity varies between organisms
and species. Measures of maximum chitobiase activity for different species
occurs over a range of temperatures; from 30-35°C for Acartia tonsa (marine
copepod) to 75°C for the fungi Talaromyces emersonii (thermophilic fungus)
(Avila et al. 2011; O’Connel et al. 2008). Differences in temperatures for
maximum chitobiase activity is likely to be explained by the environmental
temperature conditions in which the organism resides (Avila, et al. 2011). The
temperatures found in natural systems are not likely to directly affect chitobiase
after its release, however, these temperatures influence growth rates and
emergence of insects (Butler, 1984). Generally, increased growth rates among
invertebrates are observed at warmer temperatures and decreased growth rates
at lower temperatures. The effect temperature has on invertebrate growth rate is
directly linked to the amount of chitobiase being released into the aquatic
environment, where increased growth rate results in greater chitobiase activity
and vice versa (growth is the product of development = molt). In a laboratory-
based study performed by Espie and Roff (1995), they noted that the relationship
between chitobiase activity and duration of the molt cycle, as modulated by
temperature, was significant (r> = 0.77) but nonlinear when observing cultures of
D. magna grown between 6-25°C; as water temperature decreased, a decrease

in chitobiase production occurred.
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1.5.2 pH

The pH range in which chitobiase maintains enzymatic activity is between
3.2t0 11 (LeCleiret al. 2007; Zielkowski and Spindler 1978). Optimal pH for
chitobiase activity is varied between species, Avila et al. (2011) reported an
optimal pH range between 4.0 — 7.7 for the chitobiase activity of the copepod
Acartia tonsa. Meanwhile, Espie and Roff (1995) reported an optimal pH range
for chitobiase activity in Daphnia magna to be between 5.0 — 5.5. As with most
enzymes, when pH values are outside their optimum range the reaction slows
down. If the pH is too low or too high it can damage the active sites, essentially
changing the shape and substrates will no longer fit thus halting the reaction and

not allow for the monitoring/detection of chitobiase.

1.5.3 Discharge and Current

Even mixing of chitobiase within a lotic system should occur fairly rapidly
after release due to the dynamics of advection and dispersion, particularly in
regards to narrower and shallower systems. The full distribution of chitobiase
within the vertical profile of a stream or river should occur after a distance of
approximately 12 times the channel depth (Fischer et al. 1979; Hanson and
Lagadic 2005). However, due to variability in stream and river discharge,
inconsistent discharge can contribute to a difference in chitobiase activity in the
same volume of water. In order to avoid inconsistencies of chitobiase activity,
standardization of chitobiase activity needs to be performed based on discharge,

by multiplying the measured chitobiase activity by stream discharge (Mackenzie,
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2016). Standardization needs to be performed prior to making comparisons

between sites.

1.5.4 Chemicals

Numerous chemicals have inhibitory effects on molting enzymes including
chitobiase activity. Polybrominated diphenyl ethers (PBDES) are a class of
chemical compounds included in plastics, electrical equipment, and textiles due
to their flame retardant properties (Alaee, Arias, Sjodin, and Bergman, 2003).
PDBEs are persistent in the environment and have the potential to
bioaccumulate in aquatic biota such as fish, bivalves and amphipods (La Guardia
et al. 2006; de Wit et al. 2010; Tomy et al. 2004; Gustafsson et al. 1999; Tlili et
al. 2012) and have been banned in Europe since 2004 (Coquery et al. 2005).
Gismondi and Thomé (2014) performed a study in which they found that
chitobiase activity was inhibited in female gammarids exposed to the PBDE
2,2',4,4’ 5-penta-bromodiphenyl ether (BDE-99) for 48 h at any concentration and
that chitobiase activity was inhibited in male gammarids exposed for 48 h at 0.1
Ma/L.

Other chemicals such as fungicides and insecticides also have inhibitory
effects on chitobiase. For example, TNG-chitotriomycin, an anti-fungal and
insecticidal agent is responsible for inhibiting chitobiase activity in both fungi and
insects but not in plants or animals (Yang et al. 2009). Another pesticide,
bromacetic acid, is used in soils in the growing of tomatoes and strawberries as a
fungicide, insecticide, and herbicide. (Xie et al. 2007) found that at a

concentration of 17.05 + 0.65 mM, bromacetic acid inhibits 50% of chitobiase
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activity. Other chemicals such as hydrogen peroxide, formaldehyde, and dioxane
also have inhibitory effects on the enzyme chitobiase and have been well studied

( Xie et al. 2004, Xie et al. 2006).

1.6 Mesocosm Studies

Freshwater aquatic mesocosm ponds are artificial ecosystems
constructed to study the effects and ecological fates of contaminants and
pollutants. Mesocosms are designed to mimic the natural environment but are
not a perfect surrogate due to lacking aguatic ecosystem components such as
fish communities, certain macrophyte communities, and differences in
limnological zones (Williams et al. 2003). They are considered to act as a
compromise or an intermediate between laboratory-based testing and full-scale
field assessments (Caquet et al. 1996). The use of mesocosms, such as those
used in our study, allow for more realistic testing due to interactions that occur
within a complex environment compared to that of a laboratory-based study
(Solomon, 1996; Van den Brink et al. 2005). Studies that emulate field studies
may also provide more realistic exposure scenarios than studies performed in the
lab, where compounds will behave as they would in the environment (Liber et al.
1993). Additionally, multiple mesocosm units within a study allow replication and
the application of a concentration gradient (Graney et al. 1995).

There are several benefits to using a mesocosm study for the investigation
of chitobiase activity and production in relationship to aquatic invertebrate
biomass. Multiple species of aquatic invertebrates can live and survive in a

mesocosm system compared to the selectivity that needs to be followed in a
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laboratory setting. Culturing all of the invertebrates in a laboratory that can be
present in a mesocosm setting would be time consuming and could potentially be
very difficult, due to the presence of numerous species. The variation in
invertebrates present within the semi-field setting can account for the variation in
released chitobiase, where different species release different amounts of
chitobiase at different rates during their molting process (Espie and Roff 1995a,;
Sastri and Roff 2000; Avila et al. 2011). Another advantage is that chitobiase
activity and production can be monitored over time, which is more difficult and
time consuming to do in the field due to preparation time, accessibility, etc.. This
can allow for the compilation of data to develop baseline estimates and historical

records.

1.7 Compounds of Interest

1.7.1 Sulfamethoxazole

Sulfonamide antibiotics are one of the oldest classes of antimicrobial
agents among administered antibiotic classes (Gmurek et al. 2015). A derivative
of the sulfonamide antibiotic class is sulfamethoxazole (SMX), chemical name 4-
amino-N-(5-methylisoxazol-3-yl)-benzenesulfonamide, a synthetic bacteriostatic
antimicrobial/antibiotic used in medicine to prevent and treat infections and is
also used in feed additives to promote growth of livestock (Gong and Chu 2016;
Thiele-Bruhn 2003). SMX is designed to target specific metabolic pathways,
more specifically to inhibit bacterial synthesis of dihydrofolic acid by competing

with para-aminobenzoic acid (PABA) for binding to dihydropteroate synthetase
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(dihydrofolate synthetase) (Garcia-Galan et al. 2008; Schauss et al. 2009). The
inhibition of dihydrofolic acid synthesis results in the decrease in synthesis of
bacterial nucleotides and DNA, thus acting bacteriostatic in nature. By inhibiting
the biosynthetic pathway of folate (a molecule essential to all living organisms),
SMX will not only affect bacteria but can also have unknown adverse effects on
non-target organisms such as algae, plants, invertebrates, and fish (Garcia-
Galan et al. 2008; Kim et al. 2007; Schauss et al. 2009). Numerous studies have
demonstrated poor and slow biodegradation of SMX resulting in low removal
efficiencies during conventional biological processes (Garcia-Galan et al. 2008;
Ingerslev and Halling-Sorensen 2000; Larcher and Yargeau 2011; Perez et al.
2005). Additionally, the presence of SMX in the environment could result in the
development, transfer, and promotion of environmental bacterial antibiotic
resistance (Gullberg et al. 2011).

SMX is one of the most widely prescribed sulfonamide drugs and has
been frequently detected in surface and drinking waters as well as in effluents
from wastewater treatment plants (Bahnmuller et al. 2014; Biatk-Bielinska et al.
2011; Garcia-Galan et al. 2008; Gao et al. 2014; Hu et al. 2007; Kim et al. 2007).
Recent studies have shown that SMX is omnipresent is the environment with a
frequency of detection of up to 73% (Mompelat et al. 2009; Nodler et al. 2011;
Rodayan et al. 2010; Watkinson et al. 2008). Approximately 15-25% of ingested
SMX is not metabolized by humans and animals and is subsequently excreted
through urine into the receiving environment (Akhtar et al. 2011; Clara et al.

2005; Paxeus 2004; Rodayan et al. 2010) In a study performed by (Kolpin et al.
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(2004) looking at the presence of pharmaceuticals in wastewater samples
collected from 139 stream sites across the United States found the maximum
detected concentration of SMX to be 1.9 pg/L. Additionally, in a study performed
by Watkinson et al. (2009) looking at the occurrence of antibiotics in the
watersheds of South-East Queensland, Australia, found maximum SMX
environmental concentrations to be 2.0 pg/L.

In a study performed by Ferrari et al. (2003), an acute toxicity test of SMX
was performed using Daphnia magna and Ceriodaphnia dubia looking at the
median effective concentration (EC50) resulting in mortality. For both organisms,
the reported EC50 was >100,000 pg/L. A chronic toxicity test was also carried
out during the same study looking at the no observed effect concentration
(NOEC) of SMX on the reproduction of C. dubia. Ferrari et al. (2003) observed
the NOEC of SMX on C. dubia reproduction to be 250 pg/L. Both SMX
concentrations for the EC50 and the NOEC for daphnia species are well above
the detected maximal environmental concentrations of SMX in the
aforementioned studies, which tend to be around 2.0 pg/L. Based on the
available literature, environmentally relevant concentrations of SMX should not
have a negative effect on aquatic zooplankton or invertebrate species, therefore
directly effecting the production of chitobiase. Although little to no effect of SMX

on aquatic invertebrates, including the production of chitobiase, is expected..

1.7.2 Diluted Bitumen
Bitumen is a highly-weathered oil that is extracted from naturally occurring

oil sands deposits (Meyer et al. 2007). Diluted bitumen (dilbit), also referred to as
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crude oil, is derived from bitumen, which is a highly viscous form of petroleum
produced via extraction from surficial mining of oil sands. Dilbit is primarily
composed of hydrocarbons, including aromatics, resins, saturates, and
asphaltenes (King, Mason, Thamer, and Wohlgeschaffen, 2017). Dilbit is also
made up of low molecular weight (LMW) saturates and mono- and di-aromatics
that are derived from oil-gas condensates (Alsaadi et al. 2018). Aromatics
present in dilbit include polycyclic aromatic compounds (PACs) and polycyclic
aromatic hydrocarbons (PAHs) (Adams et al. 2014). Typically, diluent (i.e.,
natural gas condensate, synthetic crude, or a mixture of both) is added to
bitumen to achieve a ratio of 30 to 70% diluent to bitumen, resulting in a
decrease in viscosity to allow for easier transport via pipeline (Alderman et al.
2016; National Academies Press 2016).

The Oil Sands region of Alberta, Canada is one of the largest oil reserves
in the world and is estimated to contain up to 50 billion cubic meters of bitumen
(Dupuis and Ucan-Marin 2015; Environment Canada, Fisheries and Oceans
Canada, Natural Resources Canada 2013; National Energy Board 2006). The
extraction of bitumen has grown exponentially to over 300 million litres per day
and most of the product is transported as dilbit via an extensive pipeline network
across North America (Alderman et al. 2016; Dupuis and Ucan-Marin 2015). With
the increased production and transportation of dilbit via pipeline across North
America comes an associated increase in risk of spills or leaks into aquatic
environments. Several incidents in North America regarding the accidental

release of oil products into the environment have occurred, including the 2010
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spill of 3.2 million litres of dilbit into the Talmadge Creek and the Kalamazoo
River near Michigan, USA, via pipeline rupture (Crosby et al. 2013). In Canada, a
more recent spill released approximately 225,000 L of dilbit into the North
Saskatchewan River via pipeline rupture (Government of Saskatchewan 2016).
Although spills are infrequent, leaks or spills of dilbit into the aquatic environment
can be a major source of concern.

The effects of conventional oils on aquatic ecosystems and species is well
studied, including the major constituents of dilbit, but little information is available
on the effects of dilbit spills on freshwater ecosystems prior to 2015 (National
Research Council 2005; Dupuis and Ucan-Marin 2015; Lee et al. 2015; Madison
et al. 2015). Dilbit contains a greater amount of carbon than hydrogen, lower
amounts of LMW compounds, and increased amounts of resins and asphaltenes
compared to conventional oils resulting in increased adhesiveness and
generates more persistent residues (Lee et al. 2015; National Academies of
Sciences, Engineering, and Medicine 2016). Therefore, the fate and behavior of
spilled dilbit differs than that of conventional oils when it is released into an
aquatic environment (Tsaprailis and Zhou 2014). Since dilbit has a lower density
than water, it will float and has the potential to contaminate shorelines and
aquatic birds and mammals. The rapid evaporation of diluents present in dilbit
can result in increased density facilitating its movement into the water column as
droplets, the result of which is that the droplets will subsequently adsorb to
particulates and thus presents the potential to contaminate sediments

(Engineering and Medicine National Academies of Sciences 2015). The
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constituents of oil commonly associated with oil toxicity are LMW aliphatics,
aromatics, and larger three- to six-ringed PAHs (Adams et al. 2014).

To date, the majority of studies performed on oil toxicity address effects to
fish and fish embryos (Robidoux et al. 2018). Robidoux et al. 2018 performed two
different laboratory-based studies investigating the toxicological effects of dilbit
on aquatic freshwater organisms. One study looked at the acute and chronic
effects of unweathered, weathered, and dispersed weathered Access Western
Blend (AWB) dilbit on fathead minnows (Pimephales promelas). The second
study looked at the acute and chronic effects of weathered and unweathered
Cold Lake Blend (CLB) dilbit on Daphnia (Daphnia magna), Ceriodaphnia
(Ceriodaphnia dubia), and rainbow trout (Oncorhyncus mykiss). The results of
the first study showed that acute (96 h) and chronic (7 days) tests using Fathead
minnows exposed to weathered AWB (LCs0=2.06g/L and 1.31 g/L, respectively)
is less toxic compared to the unweathered AWB (LCs0=0.628g/L and 0.593 g/L,
respectively). The use of dispersant SPCioo0 (1:10) with the weathered AWB
significantly increased mortality (LCs0=0.023 g/L and 0.020 g/L, respectively)
compared to the unweathered and weathered AWB. The dispersant SPCioo0o0
showed 100% lethality at its concentration use (100 mg/L). The results of the
second study showed that unweathered CLB demonstrated significant toxicity to
rainbow trout (LCs0=5.66 g/L). Rainbow trout exposed to 0.32-10 g/L of CLB
displayed signs of distress after 10 minutes of exposure and generally died after
24 hours. No mortality was observed in rainbow trout exposed to weathered CLB,

even when the initial load concentration was increased to 18 g/L. Daphnia
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exposed to 10g/L of CLB showed no mortality while Daphnia exposed to 32 g/L
of CLB showed toxicity (LCs0>32g/L and mortality of 27%). No mortality was
observed in Ceriodaphnia exposed to weathered CLB however, lethal toxicity

(LCs0=6.43 g/L) was observed when exposed to CLB.

1.8 Hypothesis

It is hypothesized that chitobiase activity and rate of production will have a
positive relationship with aquatic invertebrate biomass when evaluated in a
mesocosm-based study. Additionally, it is hypothesized that chitobiase activity
and production will have a positive relationship with aquatic benthic invertebrate
biomass in a field-based study looking at freshwater lotic systems. If these
hypotheses are correct, it will support the use of chitobiase as a metric in an

environmental monitoring context.

1.9 Research Objectives

Current benthic invertebrate sampling practices employed in North
American EEM programs requires a great deal of time and considerable
taxonomic expertise and may miss significant impacts on these communities. To
address, in part, these concerns, we propose to examine the utility of chitobiase
to serve as a metric to complement current EEM programs and help address
some of the above noted issues. No studies have been performed looking at the

relationship between chitobiase activity and production in regards to aquatic
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invertebrate biomass in freshwater lotic systems. Four research objectives were

developed with these considerations in mind:

1)

2)

3)

4)

Investigate and evaluate the relationship, if any, between the rate of
production of chitobiase and zooplankton and emergent insect biomass
under aquatic mesocosm conditions during the summer months at the
Prairie Wetland Research Facility at the University of Manitoba.
Investigate and evaluate the impacts of SMX, if any, on ambient
chitobiase, the rate of chitobiase production, and emergent insect and
zooplankton biomass under aquatic mesocosm conditions during the
summer months at the Prairie Wetland Research Facility at the University
of Manitoba.

Investigate and evaluate the impacts of dilbit, if any, on ambient
chitobiase, the rate of chitobiase production, and emergent insect and
zooplankton biomass under aquatic mesocosm conditions during the
summer months at the Prairie Wetland Research Facility at the University
of Manitoba.

Investigate and evaluate the relationship, if any, between the rate of
production of chitobiase and benthic arthropod biomass in freshwater lotic
systems, specifically during the Fall of 2015 in the Elk Valley Region of

British Columbia, Canada.
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